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ABSTRACT
The rapid expansion and scale of development associated with the Athabasca oil sands
industry has generated concerns regarding potential contamination of the surrounding watershed
from industry-derived contaminants. While research to date has demonstrated pathways of
exposure through atmospheric deposition and reclamation of oil sands process water, our
understanding of how fish in the Athabasca watershed are impacted by these activities are not as
well understood. The objective of this dissertation was to determine whether population
performance of fishes in the Athabasca watershed have the potential to be impacted by oil sands
development. This was assessed by evaluating the impacts of a proposed tailings reclamation
strategy (i.e., the creation of end pit lakes) on fish population performance, and by evaluating the
current performance of fish in the Athabasca River. White Sucker were selected as the model
organism for this work based on their regional availability, spawning period, size, and role as a
sentinel species in effects-based monitoring programs. Population performance was evaluated
using effects-based indicators of growth, energy storage and reproductive performance in adult
fish, as well as survival and rates of deformity in early life stages. Effects were then interpreted
in relation to biochemical and chemical indicators of contaminant exposure. Potential estrogenic
and androgenic effects were evaluated using a recombinant yeast assay.
White Sucker in the Athabasca watershed exhibit effects consistent with metabolic
disruption. Biochemical endpoints suggest exposure to atmospherically derived polycyclic
aromatic hydrocarbons may be a contributing factor to these effects. Naphthenic acids were
detected in the Athabasca watershed at concentrations below thresholds known to cause impacts
on growth or reproduction. Water samples collected from the watershed showed no evidence of
(anti-) estrogenic or (anti-) androgenic activity at ecologically relevant concentrations, and no
impacts on survival, or rates of deformity in early life stages of White Sucker exposed to this
material were evident.
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White Sucker exposed to aged tailings showed reductions in growth and gonad
development. Limited available energy, endocrine disruption and chronic stress likely
contributed to these effects. Aged tailings showed evidence of anti-estrogenic and antiandrogenic activity; whether these effects resulted from direct binding of the receptors or nongenomic interactions remains unclear. Early life stage exposures showed high instances of
developmental abnormalities consistent with blue-sac disease, suggesting effects were related to
oxidative stress. Although specific causative agents and mechanisms of action could not be
determined from the present study, the observed effects correlated with naphthenic acid
exposure.
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CHAPTER 1 - GENERAL INTRODUCTION

1

1.1 ATHABASCA OIL SANDS DEPOSIT
The Athabasca oil sands deposit is located in the Athabasca River watershed that
originates from the Athabasca Glacier in Jasper National Park, Alberta, and travels 1,231 km
before draining into Lake Athabasca in northern Alberta (Figure 1.1). After reaching Lake
Athabasca, the waters of the Athabasca River flow north as Rivière des Rochers before joining
the Peace River where it becomes the Slave River, draining into Great Slave Lake and flowing
north as the Mackenzie River, eventually draining into the Arctic Ocean.
The Athabasca watershed includes 94 rivers and 153 lakes, with a drainage area of
approximately 138,000 km2 [1]. Mean annual discharge of the Athabasca River is estimated at
21 million m³ [1]. As the Athabasca River is unregulated, daily mean discharge varies
throughout the year, with mean flows ranging from 200 m3/s in January to 1500 m3/s in July [2].
There are several communities located along the Athabasca River, including 14 aboriginal
settlements, 22 municipalities, 12 towns, and the city of Fort McMurray.
The Athabasca oil sands deposit lies under 141,000 km2 of boreal forest centered on the
city of Fort McMurray (Figure 1.2). It is the largest known deposit of bitumen (semi-solid
petroleum) in the world, containing approximately 1.78 trillion barrels of oil. Approximately
10% of this resource is economically recoverable, making it the third largest proven oil reserve
in the world encompassing over 170 billion barrels of oil. This nonconventional source of oil is
contained within the McMurray formation, a geological stratum approximately 60 m thick
comprised of fine grained quartzitic bituminous sand and sandstone. Shallow portions of the
deposit are suitable for surface mining and are continuously eroded by river systems in the area
(Figure 1.3), resulting in the natural deposition of bitumen and related contaminants into the
Athabasca watershed [3, 4].
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Figure 1.1: The Athabasca River and major tributaries flowing north from its origin in Jasper
National Park before draining into Athabasca Lake. Image obtained from the Regional Aquatic
Monitoring Program website and created by Hatfield Consultants [1].
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Figure 1.2: Location of oil sands deposits in northern Alberta, Canada. Original image created
by Norman Einstein.

4

Figure 1.3: Simplified geology of the Athabasca River basin in the Fort McMurray area showing
shallow regions of the McMurray formation. Image adapted from Conly et al. [5].
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1.2 ATHABASCA OIL SANDS DEVELOPMENT
The Athabasca oil sands deposit first came to the attention of European explorers in 1717;
however, the economic potential was not realized until 1908 [6]. The first commercial
development of the Athabasca oil sands began in 1924 with the construction of the Bitumount
extraction plant 90 km north of Fort McMurray. The Bitumount plant produced unrefined
bitumen primarily used in roofing, paving, and construction until the plant closed in 1942 due to
issues with ownership and financial management. Despite this, the Bitumount plant provided
evidence of the financial viability of the Athabasca oil sands, leading the way for modern
development. This began in 1953, with the formation of the Great Canadian Oil Sands
Consortium, which became Suncor in 1979. Construction of the Great Canadian Oil Sands plant
began in 1964, and began oil production in 1967 at 32,000 barrels/day. This was followed with
the formation of Syncrude Consortium in 1964, with the construction of the Mildred Lake plant
beginning in 1973, which began oil production in 1979 at 109,000 barrels/day [6].
Development of the Athabasca oil sands deposit expanded rapidly over the next 30 years,
reaching a production rate of 2.3 million barrels of oil a day as of 2014 and is expected to reach
3.5 million barrels a day by 2020 [7]. Surface mining currently accounts for approximately 53%
of oil sands production [7]. Surface mined oil sands are transported from the mine to the
extraction plant where variations on the Clarke hot water extraction process are employed
combining oil sand, heated water (79 to 93°C) and caustic soda (NaOH) to separate bitumen and
sediment [8]. Approximately 85% of the water used in this extraction is provided by recycled
process water while the remainder is obtained from the Athabasca River at an average rate of 3.1
barrels of water for each barrel of oil produced [9]. Based on 2013 production statistics, this can
be estimated at 3.8 million barrels of water a day or 600,797 m3 a day. During the extraction
process, this water becomes contaminated as compounds are leached from the bitumen. These
include naphthenic acids (NAs), polycyclic aromatic hydrocarbons (PAHs), major ions (sodium,
sulphate, bicarbonate, and chloride), and trace metals. The addition of sodium hydroxide during
6

bitumen extraction also increases the pH to 8.4 [9]. These fine tailings contain large quantities of
suspended solids such as sands, silts and clays, which make up an average of 45% fines by
weight [10]. After being discharged into a receiving body (i.e., tailings pond) fine tailings settle
into three principle layers. Large particulates such as sand settle along the bottom of the pond
forming sand banks. Above this, a layer of mature fine tailings (MFT) (i.e., condensed fine
tailings) is deposited consisting of water, silt, and clay approximately 30% fines by weight. The
upper layer is formed from aqueous tailings known as oil sands process-affected water (OSPW),
which receives pore water released during the consolidation of the underlying tailings layer
(Figure 1.4).

1.3 OIL SANDS PROCESS WATER
Oil sands process water is acutely toxic to aquatic life [e.g., 11, 12, 13] and regulated by
the Alberta government under a zero discharge policy restricting environmental release until the
material can be safely integrated into sustainable aquatic and terrestrial ecosystems [14]. To
date, effective large scale means of reclaiming OSPW remain under development and fine
tailings have subsequently been stockpiled over several decades of production. This has resulted
in the accumulation of over 976 million m3 of fine tailings as of 2013. To address the growing
tailings stockpile, the oil sands industry is currently exploring several reclamation options. These
include dewatering techniques that separate sediment from aqueous tailings permitting the dry
disposal of solids (e.g., atmospheric drying and centrifuge cake) and bioremediation strategies
that integrate MFT and OSPW into the structure of biological systems such as wetlands and endpit lakes [10]. Under current tailings management plans, end-pit lakes are expected to form the
basis for large scale OSPW reclamation.
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Figure 1.4: Stratification of fine tailings in an oil sands tailings pond. Layers of sand, mature fine
tailings (MFT), and oil sands process-affected water (OSPW) indicated. Arrows describe the
directional flow of pore water released from MFT as it condenses over time.
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1.3.1 End-pit lakes
Proposed end-pit lakes begin with a mined out pit (i.e., an end-pit), which is converted
into a tailings pond and receives fine tailings, MFT, and OSPW. Once the end-pit has been filled
to the desired capacity, tailings discharge ceases and the end-pit is capped with additional fresh
water or OSPW. The newly formed end-pit lake is then allowed to settle over a 10 to 15 year
period. During this time, an organic layer settles over the MFT, sequestering it within the
sediment and reducing the degree of interaction between the MFT and the OSPW, although pore
water continues to be released from the MFT. Some toxicants within the OSPW break down
through photo- and microbial degradation. Over time this material gradually declines in toxicity,
and is intended to form the basis of a lake ecosystem capable of supporting aquatic life such as
insects, fish, and waterfowl. Once the Government of Alberta classifies the material as
reclaimed, the intention is to open the system and discharge the material into the Athabasca
watershed [10, 15].
To evaluate end-pit lakes as a potential bioremediation strategy, Demonstration Pond was
constructed following this design in 1993. This site now represents a small scale end-pit lake (3
hectares, 70,000 m3) supporting phytoplankton, macrophyte, and macroinvertebrate
communities. However, research to date has determined the community structure at this site is
substantially different from reference areas in the region, exhibiting a relatively low species
richness and dominated by species more readily adapted to the systems’ unique water quality
[e.g., 16]. Fish exposures conducted at Demonstration Pond have demonstrated a substantial
reduction in acute lethality relative to active tailings ponds, correlating with reductions in low
molecular weight NAs. Although this material is no longer acutely toxic, sublethal effects
persist, including reproductive, immunological, and histopathological effects observed in
multiple species and affecting multiple organ systems [e.g., 13, 17, 18, 19]. Despite significant
reductions in toxicity, end-pit lakes may not be capable of supporting sustainable fish
populations and may not provide a suitable bioremediation strategy in their current form. Due to
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the complex nature of OSPW, the compound(s) responsible for these sublethal effects and the
underlying mechanism(s) of action remain unknown, presenting a significant barrier to
improving end-pit lake performance.
Oil sands process-affected water contains multiple potential toxicants to aquatic life,
including NAs, PAHs, dissolved ions, trace metals, and high pH. Research assessing the efficacy
of end-pit lakes in OSPW reclamation has described multiple impacts culminating from
exposure to these compounds affecting multiple organ systems in multiple species of fish. These
include immune suppression [20], reproductive impairment [18, 21], changes in growth and
development, alterations in gill morphology and hepatocellular degeneration [20, 22], as well as
a high rate of deformities among early life stages (ELS) [23, 24]. Due to the complex nature of
OSPW and limitations in previous study designs, it has not been possible to directly identify the
compound(s) responsible for these effects or their mechanism(s) of action. In many cases,
studies are intended to assess reclamation efficacy and as a consequence, exposures are
conducted either in situ or using whole OSPW and subsequent effects cannot be related directly
to specific compounds [e.g., 17, 21, 25].

1.3.2 Naphthenic acids
Naphthenic acids represent a complex and unspecific mixture of compounds derived from
the oxidation of naphtha, the lightest and most volatile fraction of hydrocarbons in petroleum.
Naphthenic acids are characterized by the presence of a carboxylic acid group, at least one
cyclopentyl or cyclohexyl group, a carbon back bone (Figure 1.5A), and follow the general
chemical formula CnH2n+zOx [26], where n is the number of carbon atoms, z is related to the
hydrogen deficiency or double bond equivalent and is zero or negative and even integer, and x is
the number of oxygen atoms and ranges from 2 to 5 [27, 28]. While classical NAs have two
oxygen atoms (i.e., x = 2), NAs have been shown to undergo hydroxylation during
biotransformation resulting in the production of oxy-NAs derived through the addition of one or
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more hydroxyl groups [29]. These compounds appear to have unique chemical properties from
their parent compounds and may contribute to the sublethal effects associated with NA exposure,
including the estrogenic effects reported in He et al. [25] and Yue et al. [30].
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B

Figure 1.5: Examples of a classical naphthenic acid structure (A) and tricyclic diamonid
naphthenic acids identified in OSPW (B) (Rowland et al. 2011).
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Naphthenic acids are transferred to OSPW during the bitumen extraction process. The pH
of the reaction (pH = 8) promotes the solubility of NAs in water (pKa ~5), concentrating them as
mixtures of sodium salts within the fine tailings [31]. The bioavailability and persistence of these
compounds are believed to be high as they are highly soluble, capable of permeating cell
membranes (< 1000 daltons) [32], and have extremely low volatility. Naphthenic acids are also
amphipathic compounds that have surfactant-like properties and will accumulate at
aqueous/nonaqueous interfaces, such as between water and exposed tissues.
Naphthenic acids are the primary toxicant responsible for the acute lethality of OSPW.
Due to the surfactant properties of NAs coupled with their structural similarities to fatty acids,
NAs have a high affinity for cell membranes. This is particularly detrimental to the gills of
aquatic organisms where these compounds concentrate, disrupt membrane structure, adversely
affect ion exchange, and in high concentrations, result in cell lysis and mortality of the organism
[28]. These acute effects are primarily associated with low molecular weight NAs (carbon
numbers ≤21), as their removal through microbial degradation eliminates acute toxicity in fishes
[33]; however, it remains unclear why these compounds are more toxic than their larger
counterparts.
While acute toxicity readily degrades as low molecular weight NAs break down over one
to 24 months, some high molecular weight NAs are persistent, resisting photo- and microbial
degradation and have been shown to correlate with sublethal effects in aquatic biota. The
recalcitrant nature of a significant portion of NAs appear to be related to a diamonid structure
(Figure 1.5B), formed as a result of bacterial degradation [34]. Due to complexity of OSWP and
difficulties in isolating NAs, sublethal effects to date cannot be directly attributed to NA
exposure. Attempts have been made to isolate effects directly related to NA exposure using
commercial standards [e.g., 23]; however, evidence indicates these compounds are structurally
distinct and may not be comparable [35]. Due to these limitations, the mechanisms of action
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responsible for these effects are not well understood. However, new extraction techniques open
up the potential for future exposures using OSPW derived NAs [36].
1.3.3 Polycyclic aromatic hydrocarbons
Polycyclic aromatic hydrocarbons (PAHs) represent a group of planar (two dimensional)
compounds composed of fused aromatic rings (Figure 1.6), which are derived from petrogenic
and pyrolytic sources. Petrogenic PAHs include naturally occurring compounds present in
hydrocarbons such as coal and oil, while pyrolytic PAHs include compounds produced as a
result of the combustion of organic matter. Within the Athabasca oil sands, petrogenically
derived PAHs such as naphthalene and phenanthrene are closely associated with bitumen and are
prevalent throughout the McMurray formation (Figure 1.6A, B), while pyrolytic PAHs such as
benzo[a]pyrene (Figure 1.6C) are derived primarily from the combustion of fossil fuels in the
region [37, 38]. As non-polar compounds, PAHs are naturally hydrophobic with a high affinity
for hydrocarbons.
Some PAHs are highly carcinogenic, teratogenic, and toxic to aquatic life; however,
toxicity varies with compound structure. The primary mode of toxicity occurs through activation
of the aryl hydrocarbon receptor (AhR) that activates the expression of genes for enzymes
involved in the biotransformation and elimination of organic toxicants. The AhR binds a wide
range of compounds including PAHs and dioxins. Once bound, the AhR induces the production
of metabolizing enzymes specific to ligand structure (e.g., CYP1A1, CYP1A2, CYP1B1) that
biotransform these compounds to facilitate elimination. Toxicity occurs when biotransformation
results in the production of toxic secondary metabolites (e.g., benzo[a]pyrene  benzo[a]pyrene
-7,8-dihydrodiol-9,10-epoxide), which can lead to the formation of PAH-DNA adducts.
During bitumen extraction, high water temperatures increase the water solubility of these
compounds [39]. While the majority of PAHs are extracted with the bitumen phase [40], a
portion of the PAHs are transferred to the surrounding OSPW. These PAHs were described by
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Figure 1.6: Representations of select polycyclic aromatic hydrocarbons including naphthalene
(A), phenanthrene (B), chrysene (C) and benzo[a]pyrene (D).
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Wayland et al. [41], and consisted primarily of C2-4 alkylated PAH analogues (C2 to C4 denotes
the number of alkyl group substitutions), and dibenzothiophenes (i.e., sulphur containing
heterocyclic aromatic hydrocarbons). Although alkylated PAHs and dibenzothiophenes occurred
at low concentrations in OSPW, their relative contribution to OSPW toxicity is unknown.

1.3.4 Dissolved ions
Oil sands process water contains elevated concentrations of several dissolved ions
including bicarbonate (429 mg/L), sodium (387 mg/L), chloride (104 mg/L), and sulphate (190
mg/L) [40]. Although the concentrations of these ions are within the physiological limits of
many fishes [42, 43], changes in the concentration or composition of ions in the environment can
increase energy requirements for maintaining ion balance. This effect increases substantially in
combination with toxicants impacting the permeability of the skin and gill epithelium, which
results in chronic stress affecting growth, reproduction, and immune activity [44].
1.3.5 Trace metals
Oil sands process-affected water contains several metals transferred from bitumen during
the extraction process. Of these, aluminum, arsenic, chromium, copper, iron, lead, nickel and
zinc exceed environmental guidelines in OSPW [9]. Fish are vulnerable to metal toxicity, as
metals are highly soluble in water and fish are continuously in direct contact with this medium.
Metal uptake occurs primarily across the gills (although uptake may also occur through the
gastrointestinal tract and olfactory epithelium), where high concentrations of metals can disrupt
ion and gas exchange, increase gill permeability, and cause structural damage before impacting
other organ systems such as the brain, liver, kidney and spleen [45]. Divalent metals (e.g., Cd2+,
Pb2+), are particularly toxic as they mimic Ca2+, allowing them to traverse the gill epithelium
through chloride cells and act as Ca2+ antagonists, inhibiting Ca2+ uptake and competitively
binding Ca2+ receptor sites required for ion transport and metabolism [45]. The toxicity of metals
vary with species, absorption and concentration, which are in turn affected by water quality
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parameters such as dissolved ions, pH, and water hardness. Metal concentrations within
Demonstration Pond were generally below levels where adverse effects would be expected [9].
1.3.6 pH
Due to the addition of sodium hydroxide during the bitumen extraction process, OSPW
has an initial pH ranging from 8.0 to 8.4. This increases over time, presumably through the loss
of carbon dioxide as bicarbonate and alkalinity increase, with Demonstration Pond reaching a
pH of 9.4 as of 2010 (~17 years) [40]. Optimal pH for fishes generally ranges between 6.5 and
9.0. In excess of pH 9.0, hypertrophy of mucus cells begins to occur as well as damage to the
gills, eyes and skin, nitrogen excretion is disrupted, and the toxicity of ammonia increases [46,
47]. Due to the high pH of OSPW, ammonia is of particular concern as it is toxic at low
concentrations, capable of denaturing proteins and causing cell death. Within the optimal pH
range, the majority of ammonia is converted to ammonium (pKa 9.25). However, as pH
increases, so does the concentration of ammonia. Based on water quality guidelines for water
bodies containing ELS of fish, ammonia concentrations should not exceed 0.30 mg/L at pH 9.0
[48]. Ammonia concentrations in OSPW vary dramatically and appear to be related to OSPW
recycling during bitumen extraction, ranging from 0.03 to 0.16 mg/L in the demonstration ponds
to 14 mg/L in Mildred Lake settling basin [9].
1.4 ENVIRONMENTAL CONCERNS
Athabasca oil sands operations are closely associated with the Athabasca watershed,
creating a number of environmental concerns with respect to the aquatic environment. This is
particularly true of open-pit mining operations that operate in shallow portions of the deposit
adjacent to the Athabasca River. Due to their proximity, the Athabasca River is susceptible to
contamination from industrial activity.
Oil sands developments have been shown to contribute metals and PAHs to the aquatic
environment through the release of contaminants into the atmosphere during energy production
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and coking activities that are introduced to the Athabasca watershed through atmospheric
deposition [37, 38, 49]. Oil sands process-affected water is often stored in close proximity to
natural water bodies [50, 51] and chemical components characteristic of OSPW have been
identified in groundwater samples adjacent to oil sands tailings impoundments [3], implying
seepage of OSPW into the surrounding groundwater. Although precise seepage rates are
unknown, numerical models from Ferguson et al. [50] and Hunter [52] estimated seepage rates
from the Tar Island Dyke on the Suncor Energy oil sands lease at up to 6.5 million liters per day,
while cumulative seepage from oil sands operations have been estimated at 11 million liters per
day [53].
The potential for exposure to oil sands-derived contaminants downstream of development
has led to concerns over human health impacts and controversy regarding the adequacy of the
Regional Aquatic Monitoring Program (RAMP) in detecting environmental impacts [54]. As a
consequence, the RAMP program ended in 2012 with the creation of the Joint Canada-Alberta
Implementation Plan for Oil Sands Monitoring (JOSM), which eventually led to the creation of
the Alberta Environment Monitoring, Evaluation and Reporting Agency (AEMERA) in April
2015.
The creation of end-pit lakes has also created concerns regarding their future impact on
water quality as large quantities of OSPW are integrated into the Athabasca watershed during
reclamation. These concerns have been exacerbated by insufficient research into the impact of
oil sands-derived contaminants on the aquatic environment [54].

1.5 SENTINEL SPECIES SELECTION
The fish community of the Athabasca River is relatively diverse, with 26 species
occurring within the Athabasca oil sands deposit [1] (Table 1.1). Several of these species,
including Fathead Minnow (Pimephales promelas), Slimy Sculpin (Cottus cognatus) and White
Sucker (Catostomus commersonii), are commonly used in environmental monitoring programs.
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White Sucker is a large bodied Cypriniform from the Catostomidae family characterised
by its cylindrical body shape and sub-terminal mouth [55]. Adults typically range in size from
300 to 500 mm, and 0.9 to 2.7 kg, living up to 18 years of age [56]. White Sucker are distributed
throughout the Canadian provinces, the southeastern portion of the Yukon, and below the
treeline in the Northwest Territories, as well as the central and eastern United States [55]. They
inhabit slow moving reaches of lakes, rivers and streams, feeding primarily on benthic
invertebrates, algae and plant matter in fine sediments [55]. White Sucker reach sexual maturity
between 3 and 4 years of age and spawn in the spring once water temperatures reach 10°C.
White Sucker typically undergo spawning migrations, traveling upstream into inlets and
tributaries to spawn over shallow riffles (i.e., less than 1 m) comprised of sand and gravel,
although lake spawning is also common [56].
The White Sucker was selected as a model organism for this work based on their regional
availability, spawning period, size, and role as a sentinel species in effects based monitoring
programs. White Sucker were readily captured in suitable numbers from the Athabasca River
and nearby waterbodies to support the sample size requirements of this research. They are also a
spring spawning fish, allowing for gamete collection following the spring freshet [57], which
was hypothesized to be of particular risk for ELS development of fishes as PAHs and metals
deposited in the snow pack over the winter months enter the watershed [37, 49]. As a large
bodied fish, White Sucker were also suitable for mark recapture studies documenting effects on
growth and provided sufficient quantities of blood and bile for biochemical analysis. The
response of White Sucker to chemical contaminants has also been previously documented in
both ELS [58, 59] and adults [e.g., 60, 61, 62].
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Table 1.1 Fish species inventory for the Athabasca River.
Common Name
Arctic Grayling
Bull Trout
Brook Stickleback
Burbot
Cisco
Emerald Shiner
Flathead Chub
Finescale Dace
Fathead Minnow
Goldeye
Lake Chub
Lake Whitefish
Longnose Dace
Longnose Sucker
Mountain Whitefish
Ninespine Stickleback
Northern Redbelly Dace
Northern Pike
Pearl Dace
Slimy Sculpin
Spoonhead Sculpin
Spottail Shiner
Trout-Perch
Walleye
White Sucker
Yellow Perch

Scientific Name
Thymallus arcticus
Salvelinus confluentus
Culaea inconstans
Lota lota
Coregonus artedi
Notropis atherinoides
Platygobio gracilis
Proximus neogaeus
Pimephales promelas
Hiodon alosoides
Couesius plumbeus
Coregonus clupeaformis
Rhinichthys cataractae
Catostomus catostomus
Prosopium williamsoni
Pungitius pungitius
Chrosomus eos
Esox lucius
Margariscus margarita
Cottus cognatus
Cottus ricei
Notropis hudsonius
Percopsis omiscomaycus
Sander vitreus
Catostomus commersonii
Perca flavescens
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1.6 OBJECTIVES
The objective of this dissertation was to determine whether exposure to oil sands-derived
contaminants has the potential to impact population performance of native fishes in the
Athabasca watershed. To address this objective, a series of experiments were designed to
evaluate the effects of oil sands-derived contaminants on native fish in the Athabasca River, as
well as identify potential impacts related to tailings reclamation. These experiments are
presented in the following chapters:


Chapter 2 – Sublethal effects of aged oil sands-affected water on White Sucker (Catostomus
commersonii)
In order to gain a better understanding of the potential impacts of integrating aged tailings

into the Athabasca watershed on fish population performance, a four-month in situ exposure was
conducted exposing White Sucker to aged tailings at the Syncrude Demonstration Pond. We
predicted that White Sucker exposed to aged tailings and unextracted oil sands material would
exhibit a toxicity response with impacts on both energy storage and utilization resulting from
exposure to oil sands-derived contaminants. White Sucker were transferred from a nearby
reservoir to two experimental ponds, one containing aged tailings and the other aged unextracted
oil sands material. After a four month period, contaminant exposure was evaluated based on
measurements of biological and chemical endpoints. Data were also collected from two
reference populations in the region to assess regional variation in these endpoints.


Chapter 3 – Populations impacts in White Sucker (Catostomus commersonii) exposed to oil
sands-derived contaminants in the Athabasca River
The impact of oil sands development on fish population performance in the Athabasca

watershed has received a great deal of attention in recent years; however, our scientific
understanding of how oil sands development may affect fish populations remains limited. We
predicted that fish populations exposed to oil sands-derived contaminants such as NAs and
PAHs would exhibit reduced performance relative to unexposed populations. To test this
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prediction, biological and chemical endpoints were measured in White Sucker collected
downstream of Athabasca oil sands developments and compared with those at Calling Lake, a
reference location upstream of the Athabasca oil sands deposit. Naphthenic acid concentrations
were also measured at 14 sites in the Athabasca River watershed.


Chapter 4 – Estrogenic and androgenic activity of aged oil sands-affected waters assessed
using a recombinant yeast assay
The objective of this study was to examine whether changes in gonad size previously

observed for fish exposed to oil sands-affected waters corresponded to disruption of sex steroid
pathways. We hypothesized that oil sands-derived contaminants may cause reproductive effects
through competitive binding of the estrogen and androgen receptors. To test this hypothesis,
water samples containing varying concentrations of oil sands-derived contaminants were
extracted using solid phase extraction and their (anti-) estrogenic and (anti-) androgenic
properties were evaluated using a recombinant yeast assay.


Chapter 5 – Toxicity of oil sands affected waters on early life stages of White Sucker
(Catostomus commersonii)
To determine whether oil sands affected waters had the potential to impact ELS

development in fishes, a series of bioassays were completed exposing eggs and larvae from
White Sucker to oil sands affected waters. We predicted that oil sands-derived contaminants
would impact growth and survival of ELS of White Sucker at ecologically relevant
concentrations. To test this prediction, fertilized eggs from White Sucker were exposed to water
samples collected from lakes, rivers, and ponds adjacent to the Athabasca oil sands deposit, as
well as water bodies containing aged tailings and unextracted oil sands material.
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CHAPTER 2 - SUBLETHAL EFFECTS OF
AGED OIL SANDS-AFFECTED WATER ON
WHITE SUCKER (CATOSTOMUS
COMMERSONII)

This chapter contains material previously published as:
Arens CJ, Hogan NS, Kavanagh RJ, Mercer AG, Van Der Kraak GJ, van den Heuvel MR. 2015.
Sublethal effects of aged oil sands-affected water on white sucker (Catostomus commersonii).
Environ. Toxicol. Chem., 34: 589-599.
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2.1 INTRODUCTION
The Athabasca oil sands deposit is the world’s third largest proven oil reserve, with over
170 billion barrels of oil. This resource has developed rapidly over the past decade producing 2.3
million barrels of oil per day as of 2014, and is expected to reach 3.5 million barrels per day by
2020 [63]. Due to the rapid expansion and scale of development associated with this industry,
there are concerns regarding potential contamination of aquatic systems by oil sands-affected
materials. Bitumen extraction over the past several decades has generated over 800 million m3 of
tailings and process-affected water [64] that are toxic to aquatic life [11, 24] and must eventually
be incorporated into a reclaimed landscape [14]. Mining activities may also increase the rate of
erosion of unmodified hydrocarbons and inorganic contaminants entering the Athabasca
watershed [40, 65].
Oil sands-affected waters contain varying concentrations of NAs, PAHs, and several ions
including sodium, sulphate, bicarbonate, and chloride resulting in high conductivity. The relative
concentrations of these compounds vary depending on the geographical origin of the material
and whether or not it is a by-product of the bitumen extraction process. Naphthenic acids are
believed to be primarily responsible for both the acute and sublethal toxicity observed in oil
sands process water [66], although PAHs, which occur predominately in alkylated forms [41,
67], may contribute more to this toxicity than previously recognized [68].
The oil sands industry is currently exploring reclamation options to address the growing
stockpile of tailings and process-affected water. These include dewatering techniques that
separate sediment from aqueous tailings to permit the dry disposal of solids (e.g., atmospheric
drying and centrifuge cake) as well as bioremediation strategies including end-pit lakes which
integrate tailings into the structure of biological systems and are expected to form the basis for
large scale wet reclamation strategies in the future [10, 15]. To evaluate end-pit lakes as a long
term bioremediation strategy, Demonstration Pond was constructed in 1993 using tailings
capped with fresh water. After 17 years at the time of sampling, this site represented a fully
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developed small scale end-pit lake (3 hectares, 70,000 m3) supporting phytoplankton,
macrophyte, and macroinvertebrate communities. However, the structure of macrophyte and
macroinvertebrate communities at this site have diverged significantly from reference sites in the
region (RL Gould, 2000, MSc Thesis, University of Waterloo) [16]. Fish exposed to this
material have shown sublethal effects to exposure. Yellow Perch (Perca flavescens) stocked at
Demonstration Pond exhibited significant reductions in male gonad size and androgenic steroids
[40]. Similar findings have also been observed in Goldfish (Carassius auratus) exposed under
similar conditions [18]. Histopathological changes were also observed in the gill and liver tissues
of these species [13, 20]. Unextracted oil sands material may also impact the aquatic
environment. Experiments conducted parallel to those described above observed
histopathological effects in the gills of Yellow Perch exposed to unextracted oil sands material,
as well as a greater prevalence of opportunistic diseases [20].
To date, our understanding of how oil sands-affected systems impact fish health has been
largely based on in situ experiments using pelagic fishes [18, 40, 69]. However, as the primary
toxicants of concern are largely non-polar with a greater affinity for the sediment than the water
column (e.g., PAHs) [41], these studies may underestimate the potential impact oil sands
materials have on benthic fish species through direct exposure to contaminants within the
sediment, consumption of contaminated invertebrates, and indirect effects on benthic habitat
quality.
We predicted that benthic fishes exposed to aged tailings and unextracted oil sand material
would exhibit impacts in both energy storage and utilization. To test this prediction, a four
month in situ exposure was conducted using a native benthic fish species, the White Sucker.
White Sucker were transferred from a nearby reservoir to two experimental ponds, one
containing aged tailings and the second aged unextracted oil sands material. After a four month
period, contaminant exposure was evaluated by examining cytochrome P4501A (CYP1A)
activity, bile metabolites, and metal burden, while reproductive and energy storage endpoints
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were compared based on gonad and liver weights, condition factor and growth, fecundity, and
plasma sex steroid concentrations. Data were also collected from two reference populations in
the region to assess regional variation in these endpoints.

2.2 MATERIALS AND METHODS
2.2.1 Experimental design
In May 2010, White Sucker were transferred from Beaver Creek Reservoir to two
experimental systems, Demonstration Pond and South Bison Pond (Table 2.1, Figure 2.1).
Beaver Creek Reservoir was a natural, modified lake adjacent to the Syncrude Canada Ltd.,
Mildred Lake lease located on the Athabasca oil sands deposit north of Fort McMurray, Alberta.
Demonstration Pond was an experimental pond constructed on the Syncrude lease in 1993. The
pond received 70,000 m3 of fine tailings capped with 70,000 m3 of surface water to a depth of
2.9 m above the tailings–water interface and is a small-scale version of the proposed end-pit lake
wet reclamation option [10, 70]. The second experimental pond, South Bison Pond, was formed
in 1987 as a drainage basin in an area designated to be reclaimed as bison pasture on the
southern portion of the Syncrude lease. The basin and the area surrounding the pond received
overburden during construction containing unextracted oil sands material. The clays within the
re-deposited material were saline/sodic in nature and also contained bituminous material. White
Sucker populations at Mildred and Horizon Lakes were sampled as reference sites to give
context to the pond studies in light of regional variation in measured endpoints (Table 2.1,
Figure 2.1). Mildred Lake was a natural lake on the Syncrude lease that had been modified to
function as a reservoir to supply freshwater to the site. Water was supplied to Mildred Lake from
the Athabasca River where it was first pumped into a settling basin to reduce suspended solids.
Due to regular turnover, the water quality of the lake closely resembled that of the Athabasca
River. Horizon Lake was a habitat compensation lake constructed in 2008 by Canadian Natural
Resources Limited (CNRL) on their Horizon oil sands lease fed by Tar River.
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White Sucker were captured from Beaver Creek Reservoir using 1.2 m trap nets with a 46
m leader and 4 cm mesh, as well as fyke nets 1.22 m wide by 0.91 m high with a 7.6 m leader
and 8 mm mesh, set overnight. White Sucker large enough to accept implanted tags (>100 mm
in length) were measured (fork length ± 1 mm), weighed (± 1 g) and implanted with 9 mm
passive integrated transponder (PIT) tags (Biomark, Boise, Idaho, USA). Two hundred fish were
then transferred to both Demonstration Pond and South Bison Pond by truck using an aerated
1000 L holding tank.
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Table 2.1. Experimental role, geographical characteristics and conditions for each sample site.
Site

Experimental Role

Coordinates

Demonstration Pond

Exposure

South Bison Pond

Exposure

57° 4'55.26"N,
111°41'19.27"W
56°59'53.44"N,
111°36'9.84"W
56°59'8.29"N,
111°36'20.38"W
57° 3'8.11"N,
111°35'27.30"W
57°23'13.25"N,
111°57'49.38"W

Beaver Creek Reservoir

Source population

Mildred Lake

Reference

Horizon Lake

Reference

Area
Max. Depth
(hectares)
(m)
3
3
6

5

154

6

155

8

55

18

Conditions
Fine tailings capped with fresh
water
Unextracted oil sands material
Natural lake modified as a
reservoir
Natural lake modified as a
reservoir
Artificial lake
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Figure 2.1. Map of the Fort McMurray area with oil sands developments highlighted in grey.
Beaver Creek Reservoir, Demonstration Pond, South Bison Pond, Mildred Lake and Horizon
Lake indicated.
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2.2.2 Environmental parameters
In July 2010, temperature, dissolved oxygen, conductivity, and pH were measured at
Beaver Creek Reservoir, Demonstration Pond, South Bison Pond, and Mildred Lake in 0.5 m
increments using a YSI MDS 650 multi-parameter water quality meter equipped with a model
600QS Sonde (YSI Inc. Yellow Springs, Ohio, USA). Temperature was also monitored
continuously at each site from May to September 2010 in 15 min intervals at a depth of 0.5 m
using a TidbiT v2 water temperature data logger (Onset Computer Corporation, Cape Cod,
Massachusetts, USA).
Water samples were collected from Beaver Creek Reservoir, Demonstration Pond, South
Bison Pond, and Mildred Lake in July 2010 for water chemistry analysis. Total ammonia
concentrations expressed as the NH4+ ion were determined using ion chromatography on a
Dionex-DX 300 Series chromatographic system with a self-regenerating suppressor and
conductivity detection. Alkalinity (HCO3–, CO3–2) was measured with a Metrohm Robotic 855
Titrator with LL micro-glass flat head electrode. Anion concentrations (Cl–, SO4–2, F–, Br–, PO4–
, NO3–, and NO2–) were determined on 0.45 or 0.1 µm filtered water samples using a Dionex-
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DX 600 series ion chromatograph fitted with an Ion-Pac AS4A-SC analytical column (4x250
mm). Major cations and trace elements were measured using a Varian Vista-RL inductively
coupled plasma atomic emission spectrometer (ICP-AES) equipped with radial mounted torch,
Sturman-Masters V-groove nebulizer, and Sturman-Masters spray chamber. Naphthenic acids
were quantified using the Fourier transform infrared spectroscopy (FTIR) method described by
Jivraj et al. [71]. For Horizon Lake, water samples were collected on July 15, 2010 by Golder
Associates Ltd. (Calgary, AB) and analyzed by Maxxam Analytics (Calgary, AB). Data was
provided by CNRL.
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2.2.3 Fish sampling
In September 2010, 20 male and 20 female adult White Suckers were collected from each
site (Table 2.1) using fyke and trap nets set overnight. To reduce holding periods, fish were
retrieved incrementally from the nets throughout sampling and transferred to 120 L aerated
tanks. Fish were euthanized by a concussive blow to the head. Whole blood was then collected
from the caudal vein using a 5 mL syringe equipped with a 25 gauge needle and transferred to a
heparinised vacutainer and stored on ice for endpoint specific processing. Fish were then
measured, weighed, and PIT tag identification number recorded. The right operculum was
removed for aging analysis and frozen at -20 °C. The viscera were removed and the gonads and
liver weighed (± 0.01 g). A subsample of ovarian tissue was collected from female fish and
frozen at -20 °C. In the laboratory, ovarian tissue was thawed and a 200 mg subsample collected.
All ovarian follicles in the subsample were counted visually with the aid of a dissecting
microscope. Subsample weights were chosen to correspond to 150 to 300 follicles per sample.
As White Sucker are single spawners [72], with gonadal recrudescence beginning in the summer
in northern Alberta, peaking in the spring immediately prior to spawning, follicles were at
similar stages of maturity within and among individuals at each site. Total fecundity was
calculated by multiplying the total count by the ratio of the gonad weight to subsample weight
[40]. The gall bladder and approximately 2 g of liver were placed in separate cryovials and
frozen in liquid nitrogen in order to quantify bile metabolites and CYP1A activity, respectively.

2.2.4 Biochemical analyses
Hepatic CYP1A associated 7-ethoxyresorufin-O-deethylase (EROD) activity was
estimated in post-mitochondrial supernatant using a fluorescence plate reader technique
described in McNeill et al. [69]. Three and four ring aromatic bile metabolites were quantified
using a Varian Prostar model 240 HPLC pump, a model 410 autosampler, and a model 363
fluorescence detector. Excitation/emission wavelengths used were that of phenanthrene and
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benzo[a]pyrene (256/380 nm and 380/430 nm, respectively). The equivalent concentrations were
derived by summing the area of all metabolite peaks that eluted after the first 3 minutes of the
run and dividing by the slope of the respective standard curve [73, 74].

2.2.5 Tissue analysis
Concentrations of metals and trace elements were measured from freeze-dried liver tissue
by microwave digestion and inductively coupled plasma-optical emissions spectrometry (ICPOES) [75]. Three samples were analysed for each sex at each of the five sites. Each sample was
composed of a 0.25 g aggregate consisting of 0.083 g of dried liver tissue from three separate
fish of the same sex. Samples were microwave digested in concentrated nitric acid on a Mars
microwave digester. Samples were then cooled, diluted to a final volume of 0.025 L, and filtered
before being quantified using ICP-OES with an internal standard calibration curve. Mean
recovery based on a certified reference material for all elements was 110 ± 3.1% (n = 37) and the
relative percent difference between sample duplicates was 8.7 ± 1.4% (n=49). All element
concentrations are presented as wet weight concentrations calculated using the moisture content
of each sample.
Total mercury (THg) concentrations were measured from freeze-dried liver tissue using a
Direct Mercury Analyzer (Milestone DMA-80) as described in Batchelar et al. [76]. As above,
three composite samples were analysed for each sex at each of the five sites. Each sample was
composed of a 0.3 g aggregate consisting of 0.1 g of freeze-dried liver tissue from three separate
fish of the same sex. The mean % recovery (± SE) of certified reference materials TORT-2 and
DORM-2 (lobster hepatopancreas and dogfish muscle, National Research Council of Canada)
was 113.0 ± 6.3% (n=6), and 91.8 ± 0.7% (n=6), respectively, and the recovery of a 10 ng liquid
Hg standard was 90.6 ± 3.1% (n=6). The mean blank concentration was 0.0003 µg g-1 Hg (n=6)
based on a sample weight of 10 mg, and the relative percent difference between sample
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duplicates was 18.0 ± 5.4% (n=5). All THg concentrations are presented as wet weight
concentrations calculated using the moisture content of each sample.
2.2.6 Age analysis and growth rates
Fish age was determined by counting the annuli of White Sucker opercular bones [62, 77].
Opercula were first cleaned by submersing them in 60 °C water for 2 to 4 minutes, depending on
thickness, allowing the soft tissue to be sloughed off. The opercula were then dried and the
annuli counted twice by two separate readers to minimize individual bias. Fish age was
estimated using the mean of the four individual counts. In cases where estimates diverged
between readers by more than two years, the opercula were reassessed and a consensus obtained.
White Sucker generally reach sexual maturity between the ages of three and eight, varying with
geographic range and early growth rates [56].
Growth rates of Sucker stocked in Demonstration Pond and South Bison Pond were
determined from tagged fish based on the mean increase in individual length and weight between
the stocking and sampling period (May through September 2010). Due to the high densities of
White Sucker in Beaver Creek Reservoir and Horizon Lake and low density at Mildred Lake,
tagging of individual fish was deemed to be impractical due to the low probability of recovering
sufficient fish to yield useable sample sizes. Therefore, annual growth rates were estimated for
sampled fish from the mean difference in length and weight between year classes. Although this
represented an annual growth rate for each site, encompassing a greater period for potential
growth than the exposure period assessed in the experimental ponds, it was considered
comparable as the majority of somatic growth occurs in the region between May and September.

2.2.7 Sex steroids
Vacutainers containing heparinised blood were centrifuged and the plasma collected and
frozen at -80 °C until processing. Steroids were diluted in ultra-pure water and extracted three
times using diethyl ether. The ether phases were dried overnight and the steroids reconstituted in
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500 l of enzyme immunoassay buffer (Cayman Chemical, Ann Arbor, MI, USA). Samples
were then diluted to the optimal ranges for steroid specific measurement with estradiol and
testosterone measured in females, and testosterone and 11-ketotestosterone measured in males
using enzyme immunoassay kits (Cayman Chemical, Ann Arbor, MI, USA).

2.2.8 Statistical analysis
Statistical analyses were used to evaluate differences in measured parameters among sites.
Condition factor, liver size, gonad size, and fecundity data were analyzed using analyses of
covariance (ANCOVA) on base-10 logarithmically transformed variables, with body size (length
or weight) as the covariate. The assumption of homogeneity of slope was tested using ANCOVA
and by examining the interaction term between the dependent variable and the covariate. Data
are presented as indices for ease of comparison; for example, because total fecundity covaries
with fish weight, it is expressed as number of eggs per fish total weight, a fecundity somatic
index. Indices, such as that for fecundity, were calculated from the antilog of the least squares
mean generated by the ANCOVA, divided by the antilog value of the covariate at which the
least squares mean was calculated. In this manner, the indices presented are a geometric mean
and an exact representation of the least squares means tested in the ANCOVA. Body weight
corrected for organ weight was used for all analyses. Condition factor was calculated as
corrected least squares mean body weight/length3×100, gonadosomatic index (GSI) as least
squares mean gonad weight/corrected body weight×100, and liver-somatic index (LSI) as least
squares mean liver weight/corrected body weight×100. Fecundity was calculated as least square
mean number of eggs per g of corrected wet body weight. Analysis of variance (ANOVA) was
used to identify significant differences among sites for EROD, bile metabolites (phenantherene
and benzo[a]pyrene equivalents), and sex steroids, with multiple comparisons made using
Tukey’s test. As trace element data violated the ANOVA assumptions of normality and
homogeneity of variance, the Kruskal-Wallis nonparametric analysis of variance was used to
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detect differences in element concentrations between sites, with nonparametric multiple
comparisons made using the Nemenyi test. All statistical testing was completed using SYSTAT
(ver 11.0) software package. The critical level of statistical differences for all analyses was
assessed at α= 0.05.

2.3 RESULTS
2.3.1 Environmental parameters
During the May 20 to September 15, 2010 exposure period, degree days at Beaver Creek,
Demonstration Pond, South Bison Pond, Mildred Lake, and Horizon Lake ranged from 2093 to
2196. Temperatures were similar between 2010 and 2011 at each of the sites, varying by less
than 5% (Table 2.2). Dissolved oxygen concentrations ranged from 96.8 to 116.7%, with
Demonstration Pond supersaturated throughout the exposure period. Conductivity among
reference sites ranged from 309 to 428 µS/cm. At the exposure sites, conductivity was
considerably greater at 1716 and 1757 µS/cm at South Bison and Demonstration Ponds,
respectively. At Demonstration Pond, the predominant anions were chloride, bicarbonate, and
sulphate, while at South Bison Pond bicarbonate and sulphate dominated (Table 2.2). For
cations, concentrations did not vary substantially between reference and exposure sites (<2-fold),
with the exception of sodium, which was greater at the exposure sites and calcium, potassium,
and magnesium, which were greater at Demonstration Pond (Table 2.2). Naphthenic acid
concentrations measured by FTIR were highest at Demonstration Pond (14 mg/L), followed by
South Bison Pond (6 mg/L), Beaver Creek (3 mg/L), Mildred Lake (2 mg/L), and Horizon Lake
(<1 mg/L).
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Table 2.2. Water quality parameters recorded in July 2010 from 2 meters depth at Beaver Creek
Reservoir (Beaver Creek), Demonstration Pond (Demo Pond), South Bison Pond (Bison Pond),
Mildred Lake (Mildred), and Horizon Lake (Horizon). Degree day data based on hourly
temperature recordings at 1.5 meters May 20 to September 15, 2010 and repeated in 2011.
Parameter

Beaver Creek

Demo Pond

Bison Pond

2093
2121

ND
2116

2196
2236

2129
2198

ND
2089

21.9

21.5

21.2

21.8

19.7

115.0
314
8.99

116.7
1716
9.63

106.7
1757
8.36

99.6
309
8.28

103.9
427
8.1

14

6

2

<1

0.22

0.35

<0.02

0.12

<0.05

26

8.37

77.5

33.8

35

<5.000

<5.000

16.6

<5.000

2

34.7

375

255

14.3

11

2

230

89

6.7

1

F-

<0.03

<0.03

<0.03

<0.03

ND

3-

<0.533

<0.533

<0.533

<0.533

0.019

S2-

7.87

67

204

12.2

0.0

-

161

400

303

140

130

NO2-

<0.02

<0.02

<0.02

<0.02

<0.003

NO3-

<0.02

<0.02

<0.02

<0.02

<0.003

PO4

3-

<0.03

<0.03

<0.03

<0.03

ND

SO42-

22

408

607

36.9

38

<0.117
0.191
<0.02
<0.002
<0.029
<0.078
<0.047
<0.037

<0.117
1.25
<0.02
<0.002
<0.029
<0.078
<0.047
<0.037

<0.117
0.374
<0.02
<0.002
<0.029
<0.078
<0.047
<0.037

<0.117
0.052
<0.02
<0.002
<0.029
<0.078
<0.047
<0.037

0.0232
0.06
ND
0.033
<0.0001
0.001
<0.0001
0.001

Degree days
May 20 -Sep 15 2010
May 20 -Sep 15 2011
Water quality
Temperature (°C)
Dissolved O2 (%)
Conductivity (µS/cm)
pH

Organics and major ions (mg/L)
Naphthenic acids
3
NH4

+

Ca2+
K

+

Na+
Cl

-

P

HCO3

Mildred Horizon

Metals (mg/L)
Al
B
Br
Ba
Cd
Co
Cr
Cu
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Table 2.2. Water quality parameters (continued)
Fe
<0.035
<0.035
<0.035
<0.035
Li
<5.000
<5.000
<5.000
<5.000
Mg
9.96
15.5
56.7
10.5
Mn
<0.006
<0.006
<0.006
<0.006
Mo
<0.072
<0.072
<0.072
<0.072
Ni
<0.168
<0.168
<0.168
<0.168
Pb
<0.646
<0.646
<0.646
<0.646
Sb
<0.614
<0.614
<0.614
<0.614
Se
<0.662
<0.662
<0.662
<0.662
Si
1.54
0.94
0.555
2.21
Sr
0.162
0.174
0.691
0.241
Ti
<0.007
<0.007
<0.007
<0.007
V
<0.044
<0.044
<0.044
<0.044
Zn
<0.026
<0.026
<0.026
<0.026
Zr
<0.021
<0.021
<0.021
<0.021
Concentrations below detection limits are listed as less than (<) the detection limit.
ND = no available data.
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0.11
0.018
10
0.045
0.0011
0.0023
0.0001
0.0001
0.0001
1.1
0.13
0.0005
0.0003
0.001
ND

2.3.2 Biochemical and chemical indicators of exposure
White Sucker collected from Beaver Creek Reservoir, Demonstration Pond, and South
Bison Pond exhibited a gradient of exposure to organic contaminants (Figure 2.2 A-C). White
Sucker sampled from Demonstration and South Bison ponds had significantly higher hepatic
EROD activity relative to fish sampled from Beaver Creek Reservoir for both males (2.8- and
4.0-fold, respectively) and females (2.2- and 2.5-fold, respectively, Figure 2.2 A). Significantly
higher concentrations of bile metabolites at phenanthrene wavelengths (Figure 2.2 B) were
observed at both sites and higher concentrations of bile metabolites at benzo[a]pyrene
wavelengths were observed at South Bison Pond. At the reference sites, bile phenanthrene and
benzo[a]pyrene equivalent concentrations were similar between Mildred Lake and Beaver
Creek, while CYP1A induction was similar in females but greater in Mildred Lake males.
Horizon Lake showed the lowest bile phenanthrene equivalent concentrations of the sites
sampled, while CYP1A induction and benzo[a]pyrene equivalent concentrations were similar to
Beaver Creek.
Liver concentrations of metals and trace elements varied among sample sites (Table 2.3).
Relative to reference sites, fish from the experimental ponds showed greater concentrations of
aluminum at South Bison and Demonstration Ponds and strontium at Demonstration Pond, while
South Bison Pond had significantly lower concentrations of phosphorous, rubidium, and
vanadium. White Sucker from Horizon Lake showed greater concentrations of aluminum,
selenium, and zinc, while fish from Beaver Creek Reservoir had lower concentrations of
aluminum and copper, and fish from Mildred Lake had higher vanadium and lower aluminum.
Arsenic, lanthanum, lead, titanium, and uranium were below detection thresholds for all sites
(0.22, 0.26, 0.20, 0.14, 1.64 mg/kg respectively). Total mercury concentrations were
significantly lower in fish from the experimental ponds, relative to those from the reference sites
(Table 2.3).
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Figure 2.2. 7-Ethoxyresorufin-O-deethylase induction (A) and bile fluorescence at phenanthrene
(B) and benzo[a]pyrene (C) wavelengths, separated by sex, from fish collected from each site in
September 2010. Sites sharing the same letter are not significantly different from each other.
Error bars represent standard error.
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Table 2.3. Mean metal and trace element concentrations (mg/kg) detected in the livers of White Sucker at Beaver Creek Reservoir, Demonstration
Pond, South Bison Pond, Mildred Lake, and Horizon Lake sampled in September 2010 *.
Site
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*

South Bison Pond

Beaver Creek Reservoir
(1)

0.51

(5, 0.15)

0.08

(5, 0.01)

Al

4.85

(6, 1.61)

Cd

<0.02

Co

0.04

(1)

0.05

(1)

<0.04

Cr

0.11

(6, 0.01)

0.10

(6, 0.01)

0.11

(6, 0.01)

Cu

8.95

(6, 0.83)

ab

5.34

(6, 0.76)

b

7.05

(6, 0.71)

Fe

117.14

(6, 31.82)

nd

219.52

(6, 27.56)

nd

225.08

(6, 40.17)

Mg

180.83

(6, 11.08)

192.66

(6, 8.07)

200.66

(6, 12.50)

Mn

2.35

(6, 0.16)

1.94

(6, 0.13)

1.85

(6, 0.11)

Ni

0.08

(1)

0.09

(2)

0.07

(1)

P

3274.48

(6, 137.78)

3470.51

(6, 94.10)

ab

3662.52

(6, 136.58)

ab

b

<0.02

ab
b

0.08

(1)

2.52

(6, 0.23)

Mildred Lake

Ag

a

0.09

Demonstration Pond

0.18

(6, 0.04)

8.23

(6, 2.44)

(6, 0.00)

0.04

(6, 0.00)

0.04

(1)

0.04

(6, 0.00)

0.09

(6, 0.01)

0.13

(6, 0.01)

ab

12.32

(6, 1.01)

a

15.70

(6, 3.32)

a

nd

131.62

(6, 16.20)

nd

230.98

(6, 36.47)

nd

166.12

(6, 14.16)

210.51

(6, 8.50)

1.93

(6, 0.15)

2.84

(6, 0.27)

0.21

(2)

0.11

(5, 0.03)

3217.79

(6, 225.86)

3925.00

(6, 156.65)

a

ab

<0.02

ab

b

0.10

(4, 0.02)

0.63

(6, 0.18)

0.05

Horizon Lake
b

ab
ab

a

a

Rb

1.34

(6, 0.10)

b

2.33

(6, 0.09)

a

2.13

(6, 0.20)

ab

2.69

(6, 0.18)

a

2.09

(6, 0.13)

ab

S

1999.30

(6, 61.14)

ab

2112.70

(6, 47.79)

a

2011.54

(6, 62.55)

ab

1837.54

(6, 47.60)

b

2264.95

(6, 145.79)

a

Se

0.33

(4, 0.02)

cd

0.40

(4, 0.03)

bcd

0.44

(6, 0.03)

bcd

0.74

(6, 0.03)

abc

1.42

(6, 0.12)

ab

Sr

0.19

(6, 0.04)

ab

0.09

(6, 0.02)

b

0.29

(6, 0.01)

a

0.09

(6, 0.01)

b

0.09

(6, 0.01)

b

V

0.42

(6, 0.03)

b

0.44

(6, 0.02)

ab

0.48

(6, 0.03)

ab

0.62

(6, 0.06)

a

0.48

(6, 0.02)

ab

Zn

23.92

(6, 1.21)

ab

22.93

(6, 0.70)

b

22.50

(6, 0.76)

b

22.82

(6, 1.25)

b

33.50

(6, 3.36)

a

Hg

0.01

(6, 0.00)

b

0.04

(6, 0.01)

ab

0.01

(6, 0.00)

c

0.06

(6, 0.03)

ab

0.09

(6, 0.01)

a

The number of samples with values exceeding detection limits and the standard error of the mean are presented in brackets. The results of multiple
comparisons are indicated using letters, with sites sharing the same letter not significantly difference from each other. Concentrations below
detection limits are listed as less than (<) the detection limit. Note for Fe, no differences (nd) were detected between sites using multiple
comparisons, despite a p value <0.05.

2.3.3 Population characteristics and energy storage indices
White Sucker sampled at Demonstration Pond, South Bison Pond, Beaver Creek, and
Horizon Lake were similar in size and age ranging from 16.7 to 44.9 cm in length and 3 to 7
years of age, while at Mildred Lake, fish ranged from 40.5 to 52.5 cm in length and 9 to 22 years
of age. Relative to Beaver Creek Reservoir, no significant differences in liver weight as it
covaried with body weight (represented as LSI), or mass relative to length (presented as
condition factor) were observed at South Bison Pond or Demonstration Pond over the four
month exposure period (Figure 2.3). Among the reference sites, liver weights at Mildred Lake
were similar to Beaver Creek, Demonstration Pond, and South Bison Pond, while condition
factor was higher for both sexes. At Horizon Lake, liver size and condition factor were both
substantially lower than the other sites examined.
Individually tagged fish from Demonstration Pond showed a reduction in condition factor
(-8.44%) during the exposure, while fish from South Bison Pond remained relatively unchanged
over the same period (-0.51%). Differences were also observed in individual growth rates. On a
percentage basis, White Sucker from Demonstration Pond grew at a slower rate (4.6% increase
in length and 8.2% increase in weight) than those from South Bison Pond (16.6% increase in
length and 69.28% increase in weight). Individual changes in length (mm) and weight (g) are
shown in Figure 2.4. Although tagged fish were unavailable for comparison from reference sites,
mean differences between year classes were a 10.8% increase in length, 24.5% increase in
weight, and -0.70% decrease in condition factor at Beaver Creek, 0.0% increase in length, 0.0%
increase in weight, and 0.60% increase in condition factor at Mildred Lake, and 6.9% increase in
length, 22.2% increase in weight, and 4.11% increase in condition factor at Horizon Lake.

41

Figure 2.3. Liver somatic index (A) and condition factor (B) of fish sampled at each site in
September 2010. Sites sharing the same letter are not significantly different from each other.
Error bars represent standard error.
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Figure 2.4. Change in length and weight of tagged fish after a 4-month exposure in
Demonstration Pond (open circle) and South Bison Pond (closed circle).
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2.3.4 Reproductive indices and steroid hormone concentrations
Relative to the source population at Beaver Creek, White Sucker gonad size as it covaried
with body weight (represented as GSI) was significantly smaller at Demonstration Pond for both
males (-29.2%) and females (-15.1%), while no significant differences were observed at South
Bison Pond (Figure 2.5). Despite lower GSI at Demonstration Pond, fecundity as it covaried
with body weight (represented as FSI, Figure 2.6), testosterone, 11-ketotestosterone and
estradiol concentrations (Figure 2.7) were similar among these three sites. With respect to the
reference populations, White Sucker sampled at Mildred Lake had higher female GSI, larger
eggs and similar FSI compared with Beaver Creek and the exposure populations. Concentrations
of 11-ketotestosterone in males and estradiol in females were also higher than the other sites
examined. White Sucker sampled at Horizon Lake had the lowest GSI (Figure 2.5), fecundity
(Figure 2.6), testosterone, 11-ketotestosterone, and estradiol concentrations observed (Figure
2.7).

2.4 DISCUSSION
This study describes the results of an in situ experiment where the response of a benthic
fish species, the White Sucker, was examined after a four month exposure in two experimental
systems, one containing aged tailings and the other aged unextracted oil sands material. White
Sucker introduced to aged tailings showed significant declines in gonad weight and somatic
growth with respect to the source population, while fish introduced to aged unextracted oil sands
material showed an increase in somatic growth over the same period. Liver weight, condition
factor, fecundity, and blood plasma concentrations of testosterone, 11- ketotestosterone and
estradiol were unaffected at either site.
Biochemical indicators of exposure indicated that both aged tailings and unextracted oil
sands material induced greater CYP1A activity and bile fluorescence at phenanthrene
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Figure 2.5. Gonadosomatic index for male and female White Sucker sampled at each site in
September 2010. Sites sharing the same letter are not significantly different from each other.
Error bars represent standard error.

Figure 2.6. Fecundity somatic index of female White Sucker sampled at each site in September
2010. Sites sharing the same letter are not significantly different from each other. Error bars
represent standard error.
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Figure 2.7. Blood plasma sex steroid concentrations for White Sucker collected at each site,
separated by sex. Testosterone (A – B), 11-ketotestosterone (C), and estradiol (E2, D). Sites
sharing the same letter are not significantly different from each other. Error bars represent
standard error.
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wavelengths. This was consistent with exposure to aromatic structures such as alkylated PAHs
and dibenzothiophenes that have previously been isolated from tailings [78] and benthic
invertebrates in these systems [41]. The stronger response at phenanthrene as compared to
benzo[a]pyrene wavelengths suggests that smaller aromatic structures of three rings or less likely
predominate. Although the toxicity of alkylated forms of PAHs and dibenzothiophenes are not
well understood, these compounds conform to a planar structure, theoretically allowing for
interaction with the AhR and potential for AhR-mediated toxicity. NAs may also contribute to
the bile fluorescence observed in these systems. Rainbow Trout (Oncorhynchus mykiss) exposed
to waterborne NAs extracted from aged tailings showed a dose-dependent increase in bile
fluorescence at phenanthrene wavelengths, indicating that aged NAs possess aromatic groups
[79]. However, these compounds did not induce CYP1A activity after waterborne exposure or
intraperitoneal injection [79, 80], indicating NAs do not interact with the AhR. Extracts of
neutral compounds from aged tailings showed weak CYP1A activity in H4IIE-luc cells
indicating the potential presence of CYP1A-inducing neutrals in aged oil sands tailings waters
(L Leclair, 2013, MSc thesis, University of Prince Edward Island).
Previous experiments conducted at Demonstration and South Bison Ponds using Yellow
Perch [65, 74] and Rainbow Trout [69] also reported CYP1A induction corresponding to bile
fluorescence at phenanthrene wavelengths similar to those observed in this study. In the Yellow
Perch studies, the high responses observed in both CYP1A induction and PAH equivalent
concentrations at South Bison Pond were attributed to unextracted oil sands material used in the
construction of the pond basin. Demonstration Pond, which contained large amounts of extracted
material, showed lower CYP1A induction and PAH equivalent concentrations, potentially
derived from the clays used in the construction of the basin, and not necessarily the tailings
themselves as these neutral compounds would largely be removed during bitumen extraction. As
neutral compounds such as alkylated PAHs and dibenzothiophenes have a greater affinity for the
sediment than the water column, benthic species such as White Sucker would have a greater
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degree of exposure than pelagic species, which was supported by two to three fold increase in
CYP1A induction observed in White Sucker compared to Yellow Perch and Rainbow Trout
respectively [65, 69].
The composition of metals and trace elements in water and liver tissue varied between
reference and exposure sites, with concentrations below those generally associated with injury
[81] and similar to liver tissue concentrations observed at uncontaminated sites [82]. Although
metals would have been introduced to these sites though atmospheric sources such as coking and
upgrading activities [49], or oil sands tailings [9], these do not appear to be significant sources of
metal contamination at the sites examined. While oil sands have relatively high concentration of
several metals [9], they are closely associated with hydrocarbons and are largely removed
alongside bitumen during the extraction process [31]. As a consequence, metals would not be
expected to accumulate in non-recycled tailings to a great extent and would explain the low
concentrations observed at Demonstration Pond. Contamination from atmospheric sources such
as coking and upgrading activities [49], would also be dependent on drainage area. As the
drainage areas of the two experimental ponds are relatively small, atmospheric deposition was
not a major source of contamination at these sites. Differences in drainage area may also account
for slight elevations observed in some metals at the reference sites, which have larger drainage
areas than the experiment ponds.
In addition to exposure profile, differences were also observed in growth rates between
the two exposure sites. At South Bison Pond, growth rates were higher than the other sites
examined. This was likely due to low interspecific competition and an abundance of available
prey species at this site (RL Gould, 2000, MSc Thesis, University of Waterloo). Growth was
impaired at Demonstration Pond, potentially due to chemical exposure, chronic stress, and food
scarcity resulting from the limited abundance and diversity of benthic invertebrates, a key
dietary component of White Sucker [83]. While PAHs have been shown to affect growth and
energy storage in fishes [84], effects did not correlate with bile metabolite florescence or
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CYP1A induction, but instead corresponded to greater concentrations of NAs. While differences
in resource availability between sites confound the interpretation of effects associated with
chemical exposure, it highlights the importance of indirect impacts resulting from changes in the
structure and function of macrophyte and macroinvertebrate communities. In full scale end-pit
lakes, the quantity and quality of habitat and the presence of suitable prey species will likely
play an important role in determining the health and carrying capacity of fishes in these systems.
In addition to resource availability, chronic stress may also be an important factor driving
the effects observed at the exposure sites. In fishes, chronic stress can result from numerous
factors including exposure to metals and organic contaminants, as well as adverse environmental
conditions such as pH or temperatures outside of optimal range [85]. Depending on the severity
and duration of the response, the energy expenditure required to mitigate the disruption can be
considerable, leading to changes in energy storage and utilization as resources are diverted from
somatic growth and reproduction. Studies by McNeill et al. [69] and Lister et al. [18] both
reported greater plasma cortisol levels in fish exposed to aged tailings, indicating a chronic stress
response. Although it is likely multiple causes are involved, evidence from Yellow Perch [13,
20], Fathead Minnows [86], and Goldfish [13] suggests damage to gill epithelial tissue may be a
contributing factor. Fishes exposed to aged tailings frequently develop hypertrophy of the
secondary gill lamella reducing the surface area of the gills. This reaction likely occurs in
response to ion loss from damaged epithelial cells [20]; however, it may also interfere with gas
exchange and nitrogen excretion, requiring greater energy investments to maintain these
functions. Greater plasma cortisol concentrations and damage to the gill epithelium appear to
correlate with NA exposure; however, a direct relationship has not been established [18, 20, 22,
69].
White Sucker exposed to aged tailings also showed reproductive effects as evidenced by
reductions in ovary and testis weight with respect to body size. Multiple factors likely
contributed to this response. With respect to ovary size, similar effects have been observed in
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Fathead Minnows [86]; however, changes in ovary size were not previously observed for Yellow
Perch [40]. Energy may have been a limiting factor for reproduction as White Sucker scaled
their reproductive output to match resource availability [87]. Exposure to AhR agonists such as
PAHs has also been associated with reduced vitellogenin synthesis and impaired gonad
development in both in vivo and in vitro studies [88-90]. Although PAHs at the exposure sites
occur predominately in alkylated forms [78], these compounds may have contributed to
reductions in ovary size through anti-estrogenic activity, mediated through the AhR. As PAHs
have a greater affinity for the sediment than the water column, benthic White Sucker would have
been exposed to higher concentrations of these compounds for a greater duration than pelagic
species, which may account for the lack of a similar response in Yellow Perch [40].
White Sucker exposed to aged tailings also showed a decrease in testis size, while
unextracted material did not. Similar results have been observed with other fish in these systems,
such as Yellow Perch and Fathead Minnows [40, 86]. As with ovary size, energy availability
may have contributed to the effects observed, however, endocrine disruption was likely a
contributing factor. A study using purified NAs derived from an aged tailings source similar to
Demonstration Pond showed that NAs were potent antiandrogens (L Leclair, 2013, MSc,
University of Prince Edward Island) using a yeast androgen screen [91]; however, they did not
possess the ability to inhibit steroid production directly as measured in H295R cells. He et
al.[25] also found oil sands process water to contain estrogen agonists and androgen antagonists
using two in vitro assays (T47D-kbluc and MDA-kb2 cell lines, respectively). Polycyclic
aromatic hydrocarbons and other planar aromatic compounds such as dibenzothiophenes may
also have the potential to bind the androgen receptor, potentially contributing to the endocrine
and reproductive effects observed [40, 92].
In this study, differences in male and female gonad size did not correspond to differences
in plasma sex steroid concentrations. This is in contrast to other studies that have examined
reproductive effects of aged tailings on other species of fish in the region [18, 21, 40, 93]. This
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suggests that effects on White Sucker gonad size occurred through mechanisms independent of
sex hormone pathways, as suggested by the results of Leclair et al. [79], or that sex steroid
concentrations were not a sensitive endpoint in this study, even though White Sucker were
sampled during a period of gonadal recrudescence (EA Trippel, 1984, MSc Thesis, University of
Toronto).
A number of other water quality factors may have also contributed to the energy storage
and reproductive effects observed. Although it has garnered little attention up to this point, pH
may have a significant role in the toxicity of aged tailings. Data presented by van den Heuvel et
al. [40] indicates pH has been rising gradually in Demonstration Pond since construction from
8.4 in 1995 to 9.5 in 2010, presumably through the loss of carbon dioxide as carbonates are
released with consolidation of the underlying tailings. At 9.5, pH is known to affect fish survival
as ion exchange and nitrogen excretion are inhibited [94] and external surfaces including the
skin, gills, and nares are degraded [95]. At high pH, ammonium (NH4+) is also converted to
unionized ammonia (NH3), which is more toxic to aquatic life than the cationic form. Based on
total ammonia concentrations measured at Demonstration Pond (0.35 mg/L), unionized NH3 was
calculated as 0.23 mg/L [96], 12-fold higher than the 0.019 mg/L unionized NH3 guideline for
the protection of aquatic life [81]. While this is below the median lethal dose (LC50) for White
Sucker (96-hour LC50 1.53 mg/L), it is approaching the lethal concentration of other species of
fish including Rainbow Trout (96-hour LC50 0.53 mg/L ) and Walleye (96-hour LC50 0.66 mg/L)
[97]. At 0.23 mg/L, unionized ammonia may cause mortality in these species, particularly during
early life history stages [98, 99], and likely contributed to the mortality observed in Rainbow
Trout by McNeill et al. [69]. Ammonia toxicity would have contributed to any chronic stress
response in White Sucker and its effects have likely been underestimated in previous studies
using this system as some of the effects reported correspond with those of ammonia toxicity,
including hypertrophy of secondary gill lamellae epithelium [99, 100]. The interaction of
ammonia and pH may also prove to be problematic in the development of future end-pit lakes as
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active tailings ponds have been measured to have as high as 14 mg/L total ammonia [9],
calculated as 8.16 mg/L NH3 at pH 9.5. However, while Demonstration Pond remains a closed
system, future end-pit lakes are intended to be open [15] and the rate of water exchange will
influence final ammonia concentrations.
Differences in growth and energy storage endpoints were also observed among the two
reference sites, Horizon and Mildred Lakes. While these sites were originally included in the
study to provide regional context for variation in measured endpoints, White Sucker populations
at both sites were found to be in distress at the time of sampling, presenting extreme ranges in
natural variability. Constructed in 2008, Horizon Lake represented a newly developed system.
Fish and benthic invertebrate communities were still being established at this site and the White
Sucker population had not yet reached a state of equilibrium. Liver weights and condition factor
indicate this population was undernourished, while gonad weights, fecundity, and plasma sex
steroids indicate delayed onset of gonadal recrudescence and the potential for spawning failure.
Based on these observations and the high population density observed at this site, it is likely
White Sucker at Horizon Lake exceeded carrying capacity, with population performance
impaired as a consequence. In contrast, the Mildred Lake White Sucker population showed an
abundance of available energy, as indicated by condition factor, ovary weight, and plasma sex
steroid concentrations. This appears to be related to a reduction in intra-specific competition at
this site resulting from a series of recruitment failures at Mildred Lake over the past decade.
Unlike the other sites sampled, all White Sucker captured at Mildred Lake had attained their full
body size at the time of sampling, as indicated by a lack of growth between year classes. These
White Suckers were also considerably older than those observed at the other sites, with the
youngest White Sucker being eight years of age. This time frame corresponds with the
expansion of Walleye (Sander vitreus) and introduction of Northern Pike (Esox lucius) to
Mildred Lake in the early 2000’s; both of which are voracious predators of juvenile White
Sucker. As a consequence of the impaired population performance at Horizon Lake and the over
52

representation of older fish at Mildred Lake, direct comparisons between these sites and the
exposure sites are confounded by these factors, which should be considered in any interpretation
of the results presented herein.
In summary, this study demonstrated the potential for aquatic systems affected by aged oil
sands material to impact growth and reproduction in a benthic fish species. A number of factors
likely contributed to the effects observed including endocrine disruption, chronic stress, and
habitat quality; however, due to the chemical complexity of these systems, the relative
contributions of each of these factors could not be determined. The response of White Sucker to
aged tailings was similar to that observed in pelagic fishes introduced to these systems.
However, in addition to impacts on male gonad weight, effects were also observed in female
gonad weight as well as somatic growth in both sexes. Although these differences may be
partially due to differences in physiology, biochemical data suggests the benthic association of
White Sucker may increase the degree of contaminant exposure. As a consequence, the White
Sucker may prove to be a valuable monitoring species for future studies examining impacts in
the Athabasca watershed. This study also highlights the implications of increased pH and
ammonia concentrations in aged tailings and the potential consequences for fish health. Poor
habitat quality may also affect energy availability effecting energy storage and reproduction of
fishes in these systems. Further work is needed to determine the capacity of NAs, alkylated
PAHs and dibenzothiophenes to interact with the AhR, as well as determine their potency as
anti-androgenic compounds.
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CHAPTER 3 – POPULATION IMPACTS IN
WHITE SUCKER (CATOSTOMUS
COMMERSONII) EXPOSED TO OIL SANDSDERIVED CONTAMINANTS IN THE
ATHABASCA RIVER

This chapter contains material previously published as:
Arens CJ, Arens JC, Hogan NS, Kavanagh RJ, Berrué F, Van Der Kraak GJ, van den Heuvel
MR. 2017. Population impacts in White Sucker (Catostomus commersonii) exposed to oil sandsderived contaminants in the Athabasca River. Environ. Toxicol. Chem. Published online 11
January 2017 in Wiley Online Library.
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3.1 INTRODUCTION
Athabasca oil sands operations have developed rapidly over the past decade, collectively
producing 1.98 million barrels of oil per day as of 2014. Due to the rapid expansion and scale of
development associated with this industry, there are concerns regarding potential contamination
of the adjacent watershed through atmospheric deposition [37, 49] and seepage of oil sands
process-affected water (OSPW) [3, 51].
Bitumen extraction has generated over 800 million m3 of tailings and OSPW [64] that are
toxic to aquatic life [36] and are often stored in close proximity to natural water bodies [50, 51].
Frank et al. [3] identified chemical components characteristic of OSPW in groundwater samples
adjacent to oil sands tailings impoundments, implying that seepage of OSPW into the
surrounding groundwater was occurring. Although precise seepage rates are unknown, numerical
models from Ferguson et al. [50] and Hunter [52] estimated seepage rates from the Tar Island
Dyke on the Suncor Energy oil sands lease at up to 6,500 m3 per day, while cumulative seepage
from oil sands operations have been estimated at 11,000 m3 per day [53].
Oil sands process-affected water contains varying concentrations of NAs, PAHs, and
several ions including sodium, sulphate, bicarbonate, and chloride. Naphthenic acids are
believed to be primarily responsible for both the acute and sublethal toxicity associated with
OSPW [36, 93], although PAHs, which occur predominately in alkylated forms [41], may be a
contributing factor [68]. As OSPW is produced as a by-product of bitumen extraction, the
majority of the contaminants identified in OSPW also occur naturally throughout the bitumen
rich McMurray formation, and many of these compounds are naturally introduced to the
Athabasca watershed as a result of erosion. Distinguishing between contaminants originating
from anthropogenic sources (i.e., OSPW) and natural sources (i.e., erosion of bitumen) has
proven difficult in the Athabasca watershed [101]; however, advancements in NA
characterization using mass spectrometry have made NA profiling possible [3, 101].
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How natural and/or anthropogenically derived contaminants affect fish populations in the
Athabasca watershed is not as well understood. Several studies have investigated the effects of
OSPW exposure on fish physiology [e.g., 40, 69]. However, monitoring of the Athabasca
watershed has primarily been focused on community level endpoints [54] and available fish data
from the Athabasca River has been limited. Tetreault et al. [102] found evidence suggesting
hydrocarbon exposure downstream of Athabasca oil sands deposits, including greater EROD
induction in Slimy Sculpin and Pearl Dace (Semotilus margarita). Increased mixed function
oxidase activity was also observed in Burbot (Lota lota) collected immediately downstream of
oil sands deposits, relative to upper reaches of the Athabasca River [103].
In the present study, we examined two predictions. First, that water samples collected
downstream of oil sands developments would contain a greater proportion of NAs associated
with OSPW than water samples collected upstream of development. Second, that White Sucker
(Catastomus commersonii) collected from the Athabasca oil sands deposit would exhibit signs of
hydrocarbon exposure when compared to fish collected upstream. Water samples were collected
at multiple sites throughout the Athabasca watershed and characterized based on the relative
concentrations of specific NA ions. Relative contaminant exposure, growth, condition, and
reproductive investment were also examined in White Sucker collected upstream and
downstream of the Athabasca oil sands deposit. Relative contaminant exposure was evaluated
based on cytochrome P4501A (CYP1A) activity, bile metabolites, bile NAs, and tissue metals,
while reproductive, energy storage, and utilization endpoints were compared based on gonad and
liver weights, condition factor and growth, fecundity, and plasma sex steroid concentrations.

3.2 MATERIALS AND METHODS
3.2.1 Water sampling
To characterize NA signatures throughout the Athabasca River watershed, water samples
were collected from seven sites along the Athabasca River. Samples were collected both
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upstream and downstream of oil sands developments, and upstream and downstream of the
Athabasca oil sands deposit (Table 3.1, Figure 3.1). Seven additional tributaries were sampled to
evaluate their respective NA contributions. Water samples were also obtained from an
experimental pond (Demonstration Pond) known to contain high concentrations of aged OSPW
[21].
At each site, 3 samples 1 L in volume were collected and acidified to a pH of 2 using 0.1
M sulfuric acid. Each water sample was spiked with 50 µL of 0.2 mg/L deuterated palmitic acid
recovery standard (Sigma-Aldrich) to attain a concentration of 10 µg/L. An additional 2 mL of
methanol (MeOH) was added to each sample to facilitate C18 extraction. Water samples were
then extracted using SPE-ed C18 (0.5 g) solid phase extraction cartridges (Applied Separations)
using a vacuum manifold (Agilent Technologies) and stored at -20°C. Samples were eluted with
20 mL of MeOH, and the solvent evaporated with nitrogen using a Turbo-Vap II (Caliper Life
Sciences) and stored in 1 mL of 1:1 MeOH:0.01M NH4OH. Prior to analysis, 200 µL
subsamples were transferred to glass autosampler vials and spiked with a deuterated myristic
acid internal standard (Sigma-Aldrich; 0.25 mg/mL final concentration). Samples were analyzed
using liquid chromatography-high resolution mass spectrometry (LC-HRMS) with a Thermo
Scientific™ Accela liquid chromatograph attached to a ThermoVelos Orbitrap™ mass
spectrometer with an electrospray ionization source and operating in negative mode.
Samples were separated on an Agilent Zorbax extend C18 column (2.1 x 100 mm, 3.5 µm
particle size, 80 Å) using a solvent profile starting with 1:1 10 mM NH4OH in water:methanol
held for the first minute and increasing in a linear gradient to 100% methanol over 5 min and
held for an additional 3 min.
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Table 3.1. Coordinates and experimental roles for sample sites used in biological and water
sampling.
Site
Muskeg River
Calling Lake

ID Development Deposit
Sampling
Coordinates
B1 Downstream Downstream Biological 57° 8.056'N 111° 36.013'W
B2 Upstream
Upstream Biological 55° 13.360'N 113° 11.668'W

Athabasca River Main Stem
Bitumont
A1 Downstream
MacKay River
A2 Downstream
Muskeg River
A3 Downstream
Syncrude
A4 Downstream
Poplar Creek
A5 Upstream
Fort McMurray
A6 Upstream
Town of Athabasca A7 Upstream

Downstream
Downstream
Downstream
Downstream
Downstream
Downstream
Upstream

Water
Water
Water
Water
Water
Water
Water

57° 21.433'N
57° 12.210'N
57° 8.049'N
57° 1.714'N
56° 53.399'N
56° 44.158'N
54° 43.696'N

111° 39.517'W
111° 36.558'W
111° 36.480'W
111° 30.069'W
111° 25.347'W
111° 23.523'W
113° 16.414'W

Athabasca River Tributaries
Ells River
T1 Downstream
MacKay River
T2 Downstream
Muskeg River
T3 Downstream
Steepbank River
T4 Downstream
Poplar Creek
T5 Downstream
Clearwater River
T6 Upstream
Calling River
T7 Upstream

Downstream
Downstream
Downstream
Downstream
Downstream
Downstream
Upstream

Water
Water
Water
Water
Water
Water
Water

57° 18.284'N
57° 10.102'N
57° 8.056'N
57° 1.229'N
56° 54.802'N
56° 42.045'N
55° 11.888'N

111° 40.598'W
111° 38.480'W
111° 36.013'W
111° 28.852'W
111° 27.631'W
111° 19.719'W
113° 11.928'W

Oil Sands Process Water
Demonstration Pond O1
OSPW 57° 4.919'N 111° 41.313'W
ID = Site identifier; ° = Degree; ' = Minute; W = West; N = North; OSPW = Oil sands processaffected water.
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A1
T1

Ells River

A2

T2

A3 T3
B1
A4
T4

A5
T5

Calling Lake
B2
T7

A6
T6

A7

N

Athabasca River

Figure 3.1. Map of the Athabasca River with oil sands developments highlighted in grey. Sample
sites indicated by site ID. Site identification presented in Table 3.1.
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The mass range for the ion detection was set up for mass to charge ratio (m/z) 95 to 475
amu with a 30,000 mass resolution. The output was then standardized across samples based on
the relative recovery of the internal standard (deuterated myristic acid; mean recovery = 93.5%)
and then based on the relative recovery of the recovery standard (deuterated palmitic acid, mean
recovery = 85.9%). The output was cross referenced with the predicted mass to charge ratios of
780 NAs identified using the formula CnH2n+ZOx with the carbon number (n) ranging from 5 to
30, the Z family ranging from 0 to -30, and the oxygen number (x) ranging from 2 to 4. The m/z
for each compound was determined by replacing 1 hydrogen with 2 electrons (-H+2e). Total NA
concentration was determined for each site by adding the concentration of 32 individual ions
(constituting 90.5% of the total concentration of NA ions detected) characteristic of aged OSPW
as determined from their respective standard curves. Standard curves were prepared from serial
dilutions of a 1 mg/L purified NA extract derived from aged OSPW; the concentration of each of
the 32 ions was calculated from the relative abundance of the ion in question as determined from
negative ion HRMS [80]. The limit of detection was determined by adding up the lowest
concentration of each ion detected in the standards curves and was found to be 0.06 µg/L.
3.2.2 Fish sampling
To evaluate White Sucker chemical exposure and population performance downstream of
oil sands developments, 20 male and 20 female mature White Sucker (>40 cm fork length) were
sampled during the May 2012 spawning migration on both the Muskeg River, a tributary of the
Athabasca River located on the Athabasca oil sands deposit and downstream of major oil sands
developments, and Calling Lake, located upstream of the Athabasca oil sands deposit (Table 3.1,
Figure 1). White Sucker were collected from the Muskeg River using a hoop net 1.2 m wide by
1.2 m high with a 17 m leader, 7 m wings and 150 mm mesh. At Calling Lake, White Sucker
were collected using fyke nets 1.22 m wide by 0.91 m high with a 7.6 m leader and 8 mm mesh.
White Sucker were euthanized by a concussive blow to the head and whole blood was then
collected from the caudal vein using a 5 mL syringe equipped with a 25 gauge needle and
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transferred to a heparinised vacutainer and stored on ice for endpoint specific processing. Fish
were then measured and weighed. The right operculum was removed and frozen at -20 °C for
aging. To determine age the opercula were cleaned by submersing them in 60 °C water for 4
minutes, allowing the soft tissue to be sloughed off. The opercula were then dried and the annuli
counted.
The viscera were then removed and the gonads and liver weighed (± 0.01 g). A subsample
of ovarian tissue was collected from females to determine individual fecundity. The gall bladder
and approximately 2 g of liver were placed in separate cryovials and frozen in liquid nitrogen in
order to quantify bile metabolites and CYP1A induction, respectively.
Temperature, dissolved oxygen, conductivity and pH were measured at the Muskeg River
and Calling Lake using an YSI MDS 650 multi-parameter water quality meter equipped with a
model 600QS sonde (YSI Inc.). Water samples were collected at both sites and submitted to
Maxxam Analytics Inc. for elemental analysis using inductively coupled plasma-mass
spectrometry.

3.2.3 Tissue analyses
Hepatic CYP1A associated EROD activity was estimated in post-mitochondrial
supernatant using a fluorescence plate reader technique described in McNeill et al., [69].
Fluorescent bile metabolite samples were analyzed according to methods described in Leclair et
al. [79]. Three and 4 ring aromatic bile metabolites were quantified using a Varian Prostar model
240 high performance liquid chromatography (HPLC) pump, a model 410 autosampler, and a
model 363 fluorescence detector. Excitation/emission wavelengths used were that of
phenanthrene and benzo[a]pyrene (256/380 nm and 380/430 nm, respectively). The equivalent
concentrations were derived by summing the area of all metabolite peaks that eluted after the
first 3 minutes of the run and dividing by the slope of the respective standard curve.
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Concentrations of metals and trace elements were measured from freeze-dried liver tissue
by microwave digestion and inductively coupled plasma-optical emissions spectrometry with
total mercury (THg) concentrations measured using a Direct Mercury Analyzer (Milestone
DMA-80). All element concentrations were presented as wet weight concentrations calculated
from the moisture content of each sample.
Bile NAs were evaluated using the methods of van den Heuvel et al. [74], with
modifications. Bile NAs were deconjugated using ethanolic potassium hydroxide and extracted
with methyl tert-butyl ether. A recovery standard (d31 palmitic acid) was added to bile prior to
extraction, and an internal standard (d35 stearic acid) was added to the sample immediately prior
to analysis. Samples were analyzed by LC-HRMS (see Water sampling) and quantified against a
mixture of NAs purified from aged OSPW [80]. Due to the interference of high levels of fatty
acids in bile that have the same m/z ratio as many common NAs, a subset of ions were chosen
that are not typically present in bile. Six ions were chosen for analysis (m/z 209.1536, 211.1693,
235.1693, 237.1849, 239.2006, 261.1849), and the concentration of total NAs was calculated for
each ion against a purified NA mixture and those concentrations averaged to give the estimated
NA concentration in bile [74]. Recovery of d31 palmitic acid averaged 85.9% and NA
concentrations in bile were corrected for individual sample recovery.
Vacutainers containing heparinised blood were centrifuged and the plasma collected and
frozen at -80 °C until processing. Steroids were diluted in ultra-pure water and extracted 3 times
using diethyl ether. The ether phases were dried overnight and the steroids reconstituted in 500
l of enzyme immunoassay buffer (Cayman Chemical, Ann Arbor, MI, USA). Samples were
then diluted to the optimal ranges for steroid specific measurement with estradiol and
testosterone measured in females, and testosterone and 11-ketotestosterone measured in males
using enzyme immunoassay kits (Cayman Chemical, Ann Arbor, MI, USA).
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3.2.4 Statistical analysis
Multivariate analysis of NAs in water was conducted using relative ion concentrations
within each sample. Ions included in the analysis were limited to compounds that conformed to
m/z consistent with NAs defined previously (see Water sampling). Common naturally occurring
fatty acids (lauric, myristic, palmitic, stearic, arachidic, palmitoleic, oleic, linoleic, α-linolenic,
arachidonic, eicosapentaenoic, and docosahexaenoic) were removed from the data set prior to
analysis. A fourth root transformation was applied to the data as this was found to maximize the
separation of the chemical profiles as determined by the Global R value (which ranges between
0 for similar samples, and 1 for no similarity). Water NA patterns were visualized using
multidimensional scaling (MDS) in combination with cluster analysis based on the Bray-Curtis
similarity index. Water samples were grouped as OSPW, tributaries within the area of
development (Tributary), locations removed from or upstream of development (Upstream), and
mainstem Athabasca River (Mainstem) downstream of development, and those factors were
evaluated with a permutational analysis of similarity (ANOSIM). Cluster analysis was used to
illustrate similarity ranges on the MDS plots. All multivariate statistics were completed with
PRIMER v. 6.1.16.
White Sucker condition factor, liver size, gonad size, and fecundity data were analyzed
using analyses of covariance (ANCOVA) on base-10 logarithmically transformed variables, with
body size (length or weight) as the covariate. The assumption of homogeneity of slope was
tested by examining the interaction term between the dependent variable and the covariate. Data
are presented as indices for ease of comparison; for example, because total fecundity covaries
with fish weight, it is expressed as number of eggs per fish total weight, a fecundity somatic
index. Indices, such as that for fecundity, were calculated from the antilog of the least squares
mean generated by the ANCOVA, divided by the antilog value of the covariate at which the
least squares mean was calculated. In this manner, the indices presented are a geometric mean
and an exact representation of the least squares means tested in the ANCOVA. Body weight
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corrected for organ weight was used for all analyses. Condition factor was calculated as
corrected least squares mean body weight/length3×100, gonadosomatic index (GSI) as least
squares mean gonad weight/corrected body weight×100, and liver somatic index (LSI) as least
squares mean liver weight/corrected body weight×100. Fecundity was calculated as least square
mean number of eggs per g of corrected wet body weight. Analysis of variance was used to
identify significant differences between populations for EROD, bile metabolites (phenanthrene
and benzo[a]pyrene equivalents), and sex steroids. As trace element data violated the ANOVA
assumptions of normality and homogeneity of variance, the Kruskal-Wallis nonparametric
analysis of variance was used to detect differences in element concentrations between sites. All
univariate analyses were completed using SYSTAT (version 11.0; Systat Software Inc.). The
critical level of statistical differences for all analyses was assessed at α= 0.05.

3.3 RESULTS
3.3.1 Athabasca River naphthenic acids
The concentration of select NA ions varied among sample sites, with the highest
concentration (1580 µg/L) occurring in aged OSPW (Demonstration Pond), followed by the
Athabasca tributaries, the Steepbank River (51.6 µg/L), MacKay River (16.6 µg/L), and Muskeg
River (14.1 µg/L). Lower concentrations were observed among the other tributaries sampled
(0.66 to 2.39 µg/L) as well as samples from the Athabasca River (0.66 to 11.1 µg/L) (Table 3.2).
The ratio of NAs (charge -1) was evenly distributed among O2, O3, and O4 across the
Athabasca River and its tributaries, with a greater proportion of O4 ions observed at
Demonstration Pond. With respect to ion concentration, more variability was observed across
sites, with a high proportion of O4 ions at A4, A5, A6, T2, and T3. Naphthenic acid ions at
Demonstration Pond were dominated by O2 (Table 3.2).
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Table 3.2. Naphthenic acid ion and concentration ratios for water samples collected from the
Athabasca River, its tributaries and oil sands process water. Groups indicated were used for
multivariate analysis of NA patterns.
Site

ID

[NA ion]

Group

µg/L

Ion ratio
O2

Concentration ratio

O3

O4

O2

O3

O4

Athabasca River Main Stem
Bitumont

A1

1.20

Mainstem

1.00

0.87

0.87

1.00

0.96

1.40

MacKay River

A2

2.78

Mainstem

1.00

0.74

0.83

1.00

0.82

1.25

Muskeg River

A3

11.13

Mainstem

1.00

0.84

0.99

1.00

0.67

1.02

Syncrude

A4

0.66

Mainstem

1.00

0.92

0.94

1.00

1.06

1.56

Poplar Creek

A5

0.76

Mainstem

1.00

1.00

0.98

1.00

1.22

1.92

Fort McMurray

A6

4.28

Upstream

1.00

0.97

1.10

1.00

1.08

1.72

Town of Athabasca

A7

2.86

Upstream

1.00

1.12

1.10

1.00

0.83

1.09

Athabasca River Tributaries
Ells River

T1

2.39

Tributary

1.00

0.71

0.86

1.00

0.60

1.06

MacKay River

T2

16.60

Tributary

1.00

0.98

1.14

1.00

0.95

1.64

Muskeg River

T3

14.10

Tributary

1.00

1.09

1.24

1.00

1.10

1.77

Steepbank River

T4

51.62

Tributary

1.00

0.82

0.96

1.00

0.74

1.03

Poplar Creek

T5

2.09

Tributary

1.00

0.89

1.05

1.00

0.83

1.27

Clearwater River

T6

0.86

Upstream

1.00

0.88

0.95

1.00

0.92

1.40

Calling River

T7

0.66

Upstream

1.00

1.02

0.94

1.00

0.93

1.28

OSPW

1.00

1.01

1.52

1.00

0.47

0.52

Oil Sands Process Water (OSPW)
Demonstration Pond

O1

1584.16

65

Four major site groupings were observed in the MDS plot based on the relative
concentration of individual NA ions present at each site (Figure 3.2). All groups, OSPW,
Mainstem, Upstream, and Tributary were found to be significantly different as determined by
permutational ANOVA and all groups were at least 60% similar (Global R=0.597; Figure 3.2).
The OSPW samples separated from the remainder of the water samples at 70% similarity.
Tributaries separated from Mainstem and Upstream samples at 80% similarity while NAs
patterns were similar between upstream and Mainstem samples (Figure 3.2). Some samples from
the Mainstem near the MacKay and Muskeg rivers had a NA profile that was more similar to
tributaries, possibly reflecting some local influence of those tributaries on the river samples.

3.3.2 Water quality parameters in White Sucker spawning streams
Temperatures were similar between the Muskeg River and Calling Lake Tributary at the
time of sampling at 11.5 and 11.0 °C, respectively. Conductivity was 276 and 159 µS/cm while
pH was 7.97 and 7.53 for the Muskeg River and Calling Lake Tributary, respectively.
Concentrations of B, Ca, Fe, Mg, Na, S and Si were greater at the Muskeg River (>2-fold) when
compared to Calling Lake (Table 3.3). A number of metals were not detected in either
watercourse including Ag (<0.0001), Be (<0.001), Cd (< 0.005), Co (<0.0003), Cr (<0.001), Hg
(<0.002), Mn (<0.004), Mo (<0.002), Ni (<0.0005), Pb (<0.0002), Sb (<0.0006), Sn (<0.001), Ti
(<0.001), Tl (<0.0002), U (<0.0001), and V (<0.001). All dissolved element concentrations were
within water quality guidelines set by the Canadian Council of Ministers of the Environment for
the protection of aquatic life [81].

3.3.3 White Sucker physiological and population characteristics
White Sucker sampled from the Muskeg River and Calling Lake ranged from 6 to 16
years of age. No significant differences in age were observed between sites with averages of 9.5
and 10.2 for males at Muskeg River and Calling Lake respectively, and 11.2 for females at both
sites. Liver weight as it covaried with body weight (presented as LSI) was significantly higher at
66

Figure 3.2. Multidimensional scaling plot based on the relative concentrations of naphthenic acid
ions detected in water samples from the Athabasca River. Similarities (%) were overlaid from
cluster analysis using Bray-Curtis similarity.
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Table 3.3. Concentrations (mg/kg) of metals, non-metals and metalloids in water samples (n = 1)
collected May 2012 at the Muskeg River and Calling Lake Tributary.
Parameter
Muskeg River
Calling Lake
Al
0.003
0.002
As
0.0003
0.0004
B
0.043
<0.020
Ba
0.034
0.019
Ca
39
16
Cu
0.0004
0.0003
Fe
0.260
<0.060
K
2.0
1.0
Mg
10.0
4.2
Na
13.0
4.6
S
3.20
0.85
Se
0.00079
0.00086
Si
3.0
1.3
Sr
0.098
0.081
Zn
0.0044
0.0054
Concentrations below detection limits are listed as less than (<) the detection limit.
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the Muskeg River for both males (28.6%) and females (40.1%; Figure 3.3A). Mass relative to
length (presented as condition factor) was also significantly higher at the Muskeg River for both
males (10.2%) and females (16.0%; Figure 3.3B). White Sucker gonad size as it covaried with
body weight (presented as GSI) was significantly lower at the Muskeg River for both males (28.4%) and females (-35.4%; Figure 3.4A), as well as fecundity as it covaried with body weight
(presented as FSI; -41.1%; Figure 3.4). No differences were observed between sites in blood
plasma concentrations of testosterone, 11-ketotestosterone, or estradiol (Figure 3.5).

3.3.4 White Sucker chemical and biochemical indicators of exposure
White Sucker collected from the Muskeg River had significantly higher hepatic EROD
activity than fish collected from Calling Lake, with a 15.1-fold difference in males, and 11.0fold difference in females (Figure 3.6A). Bile fluorescence was significantly greater for fish
collected from the Muskeg River at both phenanthrene (Figure 3.6B) and benzo[a]pyrene
(Figure 3.6C) wavelengths with a 4.1- and 3.3-fold difference in males, and 5.8- and 4.3-fold
difference in females, respectively. Total bile NA concentrations were also significantly higher
at the Muskeg River when compared to Calling Lake by 10-fold in females and 7-fold in males
(Figure 3.6D). Of the 7 ions used for bile analysis, the ion corresponding to m/z 233 was not
found to be present in any samples examined and was excluded from the analysis.
Relative to Calling Lake, White Sucker collected from the Muskeg River showed greater
liver concentrations of Cd, Co, Cu, Ni, Se, Sr, and V, whereas Calling Lake had greater
concentrations of Hg (Table 3.4). The magnitude of these differences was relatively low for the
majority of these elements with a difference of less than two fold for copper, nickel, strontium,
and vanadium. Larger differnces were observed for selenium (2.9-fold), cobalt (3.0-fold) and
cadmium (14-fold). No significant differences were observed in the other metals examined with
As, La, Pb, Ti, and U all occurring below detection thresholds (0.20, 0.23, 0.18, 0.13, 1.48
mg/kg, respectively).
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Figure 3.3. Liver somatic index (A) and condition factor (B) of White Sucker sampled at each
site in September 2012 (sample size of 20 for each group). Means from sites sharing the same
letter are not significantly different from each other. Error bars represent standard error of the
mean.
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Figure 3.4. Gonadosomatic index (A) for male and female White Sucker and fecundity (B)
sampled at each site in September 2012 (sample size of 20 for each group). Significant
differences between sites indicated using letters. Sites sharing the same letter are not
significantly different from each other. Error bars represent standard error of the mean.
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Figure 3.5. Plasma sex steroid concentrations for White Sucker collected at each site, separated
by sex (sample size of 20 for each group). Testosterone (A – B), 11-ketotestosterone (C), and
17β-estradiol (D). Means sharing the same letter are not significantly different from each other.
Error bars represent standard error of the mean.
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Figure 3.6. Mean (A) ethoxyresorufin-O-deethylase activity, (B) bile phenanthrene equivalent concentration, (C) bile benzo[a]pyrene equivalent
concentration, and (D) bile naphthenic acid concentration in White Sucker collected in the Muskeg River and Calling Lake (sample size of 20 for
each group). Means sharing the same letter are not significantly different from each other. Error bars represent standard error of the mean.

Table 3.4. Mean (n, SE) metal and trace element concentrations (mg/kg) detected in the livers of
White Sucker collected from the Muskeg River and Calling Lake in May 2012. Rows indicated
with an asterisk indicate significant differences p < 0.05
.
Muskeg River
Site
Ag
0.13
(6, 0.04)
Al
3.01
(6, 0.28)
Cd
0.28
(6, 0.05)
Co
0.09
(6, 0.01)
Cr
0.12
(6, 0.12)
Cu
23.55
(6, 3.91)
Fe
103.95
(6, 29.58)
Hg
0.038
(6, 0.004)
Mg 186.62
(6, 18.15)
Mn
2.51
(6, 0.23)
Ni
0.08
(6, 0.01)
P 3246.36 (6, 204.50)
Rb
3.48
(6, 0.35)
S 1756.66 (6, 123.52)
Se
0.87
(6, 0.09)
Sr
0.05
(6, <0.01)
V
0.59
(6, 0.05)
Zn
24.15
(6, 2.42)

Calling Lake
0.07
1.76
0.02
0.03
0.12
12.73
62.44
0.180
184.80
2.18
0.05
3691.92
3.30
1757.30
0.30
0.04
0.45
19.96
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(6, 0.02)
(6, 0.51)
(6, <0.01)
(6, <0.01)
(6, 0.01)
(6, 2.00)
(6, 8.82)
(6, 0.002)
(6, 13.19)
(6, 0.12)
(6, <0.01)
(6, 170.31)
(6, 0.06)
(6, 49.22)
(6, 0.05)
(6, <0.01)
(6, 0.03)
(6, 0.96)

*
*
*
*

*

*
*
*

3.4 DISCUSSION
Levels of NAs were greater in tributaries adjacent to oil sands mining activities but were
generally low in the mainstem of the Athabasca River. Tributary NA profiles were more similar
to OSPW than the mainstem water samples. White Sucker showed higher energy storage in the
oil sands mining area as indicated by greater condition and liver size in both males and females.
However, White Sucker were not investing as much energy into reproductive effort as measured
by both gonad size in the 2 sexes and fecundity in females, when compared to the Calling Lake
reference site. Athabasca River White Sucker also showed greater exposure to PAHs, NAs, and
priority metals.
Tributaries of the Athabasca River such as the Steepbank River, and to a lesser extent the
Muskeg and MacKay Rivers, appear to be influenced by NA ions characteristic of aged OSPW.
Each of these tributaries are in close proximity to oil sands operations and OSPW settling basins.
Concentrations of NA ions were orders of magnitude lower in these tributaries than those
observed at Demonstration Pond and below concentrations likely to affect fish physiology in
these systems [36, 93]. Naphthenic acid concentrations were negligible downstream of the
confluence of affected tributaries and the Athabasca River, with the exception of the Muskeg
River, indicating the material was quickly diluted. With respect to the Muskeg River, the
persistence of NA ion concentrations downstream of the confluence of the Athabasca River
resulted from samples being collected within the plume of the Muskeg River, and not far enough
downstream for these 2 systems to have fully mixed. This is supported by the fact these
compounds were detected at much lower concentrations further downstream.
The pattern of physiological response in White Sucker from the Athabasca River differed
from the pattern observed for fish exposed to OSPW [74, 104]. In previous studies where
Yellow Perch and White Sucker were exposed in situ to OSPW for a summer season, male fish
exhibited reduced gonad development [40, 104]. This is in contrast to the present study where
White Sucker from the Muskeg River exhibited high condition factor relative to the Calling Lake
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reference site, but also had high condition factor relative to a previous study of White Sucker in
the region [104]. Fish typically store significant amounts of energy in somatic tissue such as
muscle and liver. Thus, differences in somatic indices such as condition factor and liver size
indicate that White Sucker in the Athabasca River were not resource limited [104, 105]. In
combination with lower relative gonad size and reduced fecundity, this response was consistent
with metabolic disruption, which has been characterized by an increase in energy storage (e.g.,
liver size and condition factor) and a decrease in energy utilization (e.g., reproduction), as fish
are unable to efficiently convert available energy into somatic or reproductive tissue [106, 107].
Thus, White Sucker appear to be exhibiting a different pattern of response in the Athabasca
River as compared to White Sucker exposed to OSPW suggesting different causes and
mechanisms of toxicity. Studies conducted over two decades with White Sucker at a pulp and
paper effluent-exposed location at Jackfish Bay, Lake Superior have also shown similar
evidence of metabolic disruption based on increased liver sizes and condition factor along with
reduced gonad growth [61]. This pattern of response has also been observed in a meta-analysis
of fish population data from the Canadian Environmental Effects Monitoring program [108].
These observed impacts have largely abated over time due to improved effluent treatment and
mill practices; however, discrete causative agents have never been definitively identified [109].
Reduced gonad weight in White Sucker sampled from the Athabasca River did not
correspond to changes in sex steroid concentrations. Reproductive impairment in fishes is often
accompanied by significant changes in plasma concentrations of sex steroids [e.g., 110, 111].
For example, in contrast to the present study, fish exposed to pulp and paper effluent frequently
demonstrate decreased circulating sex steroids [61]. This response was also absent from other
studies conducted in the Athabasca oil sands region. Slimy Sculpin captured in oil sands
influenced tributaries showed evidence of reproductive impairment; however, they did not show
decreased steroid hormone levels [102]. A previous study with White Sucker exposed to aged
OSPW also did not show steroid hormone decreases [104], while an identical study with Yellow
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Perch showed impacts only in males [40]. White Sucker also recruited fewer follicles in the
Muskeg River and as follicular recruitment is an event that takes place the previous summer,
steroid levels may not reflect influences on endocrinology at that earlier time. Another
possibility is that reproduction may have been affected through a hormone system independent
of sex steroid synthesis, such as changes in thyroid hormones. Thyroid hormones are important
in gonad development and reproduction in fishes [112], and have been shown to be influenced
by oil sands-affected water in vertebrates such as wood frogs and tree swallows [113, 114].
Biochemical and chemical indicators of exposure indicated that White Sucker collected
from the Muskeg River in the Athabasca oil sands deposit were primarily exposed to PAHs
instead of NAs. Male White Sucker in the Athabasca River had greater levels of hepatic EROD
induction (2 fold) and equivalent concentrations of phenanthrene (3-fold) and benzo[a]pyrene
(28-fold) in bile than White Sucker exposed to aged oil sands material in a previous study using
comparable methods [104]. This would suggest a greater degree of exposure to PAHs in the
Athabasca River than in experimental systems where White Sucker were exposed to OSPW with
NA concentrations ranging up to 10 mg/L as measured by FTIR spectroscopy [40, 104]. Bile
NAs were approximately 100-fold lower than was found in in situ studies using Yellow Perch
exposed to Demonstration Pond water, consistent with a greater than 1000-fold difference in
waterborne NAs between the Demonstration Pond and the Athabasca mainstem observed here.
Together, these suggest that White Sucker exposure to oil sands related organic compounds in
the Athabasca River is dominated by PAHs and not NAs.
Although the mechanisms involved in PAH-associated reproductive impairment are not
fully understood, they are known to adversely affect estrogen receptor function either through
direct binding or by activation of other receptor pathways that modulate activity of the estrogen
receptor [115]. Exposure to AhR agonists has been associated with several forms of reproductive
impairment. This has included a reduction in the proportion of female fish undergoing
reproductive development [111, 116], impaired gonad development [117], ovarian follicle
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atresia [118], and reduced vitellogenin synthesis [89]. However, the magnitude of these effects
appears to vary among species [119]. Although the effects of PAH exposure on reproduction in
male fish has not been as well studied, evidence suggests male fish are also susceptible to PAHassociated reproductive impairment [115]. Sol et al. [110] found relatively normal gonad
development in male Sole collected from PAH contaminated sites; however, plasma
concentrations of 11-ketotestosterone and testosterone were significantly reduced.
The source of PAH contamination in the Athabasca watershed was likely derived from a
combination of petrogenic and pyrolytic sources. The ratio of 2- and 3-ring compounds over 4and 5-ring compounds has been proposed as a means to discriminate between petrogenic and
pyrolytic sources of origin [120]. Higher ratios are indicative of exposure to PAHs of petrogenic
origin, while lower ratios are indicative of exposure to PAHs of pyrolytic origin. For example, as
discussed in Webb and Gagnon [121] this ratio for Pink Salmon following the Exxon Valdez oil
spill was 1,300:1, while for English Sole collected from a creosote contaminated site it was
110:1. In the present study, the ratio of phenanthrene (3-ring) to benzo[a]pyrene (5-ring)
compounds was 55:1, suggesting a primarily pyrolitic source of PAHs. This is consistent with
previous findings that oil sands upgrading facilities contribute a significant quantity of pyrolytic
PAHs to the Athabasca watershed through atmospheric deposition [37]; however, forest fires in
the region 1 year prior to sampling may have contributed to this response.
Trace elements in water and fish liver tissue were below concentrations associated with
detrimental effects [81] and similar to liver tissue concentrations observed at uncontaminated
sites [82]. Fish tissue samples from Calling Lake had greater concentrations of mercury than
samples collected from the Muskeg River. Differences in mercury concentrations likely reflect
variation in physico-chemical and biological properties between lake and river systems, rather
contamination [122]. Fish tissue samples collected from the Muskeg River showed higher
concentrations of cadmium, cobalt, copper, nickel, selenium, strontium, and vanadium compared
to samples collected from Calling Lake. These metals may have been derived from oil sands
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coking emissions [37] as well as several other municipal and industrial inputs along the
Athabasca River. Seepage of OSPW is not likely a significant source of these metals based on
the concentrations of these compounds previously reported [9, 40]. Of the trace elements that
occurred in greater concentrations from fish tissue at the Muskeg River, cobalt, nickel, selenium,
and vanadium have been detected in measurable quantities from bitumen [123] and may be
enriched in the Athabasca watershed as a consequence of erosion. Cadmium, copper, and nickel
have been observed in particulate deposition related to oil sands development [49]. Effluent from
pulp and paper mills and municipal wastewater upstream of the Athabasca oil sands may also be
contributing factors [124].
Based on the exposure profile presented in the present study, PAH exposure could be
affecting reproduction in fish on the Athabasca oil sands deposit. While there is evidence
suggesting tailings-derived NA are present in some tributaries of the Athabasca River,
concentrations were several orders of magnitude below the concentrations required to cause
adverse effects in fish [36, 93]. Based on the exposure profile and response pattern observed
herein, it is more likely PAHs derived from both petrogenic and pyrolytic sources were the
primary causative agents involved.
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CHAPTER 4 – ESTROGENIC AND
ANDROGENIC ACTIVITY OF AGED OIL
SANDS-AFFECTED WATERS ASSESSED
USING A RECOMBINANT YEAST ASSAY
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4.1 INTRODUCTION
The Athabasca oil sands deposit is estimated to contain over 1.8 trillion barrels of oil in
the form of bitumen, a semi-solid form of petroleum. It is estimated 168 billion barrels of this oil
are recoverable using current technology, making it the third largest proven oil reserve in the
world [63]. As of 2014, the Athabasca oil sands industry produced 2.3 million barrels of oil a
day through a combination of open-pit mining and in situ techniques, producing large volumes
of fine tailings as a by-product of ex-situ bitumen extraction. Oil sands tailings consist primarily
of water, silt, and clay, as well as residual bitumen containing metals and petrogenic chemicals
such as NAs and PAHs. As this material is acutely toxic to aquatic life, provincial regulations
require this material to be stored until it can be safely reincorporated into the environment [14].
To date, over 976 million m3 of oil sands tailings have been stockpiled [125] awaiting the
development of suitable remediation strategies.
Several technologies are currently under development to remediate oil sands tailings. One
of the principle technologies under development is end-pit lakes [15]. End-pit lakes consist of
open-pit mines that have reached the end of their operational life cycle, subsequently receiving
large volumes of tailings material capped with either fresh or process water. Over time, this
material separates into MFT, which settle to the bottom of the pit, and process water, forming
the overlying aquatic phase [15]. Over the course of 10-20 years, organic toxicants within the
end-pit break down through photo- and microbial degradation. As the toxicity of the material
decreases, microbial and macrophyte communities are established, contributing to the
development of an organic layer at the tailings and process water interface. Over time, the endpit is expected to form the basis of a lake ecosystem, supporting macroinvertebrate, amphibian,
fish and water fowl communities.
To evaluate end-pit lakes as a bioremediation strategy [15], Demonstration Pond was
constructed in 1993 using tailings capped with fresh water. After 17 years, this site represents a
fully developed small scale end-pit lake (3 hectares, 70,000 m3) supporting phytoplankton,
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macrophyte, and macroinvertebrate communities. However, fishes exposed to this material have
shown reproductive impacts. In situ exposures using Yellow Perch stocked in Demonstration
Pond exhibited significant reductions in male gonad size and androgenic steroids [40], with
similar findings observed in situ with White Sucker [104] and Goldfish exposed under similar
conditions [18]. Laboratory exposures using Fathead Minnows showed that aged tailings inhibit
spawning, cause a reduction in male secondary sex characteristics, and reduce plasma sex steroid
concentrations including testosterone and 11-ketotestosterone in males, and 17β-estaradiol in
females [21]. While direct cause-effect relationships could not be indentified due to the chemcial
complexity of these systems, the magnitude of effects correlated with napthenic acid
concentrations. Fathead Minnows exposed to an aged tailings derived NA extract showed effects
consitent with aged tailings exposure, supporting evidence that napthenic acids are likely
involved in this response [93].
Although the mechanisms involved in the effects observed in vivo are not well
understood, in vitro evidence may assist in isolating bioactive compounds. In vitro assays
conducted by He et al. [25] identified estrogenicity and anti-androgenicity in oil sands process
water using T47D-kbluc and MDA-kb2 cells respectively. Androgenic effects were attenuated
by treatment with ozone, coinciding with the oxidation of NAs within the process water [25,
126], suggesting NAs were responsible for disrupting the androgen steroid pathway. Similar
results were obtained by Wang et al. [127], who observed induction of estradiol and inhibition of
testosterone in H295R cells exposed to OSPW derived NA. It is unclear whether NAs directly
bind the estrogen and androgen receptor, or cause reproductive effects through non-genomic
endocrine disruption [128]. Similar effects have been observed in process water from offshore
oil extraction [129].
The objective of this study was to examine whether changes in gonad size previously
observed for fish exposed to oil sands-affected waters corresponded with disruption of sex
steroid pathways. To test this hypothesis, a recombinant yeast assay [91] was employed to
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evaluate the (anti-) estrogenic and (anti-) androgenic properties of a variety of solid phase
extracts of oil sands-affected waters with varying degrees of contamination.
4.2 MATERIALS AND METHODS
4.2.1 Water sampling
Water samples were collected from five sites in the Athabasca oil sands region (Table 4.1,
Figure 4.1). These included Demonstration Pond, South Bison Pond, Beaver Creek, Mildred
Lake, and Horizon Lake. Demonstration Pond, constructed in 1993, was an experimental pond
constructed on the Syncrude Canada Ltd., Mildred Lake lease located on the Athabasca oil sands
deposit north of Fort McMurray, Alberta. The pond received 70,000 m3 of fine tailings capped
with surface water to a depth of 2.9 m above the tailings–water interface and is a small-scale
version of the proposed end-pit lake wet reclamation option [10, 70]. The second experimental
pond, South Bison Pond, was formed in 1987 as a drainage basin in an area designated to be
reclaimed as bison pasture on the south portion of the Syncrude lease. The basin and the area
surrounding the pond received overburden containing unextracted oil sands material including
bitumen. The clays within the re-deposited material were saline/sodic in nature and also
contained bituminous material. Beaver Creek Reservoir was a natural lake adjacent to the
Syncrude lease. Mildred Lake is a natural lake on the Syncrude lease that had been modified to
function as a reservoir to supply freshwater to the site. Water was supplied to Mildred Lake from
the Athabasca River where it was first pumped into a settling basin to reduce suspended solids.
Due to regular turnover, the water quality of the lake closely resembled that of the Athabasca
River. Horizon Lake is a habitat compensation lake constructed in 2008 by Canadian Natural
Resources Limited (CNRL) on their Horizon oil sands lease fed by Tar River.
In September 2011, two 1 L water samples were collected from each site and acidified to a
pH of 2. Water samples were then extracted using Spe-ed C18 solid phase extraction cartridges
(Applied Separations, Allentown, PA, USA) using a solid phase extraction vacuum manifold
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Table 4.1. Experimental role, geographical characteristics and conditions for each sample site.
Site

Experimental Role

Coordinates

Demonstration Pond

Exposure

South Bison Pond

Exposure

Beaver Creek Reservoir

Reference

Mildred Lake

Reference

Horizon Lake

Reference

57° 4'55.26"N,
111°41'19.27"W
56°59'53.44"N,
111°36'9.84"W
56°59'8.29"N,
111°36'20.38"W
57° 3'8.11"N,
111°35'27.30"W
57°23'13.25"N,
111°57'49.38"W

Area
(hectares)
3

Max. Depth
(m)
3

6

5

154

6

155

8

55

18

Conditions
Fine tailings capped with
fresh water
Unextracted oil sands
material
Natural lake modified as a
reservoir
Natural lake modified as a
reservoir
Artificial lake
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Figure 4.1. Map of Fort McMurray area with oil sands developments highlighted in grey. Beaver
Creek Reservoir, Demonstration Pond, South Bison Pond, Mildred Lake and Horizon Lake
indicated.
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(Agilent Technologies, Mississauga, ON, CAN) and stored at -20 °C. Samples were then eluted
using 20 mL of MeOH, and the solvent evaporated using a Turbo-Vap II (Caliper Life Sciences,
Hopkinton, MS, USA) and stored in 1 mL of 100% ethanol.

4.2.2 Recombinant yeast assay
Two recombinant yeast screens developed by Glaxo Group Research Ltd. (Greenford,
UK) were used to assess (anti-) estrogenic and (anti-) androgenic activity in the collected sample
extracts. The two screens have had either the human estrogen or androgen receptors and
associated responsive elements integrated into their genomes (referred to hereafter as the yeast
estrogen screen [YES] and yeast androgen screen [YAS] respectively). The responsive elements
control the expression of a reporter gene, lacZ encoding for the enzyme β–galactosidase.
Compounds binding agonistically to the receptors induce the synthesis of β–galactosidase that is
secreted into the growth medium where it reacts with chlorophenol red-β-D-galactopyranoside
within the media causing a color change from yellow to red. Antagonistic activity was assessed
by incubating the samples in the presence of known concentrations of reporter agonists and
measuring the competitive inhibition of the color change. All results were then compared to
known concentrations of reference agonists and antagonists including estradiol and
hydroxytamoxifen for the YES, and dihydrotestosterone (DHT) and flutamide for the YAS. For
specific information on the methods used in the recombinant yeast screen, see Routledge and
Sumpter [91].
Estrogenic and androgenic activities of sample extracts were assayed in triplicate using
12, two-fold dilutions ranging from concentration factors of 1 to 2000 (i.e., at a concentration
factor of 2000, compounds present occur at a concentrations 2000 times greater than the original
sample extracted). Samples were diluted in ethanol and added in 10 µL aliquots to paired wells
on 96 well plates and allowed to dry. An assay medium containing a growth medium, the
appropriate yeast strain, and reporter substrate was then added to each well in 200 µL aliquots.
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For quality assurance, solvent controls, media blanks, and steroid constants were also included
on each plate. Steroid constants were of sufficient concentration to induce or inhibit a threequarters maximal response (i.e., EC75/IC75). Plates were then incubated in the dark for three days
at 32 °C for the YES and one day at 32 °C and two days at 20 °C for the YAS. Resulting color
changes were measured using an FLx-800 fluorescent microplate reader (Bio-Tek, Winooski,
VT) at 540 nm. The data were standardized based on yeast concentration using the optical
density of each sample measured at 630 nm. The EC50/IC50 of each sample extract was then
determined from the dose response curves. Equivalent concentrations with respect to reference
materials were then determined by dividing the EC50/IC50 of the reference material by the
concentration factor of the sample extract EC50/IC50. Samples with a response below the linear
range of the reference steroid response curve were considered to be below detection limits. This
threshold was established as a magnitude less than 10% (i.e., the sample response is less than
10% of the reference steroid maximal response).
4.2.3 Analytical chemistry
To separate NAs for quantification, a Thermo Scientific Acella liquid chromatograph with
a ThermoVelos Orbitrap mass spectrometer using an electrospray ionization interface was used.
Samples were separated on an Agilent Zorbax extend C-18 column (2.1 x 100 mm, 3.5 µm
particle size) using a solvent profile starting with 50% water (0.1% formic acid) and 50%
methanol (0.1% formic acid) held for the first minute and increasing in a linear gradient to 100%
methanol/0.1 M formic acid in 5 min and held for an additional 3 min. The mass range for the
ion detection was set up from m/z 110–400 amu with a 30,000 mass resolution. Concentrations
of 32 predominant NA ions were then quantified against standard curves derived from a purified
NA extract prepared from surface waters of a 17 year old tailings pond [80]. Extraction and
purification of the NA standard followed the method of Frank et al. [130]. Humic acids were
removed using diethylaminoethyl cellulose while neutral compounds were removed by solvent

87

extraction of a basic solution, followed by precipitation, distilled water washing, and freeze
drying. Naphthenic acid detection limits varied among individual ions, with an overall detection
limit of 0.16 µg L-1. The 32 ions examined accounted for 90.3% of the total NA ions from the
standard. Total NA concentrations were determined by additively combining the individual ions
within each sample, and standardizing to 100% to account for ions not quantified. The
correlation between water quality parameters and agonistic or antagonistic sex steroid activity
was examined using the Pearson correlation coefficient with α = 0.05.

4.3 RESULTS
Estrogenic and androgenic activities were not observed in any of the water samples
examined, with responses occurring below assay detection limits (Figure 4.2). The EC50 for
estradiol and DHT were calculated as 2.50 µg/L, and 12.9 µg/L, respectively. Water collected
from Demonstration Pond inhibited steroid binding in the YES and YAS assays at concentration
factors of 26 and 30, respectively (Figure 4.3). Water collected from Beaver Creek inhibited
steroid binding in the YES and YAS assays at concentration factors of 92 and 77, respectively.
Samples collected from Bison Pond, Mildred Lake and Horizon Lake did not exhibit a clear dose
response relationship in the YES, while IC50 values of the YAS were concentration factors of
339, 706 and 486, respectively. Antagonistic activity at Demonstration Pond was equivalent to
62.82 µg/L of hydroxytamoxifen and 1.38 mg/L of flutamide (Figure 4.4). Antagonistic activity
at Beaver Creek was equivalent to 17.64 µg/L of hydroxytamoxifen and 0.54 mg/L of flutamide.
The IC50 of hydroxytamoxifen and flutamide were calculated as 1.61 mg/L and 41.01 mg/L,
respectively. Equivalent concentrations of hydroxytamoxifen and flutamide were correlated
among samples (r = 0.97, p = 0.01).
Naphthenic acids were found to vary among sites with the highest concentrations
occurring at Demonstration Pond (1.276 mg/L), followed by Mildred Lake (0.070 mg/L), Beaver
Creek (0.044 mg/L), Bison Pond (0.022 mg/L), and Horizon Lake (0.002 mg/L; Table 4.2). Back
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calculated NA concentrations evaluated in the recombinant yeast assay are provided in Table
4.3. The Demonstration Pond IC50 values for YES and YAS equated to NA concentrations of
1.70 and 1.96 mg/L, respectively.
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Figure 4.2. Mean dose response curves (n = 3) for estrogenic (A) and androgenic (B) activity in
recombinant yeast exposed to water extracts collected from the Athabasca watershed.
Absorbance of steroid constants (EC75) for estradiol (A) and DHT (B) are indicated by dotted
lines. Detection limits (DL) are indicated by the dashed line.
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Figure 4.3. Mean dose response curves (n = 3) for anti-estrogenic (A) and anti-androgenic (B)
activity in recombinant yeast exposed to water extracts collected from the Athabasca watershed.
Absorbance of steroid constants (EC75) for estradiol (A) and DHT (B) are indicated by dotted
lines. Detection limits (DL) are indicated by the dashed line.
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Figure 4.4. Estrogen receptor (ER) and androgen receptor (AR) antagonist potency of water
sample extracts (n = 3) collected from the Athabasca watershed, expressed as equivalent
concentrations of sex steroid standards hydroxytamoxifen and flutamide, respectively.
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Table 4.2. Concentrations of principle naphthenic acid ions (µg/L) including formula and mass
to charge ratios (m/z) quantified for Demonstration Pond (DP), Bison Pond (BP), Beaver Creek
Reservoir (BC), Mildred Lake (ML), and Horizon Lake (HL) against a naphthenic acid extract.
Formula
m/z
C11 H17 O2 181.122
C12 H17 O2 193.122
C12 H19 O2 195.138
C12 H21 O2 197.154
C13 H19 O2 207.138
C13 H21 O2 209.154
C13 H23 O2 211.169
C14 H19 O2 219.138
C14 H21 O2 221.154
C14 H23 O2 223.169
C14 H25 O2 225.185
C15 H17 O2 229.124
C15 H19 O2 231.138
C15 H21 O2 233.154
C15 H23 O2 235.169
C15 H25 O2 237.185
C16 H19 O2 243.138
C16 H21 O2 245.154
C16 H22 O2 247.169
C16 H25 O2 249.185
C16 H27 O2 251.201
C16 H31 O2 255.232
C17 H21 O2 257.154
C17 H23 O2 259.169
C17 H25 O2 261.185
C17 H27 O2 263.201
C18 H21 O2 269.154
C18 H23 O2 271.169
C18 H25 O2 273.185
C18 H27 O2 275.201
C19 H23 O2 283.169
C19 H25 O2 285.185
Total Concentration

DP
BP
BC
ML
HL
26.050
0.925 2.531 0.259 0.074
13.926
0.383 1.701 0.245 0.017
75.325
2.193 3.934 1.936 0.092
6.239
0.447 0.848 0.346 0.011
103.532 1.868 3.788 2.860 0.109
142.853 3.241 3.918 7.385 0.121
11.772
0.492 0.680 1.148 0.019
26.005
0.150 0.007 0.861 0.025
168.383 2.691 2.833 8.752 0.138
140.399 2.760 3.303 11.604 0.168
9.660
0.269 0.411 1.078 0.021
7.777
0.098 0.942 0.084 0.003
16.119
0.227 4.318 0.452 0.021
52.281
0.279 0.123 2.561 0.150
116.088 1.655 2.087 8.822 0.199
66.311
1.164 1.458 6.024 0.171
29.904
0.282 2.085 0.673 0.017
22.837
0.287 2.354 0.835 0.022
36.223
0.290 0.505 2.777 0.073
53.895
0.796 1.195 4.141 0.175
26.743
0.496 0.683 2.013 0.118
6.525
0.054 0.356 0.173 0.002
30.050
0.229 1.093 0.940 0.014
14.176
0.160 0.714 0.698 0.014
17.589
0.249 0.366 0.935 0.054
14.133
0.286 0.449 0.825 0.081
4.791
0.053 0.204 0.155 0.006
18.003
0.162 0.586 0.702 0.025
5.950
0.073 0.293 0.284 0.017
6.984
0.147 0.167 0.243 0.039
0.518
0.005 0.020 0.018 0.001
4.824
0.055 0.198 0.162 0.013
1275.866 22.468 44.149 69.988 2.010
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Table 4.3. Concentrations of naphthenic acid ions (µg/L) in each well of the recombinant yeast
assay for Demonstration Pond (DP), Bison Pond (BP), Beaver Creek Reservoir (BC), Mildred
Lake (ML), and Horizon Lake (HL).
Concentration Factor

Sample
1

2

4

8

16

31

63

125

250

500

1000

2000

DP

64

128

255

510

1021

2041

4083

8166

16331

32662

65324

130649

BP

1.1

2.2

4.5

9.0

18

36

72

144

288

575

1150

2301

BC

2.2

4.4

8.8

18

35

71

141

283

565

1130

2260

4521

ML

3.5

7.0

14

28

56

112

224

448

896

1792

3583

7167

HL

0.1

0.2

0.4

0.8

1.6

3.2

6.4

13

26

51

103

206
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4.4 DISCUSSION
There was no evidence of estrogenic or androgenic activity in the oil sands processaffected waters assessed in this study. This was in contrast to the findings of He et al. [25] who
observed a 2.6-fold increase in estrogenic activity in T47D-kbluc cells after exposure to OSPW,
with similar results obtained by Thomas et al. [129] for NAs isolated from produced water in the
North Sea with the equivalent concentration of estradiol measured at 42 ng/L. The reason for the
differences between these studies and the results presented herein remains unclear; however,
they may reflect differences in the sources of the extracts examined. Oil sands process-affected
water used in the experiments by He et al. [25] was collected from an active tailings pond on the
Syncrude lease, while process water used by Thomas et al. [129] was collected from an active
offshore drill site. It is possible that the compounds responsible for the estrogenic activity
observed by He et al. [25] and Thomas et al. [129] may have been degraded or absent from the
aged OSPW used in this study.
Water samples from Demonstration Pond had relatively high estrogen and androgen
receptor antagonist potency when compared to the other sites sampled. A slight response was
also observed from Beaver Creek, while responses from Bison Pond, Mildred Lake and Horizon
Lake occurred only at high concentration factors (>300) and likely resulted from extract toxicity.
It could not be determined from the data collected whether these effects were the result of
competitive binding of the estrogen and androgen receptors, or an indirect response. The
similarities in the antagonistic response among samples evaluated in both the YES and YAS
suggested a similar mode of action. Sample responses were correlated between the YES and
YAS assays, and similar IC50 values were obtained from the two assays for both Demonstration
Pond and Beaver Creek. As the estrogen and androgen receptors are structurally dissimilar, it is
unlikely binding of the two receptors would occur proportionally (i.e., the relative magnitude of
the response would be consistent across samples), and a toxicity response affecting the
interaction between the recombinant yeast strains and the reporter substrate seems more likely.
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In order to confirm whether or not receptor binding is occurring, a receptor binding assay would
need to be used to evaluate the potential for these water extracts to interact with the estrogen and
androgen receptors.
Naphthenic acid concentrations were found to vary among samples and correlated with
estrogen and androgen receptor antagonist potency, with the greatest concentrations occurring in
water collected from Demonstration Pond. Oil sands process-affected water and NAs have been
previously linked to disruption of the androgenic steroid pathway [25, 129]; however, antiestrogenic effects appear to be unique to this study. Anti-androgenic effects have been identified
in active OSPW [25] and off shore produced water from the North Sea [129, 131, 132]. Thomas
et al. [129] observed anti-androgenic activity equivalent to a concentration of 5.8 mg/L of
flutamide, approximately 4-fold stronger than was observed in this study. Wang et al. [127]
observed an increase in 17β-estradiol and progesterone production and a decrease in testosterone
in H295R cells exposed to OSPW derived NA from Daqing, China. These effects corresponded
with the up-regulation of several genes involved in steroidogenesis in zebrafish larvae.
While differences in the type and magnitude of responses observed may be related to
differences in the source of the NA extract examined, the proportional response among the YES
and YAS assays observed herein were more consistent with a non-genomic toxicity response.
Based on back calculations of NA concentrations used in the YES and YAS assays,
Demonstration Pond IC50 values equated to NA concentrations ranging from 1.70 to 1.96 mg/L.
These concentrations were similar to IC10 values for rainbow trout mitrochondrial respiration
inhibition, and reduction of mitochondrial membrane potential for NAs (K Rundle, Unpublished,
University of Prince Edward Island). This would suggest NA may impact cellular function at
these concentrations, and may have provided a common mode of action for the proportional
responses between the YES and YAS assays observed.
In summary, the results of this study suggest aged OSPW may interfere with sex steroid
pathways through anti-estrogenic and anti-androgenic activity. However it is unclear whether the
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effects observed resulted from competitive binding of the sex steroid receptors, or non-genomic
responses that impacted the ability of the yeast to catalyze the reporter substrate. Additional
work will be required to determine whether the effects observed resulted from competitive
binding of the estrogen and androgen receptors, or an alternate mode of action.
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CHAPTER 5 – TOXICITY OF OIL SANDS
AFFECTED WATERS ON EARLY LIFE
STAGES OF WHITE SUCKER (CATOSTOMUS
COMMERSONII)
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5.1 INTRODUCTION
The Athabasca oil sands deposit is estimated to contain over 1.8 trillion barrels of oil in
the form of bitumen, a semi-solid form of petroleum. It is estimated that 168 billion barrels of oil
are accessible using current technology, making it the third largest proven oil reserve in the
world after deposits in Saudi Arabia and Venezuela [7]. This resource has developed rapidly
over the past decade producing 2.3 million barrels of oil per day as of 2014 [7]. Due to the rapid
expansion and scale of development associated with the industry, there are concerns regarding
potential impacts on the Athabasca River watershed [3, 8].
Bitumen is extracted from the Athabasca oil sands deposit using both in situ and open-pit
extraction techniques, with open-pit mining responsible for approximately half of production in
2014 [7]. Bitumen recovered from open-pit mines is extracted using variations on the Clark hot
water extraction process and has accumulated over 830 million m3 of tailings and oil sands
process-affected water (OSPW) as a by-product of bitumen extraction [64]. OSPW consists
primarily of water, silt, and clay, as well as residual bitumen and contains metals and petrogenic
chemicals such as NAs and PAHs. As this material is acutely toxic to aquatic life [11, 24],
provincial regulations require it to be stored on-site until it can be safely reincorporated into a
reclaimed landscape [14]. While containment systems have been reasonably effective in
containing OSPW, Frank et al. [3] identified chemical components characteristic of OSPW in
groundwater samples adjacent to oil sands tailings impoundments. This would suggest seepage
of OSPW into the Athabasca watershed and tailings stored in impoundments have the potential
to impact the aquatic environment.
The oil sands industry is currently exploring several reclamation options to address the
growing stockpile of tailings and process-affected water. These include dewatering techniques
that separate sediment from aqueous tailings to permit the dry disposal of solids (e.g.,
atmospheric drying and centrifuge cake) as well as bioremediation strategies, including end-pit
lakes that integrate OSPW into the structure of biological systems and are expected to form the
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basis for large scale wet reclamation strategies in the future [10, 15]. Research to date on the
potential impacts of end-pit lakes on the aquatic environment has been based on in situ bioassays
using experimental systems constructed to approximate proposed end-pit lake designs, with
effects on growth and reproduction identified in several species of adult fishes [18, 40, 69, 86,
104]. How these experimental systems affect the growth, development, and survival ELS of
fishes is not as well understood and will need to be assessed to determine whether these systems
can support sustainable fish populations.
In addition to OSPW, the Athabasca watershed may be affected by additional sources of
contamination. Oil sands developments have been shown to contribute metals and PAHs to the
aquatic environment through the release of contaminants into the atmosphere during energy
production and coking activities. These compounds are then introduced to the Athabasca
watershed through atmospheric deposition [37, 49]. The Athabasca watershed also contains NAs
[3] and PAHs [4] naturally derived from the erosion of bitumen deposits along the river banks.
Early life stages of spring spawning fishes may be at particular risk as metals and PAHs
sequestered within the snow pack are introduced during the spring freshet, compounding natural
sources of contamination and creating the potential for recruitment failures in spring spawning
fishes, as discussed in Kelly et al. [37, 49].
Small-bodied fish collected from tributaries of the Athabasca River showed alterations in
steroid production and greater EROD activity downstream of areas with active oil sand erosion
[102]. Sediments collected from these areas impacted ELS of Fathead Minnows and White
Sucker reducing survival and increasing rates of malformations and EROD activity under
laboratory conditions [24, 58, 59]. While sediment bioassays demonstrate the potential effects of
naturally derived oil sands contaminants on ELS of fishes [24, 58, 59], our understanding of how
these contaminants directly affect ELS of fishes in the Athabasca watershed are not as well
understood.
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The objective of this study was to determine the effects of oil sands affected waters, both
natural and anthropogenically derived, on the ELS performance of a spring spawning fish, the
White Sucker. Two bioassays were performed to address this objective. The first pond assay
exposed fertilized eggs to water collected during the spring from several lakes, rivers, and
experimental ponds adjacent to the Athabasca oil sands deposit. The second river assay exposed
fertilized eggs to water collected during the spring from tributaries of the Athabasca River.
Indicators of growth, development, and survival were monitored.

5.2 MATERIALS AND METHODS
5.2.1 Pond assay
In May 2011, water samples were collected from seven sites for use in an ELS bioassay to
evaluate their effects on ELS development of White Sucker. These sites included Bison Pond,
the Clearwater River, Demonstration Pond, Horizon Lake, the Loon River, the Muskeg River,
and Pond 10 (Figure 5.1, Table 5.1). Bison Pond was formed in 1987 as a drainage basin in an
area designated to be reclaimed bison pasture on the southern portion of the Syncrude Canada
Limited lease. The basin received overburden during construction that contained bituminous
material and was contaminated with hydrocarbons originating from the McMurray formation.
The Clearwater River was a tributary of the Athabasca River upstream of oil sands developments
but located within the oil sands deposit and is naturally contaminated with hydrocarbons eroding
from the McMurray formation. Demonstration Pond was an experimental pond constructed on
the Syncrude lease in 1993. The pond received 70,000 m3 of fine tailings capped with surface
water to a depth of 2.9 m above the tailings–water interface and is a small-scale version of the
proposed end-pit lake wet reclamation option [10, 70]. Horizon Lake was a habitat compensation
lake constructed in 2008 by Canadian Natural Resources Limited (CNRL) on their Horizon oil
sands lease fed by Tar River. The Loon River was a tributary of the Wabasca River north of
Slave Lake in the Peace River watershed and was selected due to limited industrial development
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Figure 5.1. Map of Fort McMurray area with oil sands developments highlighted in grey.
Sample sites indicated by site ID. See Table 5.1 for additional information.
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Table 5.1. Experimental roles, coordinates and conditions for each of the water and White Sucker sample sites.
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Site
Bison Pond
Clearwater River
Demonstration Pond
Horizon Lake
Loon River
Muskeg River
Pond 10

ID
P1
P2
P3
P4
P5
P6
P7

Assay
Role
Pond Exposure
Pond
Erosion
Pond Exposure
Pond Reference
Pond Reference
Pond Exposure
Pond Exposure

Coordinates
56° 59.850' N
111° 36.175' W
56° 42.045' N
111° 19.719' W
57° 04.950' N
111° 41.300' W
57° 23.200' N
111° 57.800' W
57° 07.467' N
115° 03.564' W
57° 08.056' N
111° 36.013' W
57° 05.049' N
111°41.519' W

Conditions
Bitumen contamination
Bitumen erosion
Fine tailings capped with fresh water
Artificial lake
Limited disturbance
Bitumen erosion, oil sands development
Fine tailings capped with process water

Calling River
Clearwater River
Muskeg River
Lab control
NA extract (1 mg/L)

R1
R2
R3
R4
R5

River
River
River
River
River

Reference
Erosion
Exposure
Control
Exposure

56° 42.045' N
56° 42.045' N
57° 08.056' N

111° 19.719' W
111° 19.719' W
111° 36.013' W

Limited disturbance
Bitumen erosion
Bitumen erosion, oil sands development

Beaver Creek
Calling Lake
Muskeg River

B1
B2
B3

Pond
River
River

Source
Reference
Exposure

56° 59.200' N
55° 13.360' N
57° 08.056' N

111° 36.300' W
113° 11.668' W
111° 36.013' W

Natural lake modified as a reservoir
Limited disturbance
Bitumen erosion, oil sands development

in the area. The Muskeg River was a tributary of the Athabasca River located on the McMurray
formation and within the area affected by oil sands development [37, 49]. The site was naturally
contaminated by hydrocarbons eroding from the McMurray formation and potentially affected
by oil sands operations in the region. Pond 10 was an experimental pond constructed on the
Syncrude lease in the early 1990’s using fine tailings capped with oil sands process water.
Water collected from each site was added to 100 L aquaria. Subsamples from each site
were submitted to Maxxam Analytics Inc. (Calgary, AB, Canada) for analysis including general
water quality parameters, dissolved metals, and PAH concentrations. Each aquarium was fitted
with air stones to maintain aeration and water movement within the tanks. Ten incubators,
constructed from 15.2 cm sections of 7.6 cm diameter polyvinyl chloride pipe with 500 micron
Nytex mesh bottoms (Sefar BDH Inc, Saguenay, Quebec, Canada) were suspended in each tank
to house the eggs. The light-dark cycle was set at 16:8 and temperature was maintained at 15 ±
1°C across the seven tanks by placing them into a 1,000 L acrylic temperature controlled
circulating water bath. Water temperature was monitored continuously at 15 min increments
using a TidbiT v2 water temperature data logger (Onset Computer Corporation, Cape Cod,
Massachusetts, USA) and measured twice daily using a handheld thermometer. The entire setup
was then duplicated in a second 1000 L water bath.
On May 25, 2011, six male and six female ripe White Sucker were collected from Beaver
Creek reservoir (B1; Table 5.1, Figure 5.1) using 1.2 m trap nets with a 46 m leader and 4 cm
mesh set overnight and transported to holding facilities at the Syncrude Canada Limited,
environmental complex. Fish were euthanized by a concussive blow to the head and stripped of
gametes by applying pressure to the ventral surface of the fish and directing eggs or milt toward
the vent where they were collected in a glass bowl, pooled separately, and held on ice until
fertilization. Milt was then added to the eggs and stirred throughout. Water was stirred into the
mixture to initiate fertilization and left to harden for 1 h. Once cleavage was observed in a
subsample of eggs, approximately ~100 eggs were allocated at random to each of the incubators
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for a total of ~14,000 eggs. Live eggs and larvae were counted each day, with dead individuals
removed from the assay to reduce the risk of fungal infection. Every two days, eggs were dipped
into a 1.5 ml/L formalin bath for 15 min to control fungal infections as described in Rach et al.
[133]. On June 5, 2011 (12 days post fertilization), all surviving larvae had reached swim-up.
Cumulative mortality was calculated for each site by subtracting the number of surviving larvae
from the number of initial eggs. It was discovered at this time that a number of larvae had
escaped the incubators post hatch; estimates of time to eye-up and time to hatch among sites
were determined to be unreliable and were not examined further. Surviving larvae from each
treatment were then pooled and euthanized using an overdose of MS-222 and preserved in 10%
phosphate buffered formalin. Larvae from each site were then examined using a dissecting
microscope with total length measured (± 0.5 mm) and the occurrence and severity of edema
(abdominal and pericardial) and skeletal deformities (lordosis, kyphosis, scoliosis, and facial
cranial) recorded. Severity was graded based on a scale ranging from 0 for no deformity to 3 for
severe deformity.
5.2.2 River assay
In May 2012, water samples were collected from three sites for use in an ELS bioassay to
evaluate their effects on ELS development of White Sucker. These included the Calling River,
Clearwater River, and Muskeg River (Figure 5.1, Table 5.1). Two additional laboratory samples
were included in the assay. These included a de-chlorinated laboratory control as well as a 1
mg/L tailings-derived NA standard prepared using de-chlorinated laboratory water. For details
on the preparation of the NA standard see MacDonald et al. [80]. Subsamples were collected
from each water sample and submitted to Maxxam Analytics Inc. (Calgary, AB, Canada) for
water quality analysis including select quality parameters and dissolved trace metals.
Eggs and milt used in the ELS assay were collected from six male and six female White
Sucker collected from both tributaries of Calling Lake on May 12, 2012 (B2; Table 5.1, Figure
5.1) and the Muskeg River on May 8, 2012 (B3; Table 5.1, Figure 5.1). Fish were injected with
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Ovaprim (Syndel, Qualicum Beach, BC) at a concentration of 0.5 ml per kg of body weight.
Ovaprim contains Ova-RH, a synthetic analogue of Salmon GnRH as well as a dopamine
inhibitor designed to induce ovulation and spermiation in spawning fishes. Four days after
injection, the fish were euthanized by a concussive blow to the head and striped of gametes with
the eggs and milt pooled separately and stored on ice prior to being transported to the University
of Saskatchewan, Toxicology Center, where the eggs were fertilized as described in section
5.2.1. Fertilization occurred within five hours of gamete collection [57]. Only fertilized eggs
undergoing cleavage 2 h post-fertilization were selected for the bioassay.
Each of the five water sources (referred to herein as sites) were distributed among 15
aquaria, each 100 L in volume, housed in an environmental room at the University Of
Saskatchewan, Toxicology Center. Each of the five sites were replicated three times. Ten
incubators were placed in each tank constructed from 15.2 cm sections of PVC pipe 3.8 cm in
diameter with a cross section of 500 micron Nytex mesh placed at the center to suspend the eggs.
Four holes, 2.5 cm in diameter, were drilled through the base of each incubator to provide water
flow. Each aquarium was fitted with air stones to maintain aeration and water movement within
the tanks. For each tank, five of the incubators received 10 fertilized eggs each from the Calling
Lake White Sucker population, while the other five received 10 fertilized eggs each from the
Muskeg River population. Live eggs were counted daily as well as the number of eggs that had
eyed-up or hatched, with dead eggs removed from the assay to reduce the risk of fungal
infection. The exposure for each population was conducted over a 22-day period. Fungal
infections were controlled using a 15 min 1.5 ml/L formalin bath as described in Rach et al.
[133] on May 16, 19, 21, and 23. Temperature was monitored daily using a handheld
thermometer and maintained at 15 ± 1 °C throughout the exposure period. Endpoints monitored
included survival, as well as time to eye-up, time to hatch, and mortality rate. Remaining larvae
from each incubator were euthanized using an overdose of MS-222 and fixed in 10% phosphate
buffered formalin for three days and preserved in 95% ethanol. Additional endpoints to be
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measured included larvae length, weight, and rates of deformity; however, samples were
compromised during shipment to the University of Prince Edward Island and desiccated before
these endpoints could be examined.
Four additional assays were conducted alongside the 2012 ELS assay examining alternate
rearing techniques requiring smaller water volumes, including the use of 12 well plates and
scintillation vials, as well as two separate dilution series using OSPW and a NA extract to
examine dose response relationships. These samples were compromised during the exposure
with higher than expected evaporation rates reducing water volumes and creating variable
exposure conditions. As a consequence, results were confounded and mortality rates were high
across treatments. No usable data were produced.

5.2.3 Statistical analysis
For the pond assay, differences in survival, the occurrence of skeletal deformities, and the
occurrence of edema were compared among sites and tanks using binary logistic regression. If
there were no significant differences between tanks, they were pooled in the analysis. Contrasts
were made relative to the Loon River to determine whether sites differed significantly from the
negative control. Binary logistic regression was used for these analyses instead of ANOVA as
survival and the occurrence of deformities results in binary outcomes, and ANOVA assumes a
normal distribution of the outcome variable that cannot be satisfied using binary data [134]. The
results of the chi-square goodness of fit test (Χ2) were presented to provide a measure of whether
the model significantly fit the observed data. Differences in larvae length were examined among
sites using a general linear model with untransformed data. Site was a fixed factor in the
analysis, with sites nested within tanks.
For the river assay, differences in survival, time to eye-up, time to hatch, and time to death
between sites and populations were examined. Comparisons between sites were based on the
number of days post fertilization for 50% (t50) of the population to reach the specific endpoint.
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Comparisons were made using a general linear model with population, site, and the interaction
between these variables as the independent variables with the interaction between population and
site nested within tanks. Proportional data were transformed prior to analysis using an acrsine
transformation [134].
For comparisons using the general linear model, the normality of the dependent variables
was assessed graphically by examining the distribution of residuals using normal probability
plots. Homogeneity of variance was assessed using the Levene test. Contrasts were conducted
using the Bonferroni test. The significance level for all analyses was defined a priori as α = 0.05.
5.3 RESULTS
5.3.1 Pond assay
Water quality parameters were similar among the Clearwater River, Horizon Lake, Loon
River, and Muskeg River. Compared to these sites, pH, conductivity, and salinity were greater at
Bison Pond, Demonstration Pond, and Pond 10. Water hardness was also greater at Bison Pond
(Table 5.2). Most metals and trace elements occurred below Canadian Council of Ministers of
the Environment (CCME) [81] chronic guidelines for the protection of aquatic life, with the
exception of aluminum at Pond 10, arsenic at Demonstration Pond and Pond 10, boron at Pond
10, and iron at Horizon Lake. Arsenic at Pond 10 was the only element that exceeded CCME
[81] guidelines by more than two fold (Table 5.2). Unalkylated PAHs were also below detection
limits at all sites.
Survival was low across sites ranging from 2.8 to 4.1% (Figure 5.2). No significant
differences were observed between sites (p = 0.604), but significant differences were observed
between replicate tanks (19.4% difference, p = 0.008; Χ2 <0.001). A total of 445 surviving larvae
were used in subsequent analyses of length and deformities (Bison Pond n = 67, Clearwater
River n = 75, Demonstration Pond n = 41, Horizon Lake n = 72, Loon River n = 78, Muskeg
River n = 53, Pond 10 n = 59). The mean length (mm ± SE) of larvae was 10.8 ± 0.1
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Table 5.2. Water quality parameters for each of the sites used in the pond bioassay. Parameters exceeding CCME chronic guidelines for the
protection of aquatic life are indicated in bold. Concentrations below detection limits are listed as less than (<) the detection limit.
Parameter

Units

Bison Pond

mg/L
µS/cm
ppt

May 19
8.21
387
1.811
0.93

Chemical elements (dissolved)
Aluminum (Al)
mg/L
Antimony (Sb)
mg/L
Arsenic (As)
mg/L
Barium (Ba)
mg/L
Beryllium (Be)
mg/L
Boron (B)
mg/L
Cadmium (Cd)
ug/L
Calcium (Ca)
mg/L
Chromium (Cr)
mg/L
Cobalt (Co)
mg/L
Copper (Cu)
mg/L
Iron (Fe)
mg/L
Lead (Pb)
mg/L
Lithium (Li)
mg/L
Magnesium (Mg)
mg/L
Manganese (Mn)
mg/L

0.005
<0.0006
0.0013
0.02
<0.001
0.3
<0.005
73
<0.001
<0.0003
<0.0002
0.11
<0.0002
0.06
50
0.038

Sampling Date
pH
Hardness (CaCO3)
Conductivity
Salinity

Clearwater Demonstration
River
Pond
May 31
May 18
8.08
8.59
62
76
0.235
1.761
0.11
0.90

109

0.001
<0.0006
0.0013
0.02
<0.001
0.04
<0.005
16
<0.001
<0.0003
0.0008
0.09
<0.0002
<0.02
5.4
0.005

0.053
<0.0002
0.006
0.02
<0.001
1.1
<0.005
9
<0.001
<0.0003
0.0004
0.10
<0.0002
0.07
13
<0.004

Horizon
Lake
June 6
7.82
98
0.218
0.10

Loon
River
May 14
8.00
146
0.342
0.16

Muskeg
River
May 31
8.12
106
0.27
0.13

Pond 10

0.017
<0.0006
0.0003
0.03
<0.001
0.03
0.008
27
<0.001
<0.0003
0.0009
0.42
<0.0002
<0.02
7.6
0.008

0.006
<0.0002
0.0005
0.03
<0.001
0.04
<0.005
43
<0.001
<0.0003
0.0005
0.28
<0.0002
<0.02
9.3
0.028

0.005
<0.0006
0.0015
0.03
<0.001
0.05
0.015
29
<0.001
<0.0003
0.001
0.09
0.0004
<0.02
8.2
<0.004

0.11
<0.003
0.011
0.03
<0.005
2.2
<0.03
8.9
<0.005
<0.002
0.001
<0.06
<0.001
0.1
8.4
<0.004

May 31
8.81
57
3.046
1.6

Table 5.2. Water quality parameters (continued)
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Mercury (Hg)
Molybdenum (Mo)
Nickel (Ni)
Phosphorus (P)
Potassium (K)
Selenium (Se)
Silicon (Si)
Silver (Ag)
Sodium (Na)
Strontium (Sr)
Sulphur (S)
Thallium (Tl)
Tin (Sn)
Titanium (Ti)
Uranium (U)
Vanadium (V)
Zinc (Zn)

ug/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L
mg/L

0.003
0.0003
0.0009
<0.1
15
<0.0002
<0.1
<0.0001
220
0.66
180
<0.0002
<0.001
<0.001
0.0002
<0.001
0.024

0.011
0.0003
0.0006
0.2
1.4
<0.0002
2.7
<0.0001
19
0.08
2.3
<0.0002
0.006
<0.001
<0.0001
<0.001
<0.003

0.003
0.0015
0.0015
<0.1
2.9
<0.0002
0.2
<0.0001
310
0.16
56
<0.0002
<0.001
0.002
0.0016
0.002
<0.003

0.011
0.001
0.0019
<0.1
1.8
<0.0002
2.4
<0.0001
6.5
0.1
7
<0.0002
<0.001
<0.001
0.0002
<0.001
0.004

<0.002
0.0004
0.0011
<0.1
2.9
<0.0002
1.7
<0.0001
9.8
0.14
11
<0.0002
<0.001
<0.001
0.0002
<0.001
<0.003

0.012
<0.0002
0.0006
0.2
1.5
<0.0002
1.7
<0.0001
12
0.08
1.8
<0.0002
0.014
<0.001
<0.0001
<0.001
<0.003

0.018
0.005
<0.003
0.4
6.1
<0.001
2.3
<0.0005
650
0.19
66
<0.001
0.013
<0.005
0.0038
<0.005
<0.02

Polycyclic aromatic hydrocarbons (PAHs)
Acenaphthene
ug/L
<0.10
Acenaphthylene
ug/L
<0.10
Acridine
ug/L
<0.20
Anthracene
ug/L
<0.010
Benzo(a)anthracene
ug/L
<0.0085
Benzo(b&j)fluoranthene ug/L
<0.0085
Benzo(k)fluoranthene
ug/L
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

<0.10
<0.10
<0.20
<0.010
<0.0085
<0.0085
<0.0085

Table 5.2. Water quality parameters (continued)
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Benzo(g,h,i)perylene
ug/L
<0.0085
<0.0085
<0.0085
Benzo(c)phenanthrene
ug/L
<0.050
<0.050
<0.050
Benzo(a)pyrene
ug/L
<0.0075
<0.0075
<0.0075
Benzo(e)pyrene
ug/L
<0.050
<0.050
<0.050
Chrysene
ug/L
<0.0085
<0.0085
0.01
Dibenz(a,h)anthracene
ug/L
<0.0075
<0.0075
<0.0075
Fluoranthene
ug/L
<0.040
<0.040
<0.040
Fluorene
ug/L
<0.050
<0.050
<0.050
Indeno(1,2,3-cd)pyrene
ug/L
<0.0085
<0.0085
<0.0085
2-Methylnaphthalene
ug/L
<0.10
<0.10
<0.10
Naphthalene
ug/L
<0.10
<0.10
<0.10
Phenanthrene
ug/L
<0.050
<0.050
<0.050
Perylene
ug/L
<0.050
<0.050
<0.050
Pyrene
ug/L
<0.020
<0.020
0.02
Quinoline
ug/L
<0.20
<0.20
<0.20
Concentrations below detection limits are listed as less than (<) the detection limit.

<0.0085
<0.050
<0.0075
<0.050
<0.0085
<0.0075
<0.040
<0.050
<0.0085
<0.10
<0.10
<0.050
<0.050
<0.020
<0.20

<0.0085
<0.050
<0.0075
<0.050
<0.0085
<0.0075
<0.040
<0.050
<0.0085
<0.10
<0.10
<0.050
<0.050
<0.020
<0.20

<0.0085
<0.050
<0.0075
<0.050
<0.0085
<0.0075
<0.040
<0.050
<0.0085
<0.10
0.11
<0.050
<0.050
<0.020
<0.20

<0.0085
<0.050
<0.0075
<0.050
<0.0085
<0.0075
<0.040
<0.050
<0.0085
<0.10
0.13
<0.050
<0.050
<0.020
<0.20

Figure 5.2. Percent survival for early life stages of White Sucker exposed to multiple water
sources across replicate tanks. Significant differences among sites are indicated using lower case
letters with sites sharing a common letter not significantly different from each other
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across sites, with the exception of larvae exposed to water from Demonstration Pond (9.4 ± 0.1)
and Pond 10 (8.2 ± 0.1), which were significantly shorter (Figure 5.3).
Site was found to be a significant predictor of both edema (p <0.001) and skeletal
deformities (p <0.001) based on the results of the binary logistic regression (Χ2: edema p <0.001;
skeletal deformity p <0.001, respectively), and no significant interactions were observed
between tanks (edema p = 0.587; skeletal deformity p = 0.884). Contrasts indicated that
Demonstration Pond and Pond 10 had significantly greater occurrences of deformity when
compared to the negative control (Loon River; Table 5.3 and Table 5.4).
The mean rate of edema was 2.5% ± 0.5 across sites, with the exception of Demonstration
Pond and Pond 10, which were significantly greater at 68.3% and 100.0% respectively (Figure
5.4). Both pericardial and abdominal edema were detected at similar rates at Demonstration
Pond (58.5% and 48.8% respectively) and Pond 10 (100.0% and 96.6% respectively) (Figure
5.5), with a mean severity value of 1.1 at Demonstration Pond and 1.9 at Pond 10 (Figure 5.6).
The mean rate of skeletal deformity was 6.7% ± 0.7 across sites, with the exception of
Demonstration Pond and Pond 10, which were significantly greater at 85.4% and 96.6%
respectively (Figure 5.7). For larvae exposed to water from Demonstration Pond, deformities
were spinal in nature with the majority of the fish exhibiting lordosis (43.9%) or kyphosis
(48.8%), whereas kyphosis was the predominant skeletal deformity present for Pond 10 (77.6%)
(Figure 5.8). The severity of deformities was also greater at Pond 10, ranging from 1.8 for
lordosis to 2.6 for cranial deformities. At Demonstration Pond, deformity index values ranged
from 1.3 for kyphosis to 1.6 for scoliosis (Figure 5.9). A supporting image illustrating several
common deformities from Demonstration Pond and Pond 10 is presented in Figure 5.10.
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Mean total length (mm) ± SE
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Figure 5.3: Mean length (mm ± SE) of White Sucker larvae sampled after a 12 day exposure.
Significant differences among sites are indicated using lower case letters with sites sharing a
common letter not significantly different from each other.

Table 5.3. Results of a binary logistic regression comparing the occurrence of pericardial or
abdominal edema in White Sucker exposed to a negative control (i.e., Loon River) to all other
sites examined.
Parameter
Constant
Bison
Clearwater
Demonstration
Horizon
Muskeg
Pond 10

Estimate

Standard Error

Z

p-Value

3.219
0.262
1.085
-3.986
0.337
0.732
-7.279

0.589
0.929
1.166
0.678
0.928
1.169
1.168

5.467
0.283
0.931
-5.882
0.363
0.627
-6.233

<0.001
0.778
0.352
<0.001
0.717
0.531
<0.001
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95% Confidence Interval
Lower
Upper
2.065
4.373
-1.557
2.082
-1.201
3.371
-5.314
-2.658
-1.482
2.155
-1.558
3.023
-9.568
-4.990

Table 5.4: Results of a binary logistic regression comparing the occurrence of skeletal
deformities in White Sucker exposed to a negative control (i.e., Loon River) to all other sites
examined.
Parameter
Constant
Bison
Clearwater
Demonstration
Horizon
Muskeg
Pond 10

Estimate

Standard Error

Z

p-Value

2.485
0.575
0.154
-4.249
-0.087
0.021
-5.412

0.425
0.728
0.628
0.613
0.602
0.672
0.729

5.848
0.791
0.245
-6.930
-0.145
0.031
-7.421

<0.001
0.429
0.806
<0.001
0.885
0.976
<0.001

95% Confidence Interval
Lower
Upper
1.652
3.318
-0.851
2.002
-1.077
1.386
-5.450
-3.047
-1.267
1.093
-1.296
1.337
-6.841
-3.982
a

Occurrence of edema (%)

100
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b
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0

Figure 5.4. Percent of White Sucker larvae presenting edema from each site. Significant
differences among sites are indicated using lower case letters with sites sharing a common letter
not significantly different from each other.
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Figure 5.5: Percentage of White Sucker affected by specific edemas at each site.
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Figure 5.6: Mean edema index value for affected White Sucker observed at each site.
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Figure 5.7: Percent of White Sucker larvae presenting skeletal deformities from each site.
Significant differences among sites are indicated using lower case letters with sites sharing a
common letter not significantly different from each other.
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Figure 5.8: Percentage of White Sucker affected by skeletal deformities at each site.
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Skeletal deformity index

3.0
2.5
2.0
Scoliosis

1.5

Lordosis
1.0
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Cranial

0.5
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Figure 5.9: Mean skeletal deformity index for affected White Sucker observed at each site.

Figure 5.10: Image of White Sucker larvae preserved 12 days post fertilization after exposure to
water collected from the Loon River (above) and Pond 10 (below). Several deformities
commonly observed in fish exposed to aged tailings are indicated including kyphosis, cranial
edema, abdominal edema and pericardial edema.
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5.3.2 River assay
Water quality parameters were similar among the Muskeg River, Calling Lake, and
Clearwater River, with the exception of water hardness that was greater at the Muskeg River
(Table 5.5). Most metals and trace elements occurred below CCME [81] chronic guidelines for
the protection of aquatic life, with the exception of iron at the Clearwater River, which exceeded
guidelines by more than two fold (Table 5.5).
Between the Calling Lake and Muskeg River populations, significant differences were
observed in survival, time to eye-up, time to hatch, and rate of mortality (Table 5.6). Survival of
White Sucker ELS was low for both populations, with a survival rate of 4.7% for eggs
originating from Calling Lake and 21.5% for eggs originating from the Muskeg River. No
differences were observed in survival among sites (Figure 5.11). Time to eye-up was 8.7 days
for eggs from Calling Lake and 9.7 days for eggs from the Muskeg River, with no significant
differences among sites (Figure 5.12). Time to hatch was 11.5 days for eggs from Calling Lake
and 12.3 days for eggs from the Muskeg River. No differences were observed in time to hatch
among sites for eggs from Calling Lake; however, eggs from the Muskeg River hatched earlier
when exposed to water from the Calling and Clearwater Rivers when compared to those exposed
to water from the Muskeg River and a 1 mg/L NA extract (Figure 5.13). Mortality reached 50%
at 5.1 days for eggs from Calling Lake and 6.5 days for fish from the Muskeg River. No
differences were observed among sites (Figure 5.14). Significant differences were observed
among tanks for each of the endpoints examined (Table 5.6).

119

Table 5.5: Water quality parameters for each of the sites used in the pond bioassay. Parameters
exceeding CCME chronic guidelines for the protection of aquatic life are indicated in bold.
Concentrations below detection limits are listed as less than (<) the detection limit.
Parameter

Units

Muskeg
River
May 8
7.97
139
0.276
0.13

Calling
Lake
May 14
7.53
57.22
0.159
0.08

Clearwater
River
May 8
7.56
55.95
0.148
0.07

Sampling date
pH
Hardness (CaCO3)
mg/L
Conductivity
µS/cm
Salinity
ppt
Chemical elements (dissolved)
Aluminum (Al)
mg/L
0.0034
0.0022
0.043
Antimony (Sb)
mg/L
<0.0006 <0.0006
<0.0006
Arsenic (As)
mg/L
0.00028
0.00040
0.00044
Barium (Ba)
mg/L
0.034
0.019
0.020
Beryllium (Be)
mg/L
<0.001
<0.001
<0.001
Boron (B)
mg/L
0.043
<0.020
0.025
Cadmium (Cd)
µg/L
<0.005
<0.005
0.016
Calcium (Ca)
mg/L
39
16
15
Chromium (Cr)
mg/L
<0.001
<0.001
<0.001
Cobalt (Co)
mg/L
<0.0003 <0.0003
<0.0003
Copper (Cu)
mg/L
0.00041
0.00026
0.0011
Iron (Fe)
mg/L
0.26
<0.06
0.62
Lead (Pb)
mg/L
<0.0002 <0.0002
0.00024
Lithium (Li)
mg/L
<0.02
<0.02
<0.02
Magnesium (Mg)
mg/L
10
4.2
4.5
Manganese (Mn)
mg/L
<0.004
<0.004
<0.004
Mercury (Hg)
ug/L
<0.0020
0.0022
0.0031
Molybdenum (Mo)
mg/L
<0.0002 <0.0002
0.00028
Nickel (Ni)
mg/L
<0.0005 <0.0005
0.0012
Phosphorus (P)
mg/L
<0.1
<0.1
<0.1
Potassium (K)
mg/L
2.0
1.0
1.4
Selenium (Se)
mg/L
0.00079
0.00086
0.00051
Silicon (Si)
mg/L
3.0
1.3
3.6
Silver (Ag)
mg/L
<0.0001 <0.0001
<0.0001
Sodium (Na)
mg/L
13
4.6
10
Strontium (Sr)
mg/L
0.098
0.081
0.066
Sulphur (S)
mg/L
3.2
0.85
2.0
Thallium (Tl)
mg/L
<0.0002 <0.0002
<0.0002
Tin (Sn)
mg/L
<0.001
<0.001
<0.001
Titanium (Ti)
mg/L
<0.001
<0.001
<0.001
Uranium (U)
mg/L
<0.0001 <0.0001
<0.0001
Vanadium (V)
mg/L
<0.001
<0.001
<0.001
Zinc (Zn)
mg/L
0.0044
0.0054
0.0050
Concentrations below detection limits are listed as less than (<) the detection limit.
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Table 5.6: Output statistics from general linear models examining differences in survival, time to eye-up, time to hatch, and mortality rates among
White Sucker from two populations and five sites, with population and site nested within tanks. Degrees of freedom (df), f-ratios and p-values are
presented. Significant differences are highlighted in bold.

Population
Site
Population*Site
Tank (Population*Site)
Error

df
1
4
4
20
120

Survival
f-ratio p-value
78.01
<0.001
0.49
0.743
0.83
0.508
2.41
0.002

df
1
4
4
19
80

Time to Eye-up
f-ratio p-value
131.45 <0.001
2.363
0.060
1.27
0.289
6.676
<0.001

Time to Hatch
df f-ratio p-value
1 21.266 <0.001
4
7.505
<0.001
4
1.352
0.259
19 6.151
<0.001
72

df
1
4
4
20
120

Mortality
f-ratio p-value
44.101 <0.001
0.344
0.848
1.697
0.155
1.765
0.032
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Figure 5.11: Percent survival of White Sucker eggs and larvae among sites for populations
originating from Calling Lake and the Muskeg River. Significant differences among sites are
indicated using lower case letters with sites sharing a common letter not significantly different
from each other.

Figure 5.12: Differences in days to eye-up for White Sucker eggs and larvae among sites for
populations originating from Calling Lake and the Muskeg River. Significant differences among
sites are indicated using lower case letters with sites sharing a common letter not significantly
different from each other.
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Figure 5.13. Differences in days to hatch for White Sucker eggs and larvae among sites for
populations originating from Calling Lake and the Muskeg River. Significant differences among
sites are indicated using lower case letters with sites sharing a common letter not significantly
different from each other.

Figure 5.14: Differences in days to mortality for White Sucker eggs and larvae among sites for
populations originating from Calling Lake and the Muskeg River. Significant differences among
sites are indicated using lower case letters with sites sharing a common letter not significantly
different from each other.
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5.4 DISCUSSION
Exposure of White Sucker ELS to aged OSPW resulted in reduced growth (i.e., larvae
length) and an increase in the prevalence of developmental abnormalities, including pericardial
and abdominal edema, and spinal defects. No effects were detected in survival. Developmental
abnormalities resulting from OSPW exposure were similar to those associated with blue-sac
disease (BSD), a syndrome previously described in ELS of fishes exposed to
2,3,7,8-tetrachlorodibenzodioxin (TCDD) that is typically characterized by CYP1A induction,
ELS mortality, and developmental abnormalities including pericardial and abdominal edema,
hemorrhages and spinal defects [135].
Pericardial and abdominal edema in ELS of fishes is generally characterized by swelling of
the pericardial and yolk sacs, respectively. Edema is believed to be caused by a breakdown of
epithelial tissue in the skin and blood vessels resulting in disruption of the osmoregulatory and
circulatory systems. This leads to a reduction in blood flow and increased permeability of the
skin and vasculature, resulting in fluid uptake and edema. The pressure on the vascular system
then contributes to heart malformations and eventually cardiac arrest [136-138].
Congenital spinal deformities such as those observed in response to OSPW exposure
(kyphosis, lordosis, and scoliosis), are caused by failures of formation and segmentation of the
spine during development, resulting in vertebral fusion altering the three dimensional structure
of the spine [139]. Although specific mechanisms of action are not well understood, several
environmental factors can interfere with vertebrae development by disrupting gene expression
and signalling pathways increasing the prevalence of these disorders [139]. These include
exposure to teratogenic compounds such as polychlorinated biphenyls, methylmercury, and
PAHs, as well as vitamin deficiencies, particularly vitamin C (ascorbic acid). Ascorbic acid is
important in larval development for collagen formation and as an antioxidant. Under oxidative
stress (e.g., exposure to PAHs), ascorbic acid is consumed [140], reducing availability for
collagen development in the spine and causing deformity.
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PAHs have also been found to induce BSD, with deformities observed in ELS of Rainbow
Trout, Fathead Minnow, and White Sucker exposed to these compounds [58, 141]. The potency
of TCDD and PAHs in inducing BSD would suggest that effects are mediated by the AhR, the
primary mode of toxicity associated with these compounds. In this study, effects did not
correlate with PAH or dioxin concentrations. Dioxins are not known to occur in these systems
and Bison Pond, which was previously determined to have significantly greater concentrations
of PAHs than Demonstrations Pond [104], had relatively low incidences of deformities. This
would suggest alternative toxicants were responsible for the effects observed. Effects similar to
BSD have been previously described in ELS of Yellow Perch and Japanese Medaka (Orizias
latipes) exposed to OSPW and a commercial NA extract [23], suggesting NAs may induce a
response similar to BSD (i.e., developmental abnormalities including edema and spinal defects).
Naphthenic acid concentrations in this study (6.8 mg/L at Demonstration Pond and 59 mg/L at
Pond 10 [19, 79, 104]) were within the range of the lowest observable adverse effect
concentrations reported for Japanese Medaka and Yellow Perch exposed to OSPW derived NAs
(6.18 mg/L and 7.52 mg/L respectively) [23]. Naphthenic acids are not known to interact with
the AhR [79, 142], suggesting toxicity occurs through an alternate mode of action.
PAHs and NAs have been shown to induce oxidative stress [141, 143-145], which results
from the saturation of antioxidant defense mechanisms as concentrations of reactive oxygen
species exceed those produced in normal functioning of cells. If reactive oxygen species reach
sufficient concentration, this can lead to cell and tissue damage [146]. TCDD [144] and PAHs
[141, 143] have been shown to induce oxidative stress through the formation of reactive oxygen
species during AhR mediated metabolism. The role of oxidative stress in the toxicity of NAs is
not as well understood. Zhang et al. [147] found up-regulation of genes involved in mitigating
oxidative stress in Escherichia coli after a 3-hour exposure to a NA mixture, while Wiseman et
al. [145] found transcripts associated with oxidative stress were up-regulated in Fathead
Minnows following OSPW exposure. He et al. [146] found evidence that oxidative stress may be
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the primary mode of action in OSPW toxicity for ELS of Fathead Minnows, with significantly
greater concentrations of reactive oxygen species and up-regulation of transcripts associated
with an oxidative stress response in fish exposed to OSPW. One potential approach to determine
whether effects related to NA exposure result from oxidative stress would be to examine the
ratio of oxidized and reduced glutathione, an antioxidant involved in protecting tissues from
oxidative stress, in reference and exposed individuals and assess whether vitamin E, a peroxyl
radical scavenger, attenuates these effects in fish exposed to NAs [148, 149].
As an alternative mechanism, He et al. [146] proposed that organic compounds within
OSPW, potentially NAs, act as agonists of the pregnane-x-receptor. The pregnane-x-receptor
induces production of CYP3A, a phase I oxidative enzyme that is responsible for the metabolism
of xenobiotics. Overproduction of CYP3A would result in oxidative stress and promote the
activation of caspase enzymes leading to apoptotic cell death. As an anti-oxidant, ascorbic acid
would be consumed in this process, leading to an ascorbic acid deficiency causing spinal
deformities. Epithelial cells in the skin and circulatory system would also be disrupted, affecting
osmoregulatory and vascular function, resulting in pericardial and abdominal edema. Further
research is needed to support this hypothesis, as well as determine whether NAs bind the
pregnane-x-receptor.
White Sucker ELS exposed to surface waters collected from tributaries of the Athabasca
Rivers showed no differences in time to eye-up, time to hatch, or mortality rate, relative to a
laboratory control. This was in contrast to findings by Colavecchia et al. [24, 58], who
conducted ELS bioassays with Fathead Minnows and White Sucker using sediments from
neighbouring tributaries of the Athabasca River, the Ells, and Steepbank Rivers. Colavecchia et
al. [24, 58] found reduced ELS survival, size and time to hatch, as well as an increase in the
occurrence of developmental abnormalities in fish exposed to sediments that contained bitumen,
compared to reference samples collected upstream. The discrepancy between the two studies
would primarily be due to differences in assay design. White Sucker used in the sediment
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bioassay were exposed to PAH concentrations of up to 1.4 µg/L [58], compared to fish exposed
to surface water PAH concentrations of 0.1 µg/L herein. White Sucker have also been shown to
be less sensitive to PAHs than other species. For example Fathead Minnow PAH LC50 was
found to range from 47 to 330 μg/g and White Sucker PAH LC50 ranged from 95 to 860 μg/g
[59], indicating a higher threshold may be required to induce effects. It is difficult to make
further comparisons between the two studies as low rates of survival across treatments resulted
in insufficient tissue available for measuring CYP1A induction and desiccation of the larvae
during transit prevented the quantification of deformities.
Surface water concentrations of metals and unalkylated PAHs were below those generally
associated with injury [81]. However, the analytical methods used to quantify PAHs in this study
were insensitive to alkylation, which commonly occurs in PAHs during the weathering process.
As the majority of PAHs present in the Athabasca oil sands occur in alkylated forms [41], these
measurements underestimate the concentrations of PAHs occurring in these systems. For
example, concentrations of PAHs were below detection thresholds in Bison Pond, even though
PAH exposure was previously documented in this system [40, 104].
Due to the low rate of survival among the pond and river assays, it is difficult to interpret
differences in survival in relation to chemical exposure. White Sucker ELS bioassays are
generally considered valid when a post-hatch survival rate of at least 80% is obtained in the
control population [150]. This ensures that differences in survival are related to treatment effects
and not confounded by additional biological and environmental variables. The survival rate in
the control groups were 4.0% in the pond assay and ranged from 5.0 to 27.0% in river assay,
indicating factors aside from treatment effects were interacting with larval performance in each
assay. Based on observations made during the study, egg quality and fungal infections were
likely the primary causes of high ELS mortality. In successful White Sucker ELS assays, eggs
have generally been obtained from mature fish once they have reached their spawning habitat
[e.g., 12, 57, 58]. This ensures that oocyte maturation is complete, increasing the probability of
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successful fertilization and ELS survival. During the pond assay, there were marked differences
in the number of eggs readily obtained among the six fish sampled. This would suggest that not
all of the oocytes used in the experiment were at the same point of development and some of the
oocytes may not have been fully mature. This would have contributed to low fertilization rates
and poor egg viability, substantially reducing the proportion of eggs that survived to hatch. It is
also possible that errors made during handling and rearing could have contributed to this result.
To reduce the potential effects of these issues in the river assay, refinements were made to egg
extraction and husbandry techniques. Ideally, eggs would have been obtained from fish once
they had reached their spawning habitat; however, this approach was not possible in this study as
spawning locations were unknown and access was limited to areas near the mouth of the Muskeg
River and tributaries of Calling Lake. As an alternative, fish were collected, housed in tanks, and
matured using synthetic hormones prior to gamete extraction. While these refinements resulted
in a marked improvement in hatching success of eggs collected from the Muskeg River
population (an increase from 5 to 27% from the previous experiment), survival was still well
below the 80% target and remained very low in eggs obtained from the Calling Lake population
(5%). The difference in survival between the two populations was likely related to the poor
maternal condition of the Calling Lake fish at the time of sampling. Due to an equipment
malfunction, aeration was inadequate for several hours prior to gamete extraction and fish were
in poor health as a consequence. Valdebenito et al. [151] showed that maternal stress was one of
the most important factors in determining egg viability and ELS survival and likely accounted
for the differences in survival between the two populations.
In summary, aged OSPW was found to negatively affect ELS growth and development in
White Sucker. Due to the chemical and biological complexity of these systems, the causative
agents and modes of action could not be conclusively defined. However, similar responses in
ELS of fish exposed to dioxins and PAHs would suggest NAs may contribute to these effects
through a similar mode of action. Dioxins and PAHs induce these effects through the creation of
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reactive oxygen species within the epithelial tissue of the developing embryos, impacting
osmoregulatory and cardiovascular processes, as well as spinal development. Due to the
prevalence and severity of these deformities, it is unlikely these fish would develop normally or
survive to maturity. Assuming similar chemical and biological processes operate at larger scales,
recruitment of fishes exposed to future end-pit lakes may be severely affected and these systems
may not prove capable of supporting sustainable fish populations in their current design. Surface
water collected from tributaries of the Athabasca River did not affect ELS growth or
development, and did not provide evidence that oil sands operations are currently effecting ELS
growth and development of fishes in the Athabasca watershed.
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CHAPTER 6 – GENERAL SUMMARY AND
CONCLUSIONS
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6.1 SUBLETHAL EFFECTS OF AGED OIL SANDS-AFFECTED WATER ON WHITE
SUCKER (CATOSTOMUS COMMERSONII)
In order to gain a better understanding of the potential impacts of integrating aged tailings
into the Athabasca watershed on fish population performance, a 4-month in situ exposure was
conducted exposing White Sucker to aged tailings at the Syncrude Demonstration Pond. We
predicted that White Sucker exposed to aged tailings and unextracted oil sand material would
exhibit a toxicity response with impacts on both energy storage and utilization resulting from
exposure to oil sands-derived contaminants. White Sucker were transferred from a nearby
reservoir to two experimental ponds, one containing aged tailings and the second aged
unextracted oil sands material. After a 4-month period, contaminant exposure was evaluated by
examining cytochrome P4501A (CYP1A) activity, bile metabolites, and metal burden, while
reproductive and energy storage endpoints were compared based on gonad and liver weights,
condition factor and growth, fecundity, and plasma sex steroid concentrations. Data were also
collected from two reference populations in the region to assess regional variation in these
endpoints.
After exposure to aged tailings White Sucker had smaller testes, ovaries and reduced
growth when compared to the source population. Fish introduced to aged unextracted oil sands
material showed an increase in growth over the same period. Limited available energy,
endocrine disruption and chronic stress likely contributed to the effects observed, corresponding
to greater concentrations of NAs, aromatic compounds in bile and greater CYP1A activity. Due
to the chemical and biological complexity of these systems, direct cause-effect relationships
could not be identified; however, effects were associated with NAs, PAHs, ammonia, and high
pH. Impacts on growth have not been previously observed in pelagic fishes examined in these
systems, and may have been related to the association between White Sucker and the sediment.
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6.2 POPULATION IMPACTS IN WHITE SUCKER (CATOSTOMUS COMMERSONII)
EXPOSED TO OIL SANDS-DERIVED CONTAMINANTS IN THE ATHABASCA
RIVER
The impact of oil sands development on fish population performance in the Athabasca
watershed has received a great deal of attention in recent years; however, our scientific
understanding of how oil sands development may affect fish populations remains limited. We
predicted that fish populations exposed to oil sands-derived contaminants such as NAs and
PAHs and would exhibit reduced performance relative to unexposed populations. To test this
prediction, biological and chemical endpoints were measured in White Sucker collected
downstream of Athabasca oil sands developments and compared with those at Calling Lake, a
reference location upstream of the Athabasca oil sands deposit. Naphthenic acid concentrations
were also measured at 14 sites in the Athabasca River watershed.
Concentrations of NAs were greater in tributaries adjacent to oil sands mining
developments. Tributary NA profiles were more similar to aged oil sands process water than
samples from the Athabasca River, suggesting an influence of tailings in the tributaries. White
Sucker showed higher energy storage in the Athabasca River as indicated by significantly higher
condition and liver size. White Sucker were not investing that energy into reproductive effort as
measured by gonad size and fecundity, which were significantly reduced relative to the reference
location. Athabasca River White Sucker showed greater exposure to PAHs as indicated by
hepatic CYP1A activity and fluorescent bile metabolites, as well as higher concentrations of
NAs in bile. Cadmium, copper, nickel, and selenium were also greater in White Sucker liver
tissue when compared to the reference location. These findings indicate that compounds such as
PAHs and metals may present a greater risk to fish populations downstream of oil sands
developments than NAs.
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6.3 ESTROGENIC AND ANDROGENIC ACTIVITY OF AGED OIL SANDSAFFECTED WATERS ASSESSED USING A RECOMBINANT YEAST ASSAY
The objective of this study was to examine whether changes in gonad size previously
observed for fish exposed to oil sands-affected waters corresponded to disruption of sex steroid
pathways. We hypothesized that oil sands-derived contaminants may cause reproductive effects
through competitive binding of the estrogen and androgen receptors. To test this hypothesis,
water samples containing varying concentrations of oil sands-derived contaminants were
extracted using solid phase extraction and their (anti-) estrogenic and (anti-) androgenic
properties were evaluated using a recombinant yeast assay.
There was no evidence of estrogenic or androgenic activity in aged oil sands processaffected waters assessed in this study; however, water samples from Demonstration Pond that
contained aged OSPW were estrogen and androgen receptor antagonists. Due to the chemical
complexity of aged OSPW, causative agents responsible for the antagonistic effects could not be
identified. However, concentrations of NA were greater in aged OSPW and may have
contributed to the effects observed. Naphthenic acids have previously been linked to disruption
of the androgen steroid pathway [25, 129]; however, whether the antagonistic effects observed
resulted from competitive binding of the steroid receptors or a non-genomic response is unclear.
Similarities in response to OSPW between the YES and YAS suggest a common mode of
action, and evidence of disruption of cellular function at NA concentrations similar to the IC50
values observed for the YES and YAS assays suggest a toxicity response may be involved. In
order to confirm whether or not receptor binding was occurring, a receptor binding assay would
be required to evaluate the potential for these water extracts to interact with the estrogen and
androgen receptors.

133

6.4 TOXICITY OF OIL SANDS AFFECTED WATERS ON EARLY LIFE STAGES OF
WHITE SUCKER (CATOSTOMUS COMMERSONII)
To determine whether oil sands affected waters had the potential to impact ELS
development in fishes, a series of bioassays were completed exposing eggs and larvae from
White Sucker to oil sands affected waters. We predicted that oil sands-derived contaminants
would impact growth and survival of ELS of White Sucker at ecologically relevant
concentrations. To test this prediction, fertilized eggs from White Sucker were exposed to water
samples collected from lakes, rivers, and ponds adjacent to the Athabasca oil sands deposit, as
well as water bodies containing aged tailings and unextracted oil sands material.
Exposure of White Sucker ELS to aged OSPW resulted in reduced growth (i.e., larvae
length) and an increase in the prevalence of developmental abnormalities, including pericardial
and abdominal edema, and spinal defects. No effects were detected in survival. Developmental
abnormalities resulting from OSPW exposure were similar to those associated with BSD, a
syndrome previously described in ELS of fishes exposed to TCDD that is typically characterized
by CYP1A induction, ELS mortality, and developmental abnormalities including pericardial and
abdominal edema, hemorrhages and spinal defects [135].
Due to the chemical and biological complexity of these systems, the causative agents and
modes of action could not be conclusively defined. However, similar responses in ELS of fish
exposed to dioxins and PAHs would suggest these effects may be related to the creation of
reactive oxygen species within the epithelial tissue of the developing embryos, impacting
osmoregulatory and cardiovascular processes, as well as spinal development [136-138]. Due to
the prevalence and severity of these deformities, it is unlikely these fish would develop normally
or survive to maturity. Surface water collected from tributaries of the Athabasca River did not
affect ELS growth or development, and did not provide evidence that oil sands operations are
currently effecting ELS growth and development of fishes in the Athabasca watershed.
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6.5 CONCLUSIONS
White Sucker introduced to aged OSPW were exposed to a variety of chemical stressors,
including NAs, alkylated PAHs, dibenzothiophenes, high pH and high concentrations of
ammonia. Adult fish exposed to this material exhibited reductions in somatic growth (i.e., length
and weight) and gonad weight, when compared to the source population, while ELS exhibited a
high prevalence of developmental deformities. Due to the chemical complexity of this system
direct cause and effect relationships could not be established; however, it is likely a combination
of factors were responsible for these effects, including endocrine disruption, chronic stress,
limited resources and oxidative stress.
Endocrine disruption may have contributed to these effects resulting from exposure to
petrochemical compounds including NAs and PAHs, which have the potential to impact
reproductive development [25, 115]. When the estrogenic and androgenic activity of this
material was assessed using a recombinant yeast assay, aged OSPW showed evidence of antiestrogenic and anti-androgenic activity. However, it could not be determined from the assay
whether these effects resulted from competitive binding of the steroid receptors, or non-genomic
interactions. This deficiency may be addressed in future research by evaluating whether or not
binding is inhibited between the estrogen and androgen receptors and their respective steroid
standards in the presence of aged OSPW using a radioimmunoassay. If binding is inhibited, then
competitive binding of NAs may be occurring. If binding is not inhibited, then disruptions may
be occurring in the transcription and translation of the reporter enzyme, which could be assessed
using a combination of qPCR and an enzyme-linked immunosorbent assays.
Chronic stress may also have been a contributing factor to effects on growth and gonad
weight, as an environment high in pH and ammonia can increase the amount of energy required
for fish to maintain ion balance and excrete nitrogenous waste. These effects may be exasperated
by hypertrophy of the gill lamella, as was observed in fish exposed to aged OSPW by van den
Heuvel et al. [20] and Nero et al. [13]. A chronic stress hypothesis is supported by observations
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by McNeil et al. [69] that found increased blood cortisol concentrations in Rainbow Trout
exposed to aged OSPW. Limited resource availability may have also indirectly contributed to the
effects observed, as the low abundance and diversity of benthic invertebrates in Demonstration
Pond may have been insufficient to meet the nutritional requirements of this species, resulting in
reduced growth and gonad development [87].
Early life stages of White Sucker exposed to aged OSPW showed high instances of severe
developmental abnormalities consistent with BSD, suggesting oxidative stress may also be a
contributing factor of effects observed in Demonstration Pond. One method to test this
hypothesis would be to examine the ratio of oxidized and reduced glutathione, an antioxidant
involved in protecting tissues from oxidative stress, in reference and exposed individuals and
assess whether vitamin E, a peroxyl radical scavenger, attenuates these effects in fish exposed to
NAs [148, 149]. Fish exhibiting these severe deformities were not expected to survive to
maturity.
Although specific causative agents in aged OSPW and mechanisms of action could not be
determined from the present study, effects correlated with NA exposure. Based on reductions in
growth and gonad weight, as well as the high prevalence of developmental abnormalities
observed in ELS of White Sucker exposed to OSPW, it is unlikely that end-pit lakes will be able
to support sustainable fish populations without additional remediation.
White Sucker in the Athabasca watershed exhibited higher indices of somatic weight and
liver size, and smaller gonads than individuals collected from a reference area. This response
pattern was different from observations made for White Sucker exposed to aged OSPW,
suggesting an alternate mode of action was responsible for these effects. These differences were
instead consistent with metabolic disruption, characterized by greater energy storage and
reduced reproductive output [106, 107]. Future work in this area should include measures of
glucose and glycogen in muscle tissue and lipid concentrations and inflammation in liver tissue
to confirm changes in somatic and liver indices are due to differences in energy storage.
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Biochemical endpoints suggest exposure to atmospherically derived PAHs may be a contributing
factor to these effects, indicating that White Sucker may have been impacted by oil sands
activity in the region. Greater EROD induction downstream of the oil sands deposit suggests
effects may be related to AhR-mediated toxicity, which would account for smaller gonads in
these fish. No impacts on survival, or rates of deformity were observed in ELS of White Sucker
exposed to water collected from the Muskeg River.
This study detected elevated concentrations of NAs in tributaries of the Athabasca River
located adjacent to oil sands tailings ponds. The relative concentrations of individual NA ions
suggested that NAs were partially derived from OSPW. Although concentrations were below
thresholds believed to cause sublethal effects in fish, concentrations may increase during low
flow periods. Orbitrap LC-HRMS was suitable for characterizing NA ion concentrations, and
additional work should focus on confirming these effects and identifying specific NA ions that
could be used as an indicator of tailings derived NA, and potentially used to quantify oil sands
seepage in the region. The study design used herein could be further refined in future work by
using NA standards derived from tailings ponds most likely to contribute to potential seepage.
As the standard used in this study was derived from aged OSPW, it was chemically distinct from
the active ponds reducing the resolving power of the analysis.
This dissertation contributes to our understanding of how oil sands-derived contaminants
impact native fishes in the Athabasca watershed, combining an effects-based approach with in
situ and laboratory exposures. The results of this work indicate that end-pit lakes may not be
able to support sustainable fish populations due increases in pH over time, impacts on growth
and gonad development, as well as the prevalence of severe developmental abnormalities in ELS
exposed to aged OSPW. Observations from White Sucker captured from the Athabasca
watershed indicate that fish may be impacted by metabolic disruption resulting from exposure to
atmospheric PAHs. Our data also suggests that tailings derived NAs were observed in tributaries
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of the Athabasca River, however concentrations were below thresholds known to cause sublethal
impacts in fish.
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