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Abstract
Nutrient-induced impacts (eutrophication) in estuaries and coastal systems pose
one of the greatest threats to aquatic ecosystem health. Given the economic, cultural and
ecosystem importance of coastal systems, factors negatively impacting them have been a
subject of study for decades. However, objective methods for quantifying the cumulative
effects of nutrients have been elusive and, to date, inconsistent among studies and
regions. This dissertation is composed of four data chapters of novel research to address
the measurement and biological impacts of dissolved oxygen using high frequency data
loggers at multiple estuaries and at a regional scale. The hypothesis tested in Chapter 2
was that high frequency dissolved oxygen measurements are an effective tool for
discriminating between trophic status of estuaries of the southern Gulf of St. Lawrence,
Canada. This was examined by determining whether the amount of dissolved oxygen was
predicted by nutrient loading and water residence time. Using six months of raw
dissolved oxygen data from 15 southern Gulf of St. Lawrence estuaries, metrics were
created that reflect symptoms of eutrophication and then analyzed using multivariate
techniques. Ultimately, these metrics proved effective at discriminating between habitat
type (algae or seagrass dominated) and were correlated with nitrate-N and water
residence time. While dissolved oxygen measured in the upper estuary was successful at
discriminating among estuaries it was unclear if those measurements are indicative of
impacts at other spatial scales, leading to the second chapter. The primary hypothesis
tested in Chapter 3 was that dissolved oxygen parameters in the upper estuary would
relate to the severity of hypoxia on a larger spatial scale in the estuary. To examine the
effect of spatial scale, dissolved oxygen was monitored along the salinity gradient from
the upper estuary to the outer estuary, i.e. where the estuary entered a bay or the
Northumberland Strait. In general, the upper estuary experienced symptoms of
eutrophication earlier and sustained them longer than farther out the estuary, although
impacts were observed farther out the estuary at the most impacted estuaries.
Temperature and tidal amplitude were hypothesized to influence dissolved oxygen within
an estuary, but only temperature had a significant effect and only in the upper estuary.
The hypothesis tested in Chapter 4 was that invertebrate communities in the upper
estuary would be affected by both hypoxia and the dominant vegetation there.
Specifically, this study examined the influence of fine-scale dissolved oxygen on the
invertebrate community in Ulva spp. and Zostera marina habitat. The invertebrate
community was distinct between vegetation types and, in general, communities were
more similar within than among estuaries. The exception was if the community had
recently been exposed to sustained hypoxia/anoxia in the 48 hours prior to sampling.
Communities affected by hypoxia were more similar to each other, regardless of site, and
were differentiated from other communities by a higher proportion of hypoxia tolerant
animals, e.g. some bivalves and gastropods, and a lower proportion of crustaceans.
During field work for Chapter 4 it was observed that amphipods tended to swim
throughout the water column during periods of hypoxia/anoxia and it was hypothesized
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that they may be using surface floating algal mats as refugia. Thus, the hypothesis tested
in Chapter 5 was that invertebrate communities would differ between floating and
submerged mats of Ulva spp.. Ultimately, floating mat communities were found to be
distinct from submerged mats, mostly due to a greater occurrence of rare species. An
increase in the proportion of epibenthic invertebrates on floating mats, relative to
submerged mats, immediately following hypoxia supported the initial hypothesis. The
primary implication was that some epibenthic invertebrates are capable of escaping
hypoxia/anoxia through rafting and that they can potentially repopulate impacted areas
through the same mechanism. The overall objective of this dissertation was to develop
scientifically sound methods for monitoring eutrophication. Ultimately, hourly
measurements of dissolved oxygen in the upper estuary proved more sensitive, and less
labour intensive, compared to monitoring macroinvertebrate communities and to many
other methodologies used to assess eutrophication found in the literature. Refining
nutrient loading, external and internal, and water residence time models used in this study
should improve the relationship between predictor variables and dissolved oxygen in the
upper estuary and at other spatial scales.
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1.

Chapter 1 – General Introduction

1.1

Introduction

1.1.1

Eutrophication
The quality of aquatic systems around the world has been degraded by the impact

of excessive loading of nutrients, sediments and contaminants. This deterioration can
largely be attributed to increased pressure from anthropogenic activity. In North America,
legislation in the United States (Environmental Policy Act, 1970) and Canada (Fisheries
Act, 1985) has helped limit the input of acutely toxic and/or harmful substances into
watercourses. However, North American regulations are relatively lax for non- and sublethal substances, especially compared to those instituted by the European Union
(specifically the Nitrates Directive (1991), the Urban Waste-Water Treatment Directive
(1991), the Water Framework Directive (2000) and the Marine Strategy Framework
Directive (2008)). Despite regulation, non point-source inputs of non-lethal and sublethal substances are pervasive and difficult to quantify and therefore manage (Duinker
and Greig 2006), in contrast to single, point-source inputs with acute effects which are
simpler to manage. For both fresh- and saltwater systems, excess nutrients from multiple
sources poses one of the greatest threats to conservation (Short and Wyllie-Echeverria,
1996). Nutrients from agriculture, sewage and septic systems, industry, fish processing
plants, urban runoff, aquaculture and atmospheric deposition among other sources, can
provide a surplus of otherwise limiting nutrients that result in increased productivity and
overall biomass in aquatic systems, i.e., eutrophication (Larkum et al., 2006). Nitrogen is
generally, though not always, considered the most limiting nutrient in saltwater (Howarth
and Marino, 2006; Paerl et al., 2014) and phosphorus in freshwater (Chambers et al.,
1

2006; Bowman et al., 2007; Schindler et al., 2008) and in both cases, their addition
generally leads to the proliferation of micro- and/or macroalgal species which can have
myriad negative consequences (Duarte, 1995; Hemminga and Duarte, 2000; Schindler et
al., 2008; Valiela, 1995).
1.1.2

Estuaries and eutrophication
Estuaries are loosely defined as the transition, or mixing zone of river and stream

inputs with open marine water (Elliott and McLusky, 2002). Like rivers, estuaries are
partially enclosed, a feature that buffers weather impacts and provides a protected area
for a variety of economically important practices: finfish and shellfish aquaculture,
recreational and commercial fisheries (Deegan, 2002), shipping, various industries,
tourism and recreation. Unlike rivers, however, they endure a range of salinities,
temperatures and risk of desiccation from tidal processes and thus have a unique set of
flora and fauna. While eutrophication can occur in any aquatic system, estuaries are
uniquely impacted as they are directly affected by land-activities through riverine inputs
and marine activities. Nutrient attenuation within rivers is system specific but can be
quite low (Danielescu and MacQuarrie, 2011), meaning that the majority of the nutrients
in the river make their way to the estuary. This is especially true for nitrogen as it is less
limiting in freshwater, resulting in increased productivity where fresh- and saltwater first
mix, i.e., the upper estuary. However, defining the “upper estuary”, and indeed the
boundaries of an estuary at all, can be challenging (Elliott and McLusky, 2002) as
freshwater input, geography and tidal influences vary. For this thesis the inland extent of
the estuary is defined by salinity (whereby the mean of hourly values taken throughout a
full tidal cycle are equal to 0.5 Practical Salinity Units; PSU), and the outer extent by
2

geographical features, i.e. where the estuary opens into a larger body of water and where
fresh and salt water are not stratified.
Prior to increases in human population (Lotze, et al., 2006) and industrialization,
including the development of the Haber-Bosch process in the 1900s which is still the
primary method for synthetically fixing nitrogen into ammonia/nitrate-based fertilizers,
temperate estuaries were generally oligotrophic and dominated by oysters (Beck et al.,
2011) and/or seagrasses (Cooper and Brush, 1993; Larkum et al., 2006; Short et al., 2006;
Burkholder et al., 2007). The seagrass Zostera marina, common name eelgrass, have a
global distribution and is the only seagrass species in the North Atlantic (Skinner et al.,
2013). Zostera marina are efficient at acquiring nitrogen (N) in the form of ammonium or
nitrate, through their leaves, but fix the majority of their N via a symbiotic relationship
between anaerobic bacteria and their rhizomes (Hemminga and Duarte, 2000).
Consequently, eelgrass growth is less N-limited than most marine plants but eelgrass
does have a very high demand for light, rendering it sensitive to shading (Moore and
Wetzel, 2000). Consequently, epiphytic growth, high water column turbidity and
smothering from algae all negatively impact eelgrass productivity through shading
(Burkholder et al., 2007).
In shallow systems of the North Atlantic with high nutrient loading, benthic
macroalgae from the genus Ulva are capable of rapid uptake of nutrients and can
contribute more to primary production than phytoplankton (Burkholder et al., 2007;
Hemminga and Duarte, 2000; Larkum et al., 2006), in contrast to deeper lake and ocean
systems (Meeuwig, 1999; Meeuwig et al., 1998; Valiela, 1995). Without nutrient
limitations Ulva breaks from its holdfasts and can continue to grow ephemerally, often
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aggregating into large algal mats with high biomass. These floating macroalgae mats can
shade seagrass and are responsible for a significant proportion of eelgrass decline in
estuaries of the Southern Gulf of St. Lawrence (Hanson, 2005). As such, mild to
moderate nutrient enrichment can lead to algal dominance and the displacement of Z.
marina, either by shading or direct smothering when macroalgae mats sink and by anoxic
conditions when they begin to decompose.
Alteration of plant habitat has consequences for estuarine ecosystems as Z.
marina provides greater ecological services than Ulva (Antón et al., 2011; Costanza et
al., 1997). For example, Z. marina increases sediment stabilization, wave attenuation
(Fonseca and Cahalan, 1992), water filtration (Costanza et al., 1997), nutrient recycling
(Pinckney et al., 2001) and carbon sequestration and storage (McLeod et al., 2011).
Additionally, Z. marina beds generally have higher biodiversity than Ulva (McCloskey
and Unsworth, 2015) and are considered nurseries for commercially important fish
(Martinho et al., 2007; Tulp et al., 2008; Wasserman and Strydom, 2011) and
invertebrates. Higher biodiversity in Z. marina beds is linked to the physical difference
between habitats, i.e. many species are adapted specifically for it (Schein et al., 2012),
and to greater food diversity despite less primary production overall. In Canada, the
importance of this habitat has recently been recognized by the Department of Fisheries
and Oceans, which has designated eelgrass an ‘Ecologically Significant Species’ (DFO,
2009).
1.1.3

Monitoring eutrophication
Although the pathways of effect of nutrient loading are simple to understand,

quantifying eutrophication in estuarine environments is made challenging by regional
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differences, i.e., geology, lithology, climate, biota etc.. Increased nutrient loading coupled
with long water residence, which affords plants greater opportunity for nutrient uptake,
results in an increase of biomass, usually from increased productivity of benthic and/or
pelagic algae, and eventually the development of hypoxia (see below, Burkholder et al.,
2007). However, there are many factors that modify the severity of the impact including
temperature, salinity, hydrodynamics (currents and tidal mixing, etc.), sediment loading,
light availability and biotic considerations such as grazing intensity and community
assemblage characteristics. Modeling this complexity in dynamic and spatially
heterogenous estuarine systems, where ecological parameters are difficult to estimate, has
resulted in the use of integrative proxies for nutrient impact. One of the most prevalent
indicators of eutrophication is chlorophyll a concentration, which is a proxy for
phytoplankton, but the ratio of heterotrophic to autotrophic dinoflagellate cysts
(Pospelova et al., 2005; Price et al., 2016), fish abundances and assemblages (Finley et
al., 2009, 2013; Weldon et al., 2008), and invertebrate abundances and assemblages
(Pearson and Rosenberg, 1978; Wetzel et al., 2012) are also common indicators.
Seagrass, and associated metrics (see below), is also commonly used as an indicator for
eutrophication, due to its overall importance to the ecosystem and direct response to
nutrients (Antón et al., 2011). Indeed, seagrass monitoring programs have been
implemented throughout the world (Short et al., 2006). Quantifying nutrient impact using
seagrass is accomplished through various metrics, including seagrass distribution, shoot
density, epiphyte growth, above vs below-ground biomass, N tissue concentration and
patchiness at different scales. Unfortunately the sensitivity of seagrass to nutrient impacts
can be confounded by other stressors such as mechanical disturbance, shading by
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sediments, ice-scouring in north-temperate estuaries, fishing and aquaculture practices
(Skinner et al., 2013), meaning that it can lack sensitivity to any one stressor specifically.

1.1.4

Hypoxia and anoxia
Hypoxia often develops under eutrophic conditions as biological oxygen demand

from greater biomass and the decomposition of organic matter both increase. Under
normal circumstances dissolved oxygen increases during the day with photosynthesis and
declines at night in the absence of photosynthesis (Burkholder et al., 2007; Lovato et al.,
2013; Valiela et al., 1997). With increased nutrient availability primary production
eventually outstrips an ecosystem’s capacity to integrate the increased plant biomass
through secondary/tertiary production leading to the accumulation of plant matter. This
increased biomass results in greater dissolved oxygen variability through increased
photosynthesis and cellular respiration and decomposition. In eutrophic systems
dominated by the genus Ulva, ephemeral floating mats can self-shade resulting in mats
that can be concurrently photosynthetically active and decomposing (Brush and Nixon,
2010). As algae continue to proliferate an increasing proportion of the biomass begins to
die, resulting in increased oxygen demand and sustained hypoxia. Additionally,
phytoplankton can become abundant, depending on the characteristics of the estuary and
the time of year, which can either dampen or exacerbate hypoxia (Iriarte et al., 2010;
Lake and Brush, 2015). Competition for nutrients between macro- and microalgae shifts
throughout the growing season and with depth, favouring microalgae in deeper waters
where macroalgae is light limited and during the spring and fall whereas macroalgae
dominate shallow areas and during the summer (Valiela et al., 1997). Regardless of the
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algal species, sufficient light and nutrient availability will result in increased productivity
and the potential for hypoxia.
Beyond biological interactions, physical processes may also impact dissolved
oxygen concentration. For example, wind-driven wave action increases the rate of
diffusion from atmospheric oxygen resulting in higher dissolved oxygen concentration.
Nutrient availability is lower in open marine water than in estuaries, resulting in less
overall productivity but also lower oxygen demand as pelagic decomposition of organic
matter is insignificant. Thus, tidal exchange with the outer estuary most often results in a
net gain of dissolved oxygen for the upper estuary, hence the dual importance of flushing
in eutrophic systems: the degree to which water/oxygen is exchanged and the duration
that nutrients are available for uptake.
1.1.5

Impacts of eutrophication on the faunal community
The change in habitat from seagrass to algae under eutrophic conditions is well-

documented in the literature, as are the consequences of this habitat change whereby
there is a shift towards the dominance of fewer, small-bodied faunal species (Lotze and
Worm, 2002; Pearson and Rosenberg, 1978; Rosenberg et al., 2004). As productivity
increases, there is a concomitant increase in food availability to grazers, but an overall
reduction in food types as niches are lost, specifically for infauna associated with the
rhizome network, epifauna that feed on seagrass epiphytes and many epibenthic fish
species (Hemminga and Duarte, 2000). Furthermore, the physical attributes of Ulva and
eelgrass are quite different with eelgrass habitat favouring specialist species and Ulva
habitat favouring generalist species. Ulva has laminar thalli, 2 cell layers thick, and can
grow attached to rocks with a holdfast or ephemerally (Hanic, 1974). Zostera marina,
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conversely, has many thin blades and a rhizome network that facilitates a productive and
diverse benthic community (Beck et al., 2001). When eelgrass is displaced by Ulva,
species capable of exploiting the increased production from Ulva can reach extremely
high abundances while overall diversity of invertebrates generally declines (Cebrián et
al., 2013). In severely impacted systems there is not only a reduction in habitat quality
but faunal mortality increases due to anoxia/hypoxia from consumer respiration and algal
decomposition, especially for animals that cannot emigrate (Altieri and Witman, 2006;
Breitburg, 2002; Lyons et al., 2014).
Eutrophication is an example of the structuring force of bottom-up processes on
the community. However, top-down forces such as predation are also important for
structuring the community (Heck and Valentine, 2007; Polis and Strong, 1996). The
trophic cascade hypothesis posits that top predators, often absent due to overfishing, may
release grazers from predation pressure, depending on specific food-web dynamics,
potentially mitigating nutrient impacts (Heck and Valentine, 2007; Moksnes et al., 2008;
Persson et al., 2008). The underlying, and mostly implicit, assumption in the trophic
cascade hypothesis is that animals will interact and behave normally in a eutrophic
environment. However, it is unclear if animals are able to tolerate water supersaturated
with dissolved oxygen (Fidler, 1988) or hypoxic/anoxic water (Babarro and De Zwaan,
2002; Miller et al., 2002), or if degraded conditions will alter their behaviour (Riedel et
al., 2014), or if it will preclude habitat occupancy altogether (Deegan, 2002).
Furthermore, in estuaries of the southern Gulf of St. Lawrence there is limited evidence
that large piscivores were ever common, as they are generally too warm and shallow for
most larger-bodied fish species, with the exception of striped bass (Morone saxatilis) (M.
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Hanson, DFO, pers. comm.). Interestingly the striped bass population, decimated in the
early 1990s, has recovered dramatically in recent years (Daniels et al., 2018) and their
reintroduction into the community may affect ecological processes in the upper estuary.
Specifically, striped bass may target smaller fish species such as mummichogs (Fundulus
heteroclitus) and sticklebacks (Gasterosteidae) (Finley et al., 2013; Schein et al., 2012,
2013) that consume algae grazers such as snails and amphipods.
1.1.6

Eutrophication in the Southern Gulf of St. Lawrence
Nitrogen levels are variable in the southern Gulf of St. Lawrence: lowest in

forested watersheds of New Brunswick and highest in agricultural areas of Prince Edward
Island (PEI; Danielescu et al., 2009, Danielescu and MacQuarrie, 2011, Grizard 2013,
Jiang et al., 2015). Nutrient impacts to some PEI estuaries often include a decline in Z.
marina (DFO, 2009). Consistent with other shallow, temperate estuaries, Ulva spp. are
responsible for the majority of primary production where nutrient enrichment occurs
(Valiela et al., 1997). The first reports of anoxia in PEI occurred prior to the 1980s with
instances increasing throughout the 1990s until present time where there are many
nutrient-impacted estuaries with reported hypoxia/anoxia annually (Bruce Raymond,
Department of Communities, Land and Environment, Climate Change and Environment
Water and Air Monitoring, PE, pers. comm.). Although eutrophication proceeds
predictably (Hemminga and Duarte, 2000) there is no unifying predictive model as
differences among regions (e.g., climate, geochemical processes, species composition,
etc.) exert influence on the magnitude of nutrient effects, leading to the suggestion that
monitoring programs should be region-specific (Duinker and Greig, 2006). Given the
relatively small geographic area, large number of small to medium-sized watersheds, and
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nutrient loading gradient, the southern Gulf of St. Lawrence presents the perfect scenario
for the study of eutrophication at a regional scale.

1.2

Thesis outline
The purpose of this dissertation is to investigate cumulative effects of nutrients in

estuaries of the southern Gulf of St. Lawrence. The overarching hypothesis is that
dissolved oxygen seasonal profiles reflect the eutrophication status of estuaries.
Dissolved oxygen concentration, at any given time, is the difference between oxygen
production through photosynthesis and its consumption through cellular respiration and
decomposition of organic matter. Rapidly advancing technology and the concomitant
reduction in cost of oxygen data loggers has greatly increased the frequency and
reliability of dissolved oxygen data collection. Thus, monitoring dissolved oxygen is a
practical approach for assessing nutrient impacts which can then inform nutrient
management. Dissolved oxygen is a logical choice as an endpoint for nutrient impact
given its specificity to nutrient effects in contrast to most other biological proxies that can
be confounded by multiple stressors. Ultimately, the practical application of this thesis is
to develop a eutrophication monitoring protocol that is sensitive to the spectrum of
nutrient impacts observed in the southern Gulf of St. Lawrence but results herein are
more widely applicable to northern temperate estuaries in general.
This thesis is arranged in four data chapters (Chapters 2-5), each written as a manuscript
for publication (with publication information for those already published), followed by a
general discussion. For all content within this thesis I was primarily responsible for all
facets of the scientific process for each study, i.e., conception, experimental design,
execution, data analysis, interpretation and writing.
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Chapter 2, “An empirical model using dissolved oxygen as an indicator for
eutrophication at a regional scales (2018). Coffin, MRS, Courtenay, SC, Pater, CC, van
den Heuvel, MR. Mar. Poll. Bull. 133, 261-270”, examines two main hypotheses: 1) that
dissolved oxygen concentration and chlorophyll are indicators of estuarine condition and,
2) that these parameters can be quantifiably linked to eutrophication and water residence
time. In this study, optical dissolved oxygen loggers were deployed in the upper 10%, by
area, of 15 estuaries with varying nutrient inputs in the southern Gulf of St. Lawrence.
Additionally, water samples for chlorophyll were taken every two weeks from JuneNovember. It was expected that estuaries with higher nutrient load would tend to have
longer periods of hypoxia or anoxia and higher chlorophyll concentration. Furthermore, it
was expected that with the use of continual dissolved oxygen monitoring, oxygen and
chlorophyll metrics could be devised that would positively and quantitatively relate
residence time and nutrient load.
In Chapter 3, “Influence of nutrient enrichment on fine-scale seasonal and
spatial dynamics of estuarine dissolved oxygen in the Southern Gulf of St. Lawrence (in
prep), Coffin, MRS, Courtenay, SC, Roloson, SD, van den Heuvel, MR”, the hypotheses
examined were that nutrient impacts on dissolved oxygen would diminish with distance
from the upper estuary but that these impacts would still be detectable farther out the
estuary. In this study, the spatial variability of dissolved oxygen concentration within and
among multiple estuaries with varying nutrient loads and again spanning the southern
Gulf of St. Lawrence was examined. In the first year, dissolved oxygen was measured
throughout the water column at 5 locations (from upper to outer estuary) throughout each
of 18 estuaries. In the second year, fewer estuaries were monitored than in year 1, but
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more intensively; both in the upper estuary and also half way along the estuary (50% by
area). It was expected that eutrophication indicator variables would not vary spatially in
oligotrophic estuaries, but that they would in eutrophic ones. Furthermore, it was
expected that dissolved oxygen concentration measured in the upper estuary would
correlate with dissolved oxygen farther out the estuary, albeit with lower dissolved
oxygen variability.
In Chapter 4, “Impacts of hypoxia on estuarine macroinvertebrate assemblages
across a regional nutrient gradient (2018). Coffin, MRS, Courtenay, SC, Knysh, KM,
Pater, CC, van den Heuvel, MR. Facets 3(1), 23-44”, the hypothesis that hypoxia and
habitat influences the upper estuary invertebrate community was examined. The benthic
and epibenthic invertebrate communities in upper estuaries of the southern Gulf of St.
Lawrence were sampled and their relationship to environmental variables, with an
emphasis on dissolved oxygen, were tested using multivariate statistics. It was expected
that macroinvertebrate communities would differ between eelgrass and Ulva habitat and
that nutrient-induced hypoxia would be a dominant force in structuring the invertebrate
community in UIva habitat, particularly for the benthic community as dissolved oxygen
is lowest near the substrate. Given the effort to standardize sampling location among
estuaries, it was anticipated that an indicator species, or assemblage of species, would
become apparent and that they could potentially be used as a biological indicator of
eutrophication status of estuaries.
In Chapter 5, “Are floating algal mats a refuge from hypoxia for estuarine
invertebrates? (2017). Coffin, MRS, Knysh, KM, Theriault, EF, Pater, CC, Courtenay,
SC, van den Heuvel, MR. PeerJ 5:e3080”, the hypotheses examined were that: 1)
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invertebrates occupy surface floating Ulva mats; 2) invertebrate communities are similar
between submerged and floating mats; and 3) floating mats constitute refugia from
hypoxia for epibenthic invertebrates. Invertebrates were sampled from floating and
submerged Ulva mats in seven PEI estuaries in which dissolved oxygen was also
monitored. In addition, a natural experiment occurred in which sampling was conducted
before, during and after a hypoxic event in one estuary.
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2.

Chapter 2 - An empirical model using dissolved oxygen as
an indicator for eutrophication at a regional scale

2.1

Abstract

Simple empirical models can sometimes capture salient patterns without sacrificing
predictive capacity when compared to more complex models. Herein we examine
dissolved oxygen as an indicator of eutrophication status for shallow estuaries. Dissolved
oxygen was measured hourly in the upper estuary of 15 watersheds along a nutrientloading and geographic gradient. Metrics describing hypoxia and superoxia were devised
and then analyzed using multivariate statistics. Results revealed independent responses
for hypoxia and superoxia with hypoxia-related metrics correlating strongly with water
residence. A metric integrating hypoxia and superoxia effectively discriminated between
seagrass and algae-dominated habitats and was significantly correlated with both water
residence and nitrate-N loading. Chlorophyll, measured bi-weekly, was not correlated
with our predictor variables likely because it does not account for benthic production.
Over 70% of the variability in hypoxia was explained by water residence and nitrate-N
loading indicating that this model can be of use for managers.
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2.2

Introduction
Nutrients are one of the most significant sources of influence on estuaries and

coastal zones (Hemminga and Duarte, 2000; Larkum et al., 2006; Burkholder et al.,
2007). Excess nutrients (eutrophication) leads to the proliferation of micro- and macroalgal species that are better able to increase their growth rate in response to nutrients than
vascular flora such as seagrasses (Duarte, 1995; Hemminga and Duarte, 2000).
Ultimately, algae displace seagrasses, the dominant vascular plant in shallow oligotrophic
systems. Mild to moderate eutrophication leads to a habitat shift that has consequences
for species specifically adapted to seagrass. In severe cases, decomposition of excess
plant material culminates in anoxia that can result in mortality for fauna and an overall
loss in diversity (Levin et al., 2009; Lamberth et al., 2010).
There is a well-established biological continuum from oligotrophic to eutrophic
conditions in estuaries (Pearson and Rosenberg, 1978). However, identifying where a
given estuary is on that continuum remains challenging, given the dynamic and spatially
heterogeneous nature of this environment. Nutrient loading can be modeled, though it is
not necessarily useful as an indicator of eutrophication independent of site specific
context, e.g., light availability, water residence, etc., as these factors also effect plant
growth. Furthermore, the paradigm whereby a single nutrient limits productivity, e.g.
nitrogen in saltwater, is certainly more complex in reality than in theory (Paerl et al.,
2014).
While it is intuitive to measure plant productivity to assess eutrophication (Short
et al., 2006), assessing plant biomass in eutrophic systems and over many estuaries at a
regional scale is logistically intensive and prohibitively expensive. Chlorophyll a
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concentration in the water column is well established in the literature as a proxy for
phytoplankton productivity in coastal systems (Meeuwig, 1999). However, blooms
fluctuate significantly over time and with depth (Schein et al., 2012, 2013). Fluorescent
probe-based chlorophyll loggers, that would be ideal for more frequent measurements, do
not correlate well with traditional methods (Debertin et al., 2017), remain costly, and can
be confounded in turbid estuarine environments (James, 2013). Furthermore, chlorophyll
does not incorporate productivity from submerged aquatic vegetation, an important
component of overall productivity in shallow estuaries.
Dissolved oxygen variability, i.e., the development of hypoxia and superoxia of
oxygen (< 2 mg/L and > 10 mg/L), is symptomatic of eutrophication and here we suggest
that it may be the best available single indicator of trophic status in estuaries. Dissolved
oxygen is a direct reflection of the balance between photosynthesis by primary producers
and respiration by both primary and secondary producers, including decomposers, i.e., it
is metabolism-related (Kemp and Boynton, 1980). Furthermore, it has a direct effect on
aquatic fauna through its impact on animal behavior and survival (Miller et al., 2002;
Landman et al., 2005; Vaquer-Sunyer and Duarte, 2008; Riedel et al., 2014). Recent
improvements in optical sensor technology, i.e., increased data reliability stemming from
insensitivity to biofouling and hydrogen sulfide, along with improvements to data storage
and a reduction of cost, have eliminated impediments to the use of dissolved oxygen
loggers in estuaries on a regional scale.
The hypothesis tested in this study is that dissolved oxygen data provides
sufficient information to differentiate between sites along a spectrum of eutrophication.
The secondary hypothesis is that dissolved oxygen concentration can be predicted from
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nutrient loading and estuarine flushing in a manner that can be incorporated into simple
models. This study examined 15 estuaries in the Southern Gulf of St. Lawrence, Canada
that ranged from primarily forested watersheds to watersheds with intensive agriculture
where estuaries are observed to undergo seasonal anoxia (Schein et al., 2012; Bugden et
al., 2014; Coffin et al., 2017, 2018). The study used optical dissolved oxygen loggers
installed in multiple estuaries to collect temporally detailed oxygen data. Key oxygen
parameters were chosen from a suite of derived metrics and simple models using nitrogen
loads and water residence were constructed.

2.3

Materials and Methods

2.3.1 Study area
In total, 15 estuaries that empty into the Southern Gulf of St. Lawrence were
selected across a nutrient loading and geographic gradient: 12 from Prince Edward Island
(PEI), two from New Brunswick (NB) and one from Nova Scotia (NS; Figure 2.1).
Watersheds in the Southern Gulf of St. Lawrence are generally small, ranging from 31 to
386 km2 in this study, and their estuaries are shallow, 1–5m in depth, with sufficient light
to support benthic production. Small watershed area translates to low fresh water input
and well-mixed estuaries with a short transition zone between fresh and saltwater, i.e., the
area of salinity 0–15 PSU typically extends only a few hundred meters. At nutrient
impacted sites, the area immediately downstream of this transition zone is most
susceptible to nutrient impact, can be inundated with macroalgae (primarily Ulva lactuca
L. but also U. intestinalis L., U. linza L., and occasionally unidentified green filamentous
algae) (Valiela, 1995; Valiela et al., 1997; Hemminga and Duarte, 2000; Burkholder et
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Figure 2.1 - A) Study area in the context of eastern North America, B) estuaries
that were studied in the southern Gulf of St. Lawrence with the extent of the
Northumberland Strait denoted by solid lines; Zostera marina dominated
estuaries are indicated by red circles and Ulva spp. dominated estuaries by green
diamonds, C) Dissolved oxygen logger and sampling location within the Souris
River estuary. For all panels North is oriented up.
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al., 2007), and is the area of interest for this study. Estuaries here are lagoon-type with
barrier islands or are coastal embayments (Glibert et al., 2010). Mean tidal amplitude
and periodicity differ between sites (0.3–1.6 m), with some sites experiencing mesotidal,
mixed semi-diurnal tides and others microtidal, diurnal tides (Pingree and Griffithis,
1980; Godin, 1987). For this study the estuary boundary was defined by salinity at the
uppermost location (< 0.5 PSU) and geographical features were used for the outermost
location, which was the point where the estuary opens into a bay or into the Southern
Gulf of St. Lawrence directly. In some estuaries, there was a barrier precluding saltwater
incursion into fresh water that defined the upper extent of the estuary. For all estuaries,
the total area from the uppermost to outermost boundaries was calculated using ArcGIS
10.3 (Table 2.1).
2.3.2

Nutrient loading
Nitrogen loading (total nitrogen and nitrate-N) data were obtained from two

sources for watersheds in the region: primarily from Grizard (2013) and supplemented
using data from Bugden et al. (2014). Nitrogen load calculations were based on nitrogen
concentrations measured within the freshwater portion of streams immediately upstream
of tidal influence. As hydrometric stations were only present on a subset of 6 streams,
flow was modeled for all streams. Daily average flow rate data from Environment
Canada gauging stations in the region were log transformed and found to be highly
correlated to watershed area measured at the point of flow gauging (n=8, r2=0.97;
Appendix Figure 2.1). The equation of the line from the linear regression was then used
to calculate the average daily flow rate for all 15 watersheds, whether they had
hydrometric stations or not. The calculated nutrient load at the head of tide was pro-rated
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Table 2.1 - Water chemistry variables for each estuary: salinity, pH and total chlorophyll (± 1 S.E.) measurements were taken every two
weeks (n = 8) immediately adjacent to the dissolved oxygen logger over the course of its deployment (May 21 – November 30, 2013);
temperature values are the overall mean with the average daily difference between temperature maximum and minimum taken from
the dissolved oxygen logger. For plant species Z=Zostera marina and U=Ulva spp.
Temperature
ͦC

Salinity
(PSU)

pH

Chlorophyll
µg/L

Water
Residence

Watershed
Area (km2)

Nitrate-N
kg/ha/yr

Total Nitrogen
kg/ha/yr

Dominant
Vegetation

Bideford

16.5 (1.6)

26.72 ± 0.3

7.53 ± 0.09

8.7 ± 2.0

2.13

19.3

1.4

21.6

Z

Bouctouche

15.7 (1.8)

17.37 ± 0.8

7.56 ± 0.13

5.8 ± 1.7

1.16

376.7

1.1

124.6

Z

Dunk

15.6 (3.7)

20.59 ± 1.9

7.60 ± 0.09

21.0 ± 5.1

0.76

161.1

312.5

339.1

U

Enmore

16.9 (2.9)

18.22 ± 1.7

7.54 ± 0.09

6.9 ± 1.5

0.56

36.6

5.8

60.0

Z

Kildare

17.1 (2.0)

23.42 ± 0.5

7.52 ± 0.09

9.6 ± 1.8

3.49

17.4

49.6

51.8

U

Kouchibouguac

14.0 (1.6)

17.66 ± 3.0

7.53 ± 0.12

1.1 ± 0.2

1.37

385.7

43.9

398.8

Z

Mill

16.1 (1.7)

23.60 ± 0.4

7.54 ± 0.09

15.5 ± 5.2

2.72

88.3

118.8

124.3

U

Montague

14.6 (3.2)

24.95 ± 1.4

7.51 ± 0.10

6.7 ± 1.9

2.17

163.8

175.6

214.7

U

Souris

15.6 (4.4)

23.8 ± 1.4

7.58 ± 0.08

10.9 ± 4.0

1.85

31.6

49.1

50.2

U

Stanley

17.7 (2.0)

25.66 ± 0.6

7.56 ± 0.09

20.5 ± 2.5

3.80

39.2

42.5

50.2

U

Tatamagouche

16.1 (2.6)

22.93 ± 1.5

7.55 ± 0.11

4.7 ± 2.2

0.35

225.6

146.1

295.2

Z

Tryon

15.3 (4.4)

25.84 ± 0.8

7.62 ± 0.08

10.3 ± 4.1

0.24

41.85

214.7

212.6

Z

West

15.2 (3.2)

20.97 ± 0.6

7.58 ± 0.09

8.3 ± 4.3

0.82

113.6

29.9

33.0

Z

Wheatley

16.7 (1.4)

25.38 ± 0.6

7.61 ± 0.08

16.8 ± 3.5

1.74

42.1

149.0

149.2

U

Wilmot

15.9 (3.4)

21.07 ± 1.0

7.61 ± 0.10

8.5 ± 4.2

0.73

71.6

427.2

428.9

U

26

for the larger area of the watershed that included the upper estuary where the oxygen
logger was located (see below), under the assumption that land use and nitrogen inputs
for the remaining area of watershed not captured at the stream measurement station were
proportional to those above (see Jiang et al., 2015). Using the mean nitrate-N and total
nitrogen concentrations (mg/L) and flows (m3/s), average annual nitrate-N and total
nitrogen load were calculated (Table 2.1). The risk with this approach is that there may
be a correlation between flow and nitrate-N concentration which could lead to an over- or
underestimate of nutrient load. However, the approach used herein has been validated by
Jiang et al. (2015) which found that nitrate concentration was approximately constant,
irrespective of flow, for PEI watersheds over a 15 year period with a wide range of flows
(see Figure 2, therein).
2.3.3

Water residence
Water residence was calculated by dividing the overall estuarine volume at mean

tidal amplitude by the sum of freshwater and tidal volumes, i.e., a relatively coarse
whole-estuary tidal prism model. Bathymetric data were acquired along transects spaced
by approximately 200 m using an acoustic depth sounder with a 210 kHz transducer
(Knudsen) for the entirety of each estuary; a Kriging interpolation was used to estimate
areas that were not mapped explicitly (J. Hitchcock, University of Prince Edward Island,
unpub. data). Estuarine volume was calculated from bathymetric data using ArcGIS 10.3.
Water pressure data were collected every 10 min for at least 30 days using Onset Hobo
Water Level Titanium® pressure loggers in each estuary with a barometric logger placed
in air near the estuary as the reference. All pressure data were transformed into depth data
and corrected for the average salinity for that area. Depth data were then used to create
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harmonic tidal models using the t_tides program under Matlab (Pawlowicz et al., 2002).
For each estuary, these models were used to simulate tide over the period of dissolved
oxygen logger deployment (see below). Mean tidal amplitude was derived by averaging
the tidal amplitude of every tidal cycle that occurred over that period.
2.3.4

Dissolved oxygen monitoring and metrics
Onset Hobo® optical dissolved oxygen loggers (accuracy of: ± 0.2mg/L from 0 to

8 mg/L and ± 0.5 mg/L from 8 to 20 mg/L and a resolution of 0.02 mg/L according to
manufacturer) were deployed in the upper estuary near the boundary of the upstream 10%
of the total area of the estuary, which corresponded to a salinity range of 15–25 PSU, and
were set to record dissolved oxygen (mg/L) and temperature (°C) hourly. Dissolved
oxygen loggers (henceforth loggers) were mounted on a steel pole embedded in concrete
0.5 m from the substrate, and moored at a depths that ranged from 1–2.5 m, between May
21–November 30, 2013. Loggers were equipped with a copper-wound cap to reduce
fouling but were downloaded and cleared of fouling, if present, every 2-weeks.
To analyze the oxygen time series data, hourly values were parsed into
biologically relevant metrics (i.e., thresholds where lethal or sub-lethal effects occur for
fish and invertebrates (Vaquer-Sunyer and Duarte, 2008; Hrycik et al., 2017)) to capture
pre-defined oxygen events according to the duration, variability, frequency or timing of
an event (see Table 2.2 for the list of metrics). Daigle et al. (2011) used similar statistical
methodology for characterizing hydrological flow regimes with the benefit that using
metrics eliminates serial autocorrelation. Although both hypoxic and superoxic
conditions are symptoms of eutrophication, a major goal of this study is to determine
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Table 2.2 - Dissolved oxygen (mg/L) metrics used in the PCA separated by response
class. Duration values correspond to the overall daily average (24 h) and a
previously defined threshold. Variability measures were calculated daily and
averaged over the deployment or for a specific Month (May-November). Frequency
values were not averaged but represent the percentage of hours above or below
some threshold for the entire deployment. Timing values are calculated based on
the Month in which they occur.

Duration

Frequency

Daily average under 6 (3 consecutive days)

Percent hours under 6

Daily average under 4 (3 consecutive days)

Percent hours under 4

Daily average under 2 (3 consecutive days)

Percent hours under 2

Daily min under 6 (3 consecutive days)

Percent of hours at 9 ± 1

Daily min under 4 (3 consecutive days)

Percent hours over 10

Daily min under 2 (3 consecutive days)

Percent hours over 15

Daily average under 6 (7 consecutive days)

Mean

Daily average under 4 (7 consecutive days)

Median

Daily average under 2 (7 consecutive days)

Maximum

Daily min under 6 (7 consecutive days)

Minimum

Daily min under 4 (7 consecutive days)
Daily min under 2 (7 consecutive days)

Timing
Monthly Average
Time Under 6 / Month

Variability
Average Coefficient of Variation

Time Under 4 / Month

Average Coefficient of Variation / Month

Time Under 2 / Month

Harmonic Mean

Time Over 10 / Month

Harmonic Mean / Month

Time Over 15 / Month
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which metrics are best for discriminating between eutrophic and oligotrophic sites and
not simply identifying eutrophic ones. Therefore, several ranges of oxygen concentration
and timings were chosen as metrics of evaluation. These metrics were calculated for both
the overall time series and for each month from May–November. As there was no a
priori time series information about the nature of dissolved oxygen concentration in
estuaries of this region, dissolved oxygen metrics were intended to be varied enough to
distinguish between estuaries along a nutrient loading gradient but also for their
biological relevance. Specifically, chronic impacts of low or high dissolved oxygen were
intended to be captured by duration metrics (3 and 7 days). Similarly flora and fauna that
might be more impacted by rapid changes in dissolved oxygen would be captured by
variability and frequency measures. Finally, flora and fauna that are migratory or only
occur in estuaries during part of the year may be more or less impacted depending on the
timing of events, which in turn could have implications for certain fisheries, although
these relevancies are not explored explicitly within this manuscript.
After the initial analysis, a composite variable consisting of the frequency of
measurements <4 mg/L plus those >10 mg/L was created to capture both low and high
oxygen and termed ‘eutrophic time’. Because our study sites ranged from oligotrophic to
severely eutrophic our criteria were chosen to reflect departures from oligotrophic
conditions and so that data would be obtained for all sites (to avoid zero inflation). Sublethal effects are known to occur below 4.5 mg/L for fish (Hrycik et al., 2017) but since
many of the estuaries studied had few measurements below this threshold a value of 6
mg/L was selected as the most conservative for estimating low dissolved oxygen. As
higher dissolved oxygen values were more common the most conservative threshold for
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elevated dissolved oxygen was set at 10 mg/L and generally corresponded to >100%
oxygen saturation.
2.3.5

Water chemistry sampling
During each visit to sites with a data logger, environmental variables were

measured 0.5m from the substrate using a YSI V2 6600 multi-parameter sonde (Yellow
Springs, OH, USA) with probes for conductivity/salinity, pH, temperature and dissolved
oxygen (averages for these physicochemical variables are presented in Table 2.1). The
aquatic vegetation community present within a 200 m radius immediately surrounding
the logger was noted during sampling for invertebrates (Coffin et al., 2017, 2018) and
through drop-camera validation of vegetation during the bathymetric data collection (J.
Hitchcock unpub. data). In the upper estuary where the dissolved oxygen loggers were
deployed, vegetation was sometimes patchy but not mixed, i.e., dominated by either Ulva
spp. or Zostera marina.
Water samples were collected for chlorophyll analysis (chlorophylls a and b) in 4
L polyethylene bottles, 0.5 m below the water's surface at the dissolved oxygen logger
location. Approximately 1 L of water was vacuum filtered through glass fiber filter paper
type F (GF/F; 0.7 μm aperture). Filter papers were stored in 5 mL of 100% acetone in 15
mL falcon tubes at −80 °C until processing (ca. 30 d). All samples were analyzed using
high performance liquid chromatography (HPLC) following the protocol of Schein et al.
(2012).
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2.3.6

Data analysis
Data from the 15 study estuaries were analyzed and presented using Plymouth

Routines in Multivariate Ecological Research (PRIMER) package v6 (Clarke and Gorley,
2006) and SigmaPlot version 12.5 for figure preparation and simple statistical procedures
(see below for details). Relationships among environmental variables and dissolved
oxygen patterns were explored using Principal Components Analysis (PRIMER V6) on
standardized data (mean of zero and standard deviation of one). To meet the assumption
of linearity between variables for PCA, some variables required a log-transformation
prior to analysis (log variable plus a constant in the case of data with zeroes).
Multiple regression analysis was used to examine the relationship between
dissolved oxygen and chlorophyll response variables with nutrient loading and water
residence. Data were square root transformed, if necessary, to meet assumptions of
linearity and/or homoscedasticity. For dissolved oxygen concentration, the overall
proportion of hours below 4 mg/L (a proxy for hypoxia which was defined as 2 mg/L)
and above 10 mg/L (henceforth referred to as time under 4 mg/L and time over 10 mg/L),
and the overall coefficient of variation (CV) for all measurements were analyzed as
response variables. Time under 4 and above 10 mg/L were summed to form “eutrophic
time” and intended to capture hypoxia and dissolved oxygen supersaturation. If the model
showed statistical significance (p < 0.05), the standardized Beta coefficients, which are
measures of standard deviation change of the dependent variable in response to a 1
standard deviation change in the predictor, were compared to determine the relative
contribution of each independent variable to the overall model.
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2.4

Results

2.4.1

Estuary flushing and chemistry
There was a 16-fold range in tidal amplitude in the region which was ultimately

the most influential component for the estuarine water residence variable (Table 2.1).
Estuaries on the north side of PEI had the longest water residence (range 2.1–3.8 d). For
estuaries that drained into the Northumberland Strait, water residence was shortest in the
central Strait at Tatamagouche (0.35 d) and Tryon (0.24 d) and increased longitudinally
to Kouchibouguac in the west (1.37 d) and Souris in the east (1.85 d). Water residence
was expected to strongly modify a number of environmental variables. To examine this,
pattern among environmental variables from the 15 estuaries studied were visualized
using PCA (Figure 2.2). Together, the first two axes accounted for 64.5% of the total
variation. The first axis accounted for 36.8% and the second 27.7% of the overall
variability. Component loadings from total chlorophyll, salinity and total nitrogen
variables were most important for the primary axis, whereas water residence, pH and
nitrate-N loading were more influential on the secondary axis (Appendix Table 2.1).
These variables also appeared to be useful for distinguishing between Z. marina and Ulva
habitat locally, with Ulva sites having higher absolute values in all cases (Figure 2.2,
Table 2.1). Nitrate-N load, total nitrogen load and pH were closely and positively
associated and were nearly orthogonal to water residence in the PC1-PC2 plane,
suggesting independence among those variables.
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Figure 2.2 - A) Principal Component Analysis (PCA) using the environmental
variables presented in Table 2.1. As in Figure 2.1, Z. marina dominated estuaries are
indicated by red circles and Ulva spp. dominated estuaries by green diamonds.
Overall, 64.5% of the total variation is explained by the first two axes, 36.8 and
27.7% respectively.
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2.4.2

Dissolved oxygen
Hourly dissolved oxygen measurements over the full-time period demonstrated a

gradient of site-specific responses. Responses ranged from relatively constant within 5–
12 mg/L, to a pattern of high variability from anoxia (0 mg/L) to superoxia as high as 25
mg/L. The range of response was best illustrated by two estuaries at the extremes of this
response pattern, normoxic in Tatamagouche NS, and eutrophic in Kildare, PE (Figure
2.3A). The latter response pattern showed that extremes in oxygen increased from spring
(June), were greatest in late summer and fall (August–October), and did not decline until
late fall (November–December).
The 79 dissolved oxygen metrics were created from the dissolved oxygen time
series and consisted of measures of frequency, variability, duration and timing of various
oxygen events. All 79 metrics were examined by PCA to visualize the data patterns with
respect to estuary differences, and to generate a reduced set of variables for subsequent
analysis (Figure 2.4A). The first two components of the ordination explained 64.3% of
the variation, with 44.2 and 20.1% for PC1 and PC2, respectively. In general, the metrics
from individual months clustered together with endpoints from the overall time series for
each category of metric (see Table 2.3 for a colour-coded list of all of the dissolved
oxygen metrics presented counterclockwise). Dissolved oxygen metrics separated into
two orthogonal groups along PC1 and PC2 with metrics for low dissolved oxygen (e.g.,
time under 2 mg/L) loading to PC1, and metrics for high dissolved oxygen (e.g., time
over 10 mg/L) loading most strongly to PC2. Harmonic mean and oxygen variability
were most strongly correlated with low dissolved oxygen duration metrics. Arithmetic
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Figure 2.3 - A) Hourly raw dissolved oxygen values for an Ulva spp. dominated
estuary (Kildare in green) and a Zostera marina dominated estuary
(Tatamagouche in red). B) Mean values for the proportion of time under 4 mg/L
(circles), over 10 mg/L (triangles), the coefficient of variation (squares), and for
eutrophic time (diamonds) for all dissolved oxygen values over the course of the
dissolved oxygen logger deployments. Sites are presented in ascending order for
eutrophic time and are again coloured according to dominant vegetation with Z.
marina dominated estuaries indicated by red and Ulva spp. dominated estuaries
by green.
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Figure 2.4 - A) Principal Component Analysis using dissolved oxygen metrics
presented in Table 2.2. Table 2.3 presents all variables in a clockwise order
relative to the ordination and colour coded for clarity. Overall, 64.3% of the total
variation is explained by the first two axes, 44.2 and 20.1% respectively, B)
Principal Component Analysis using the strongest dissolved oxygen correlates:
94.9% of the total variation is explained by the first two axes, 62.0 and 32.9%
respectively. Sites are again indicated by dominant vegetation with Zostera
marina dominated estuaries indicated by red circles and Ulva spp. dominated
estuaries by green diamonds.
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Table 2.3 - Dissolved oxygen metrics associated with Figure 2.4A. All 79 metrics are
presented in the order they appear in the ordination beginning with “9 +/- 1 mg/L”
and continuing counterclockwise. Different colours are to match the arbitrary
groupings on the ordination and are presented here for clarity.
Blue vectors

Green vectors

Black vectors

Pink vectors

Orange vectors

9 +/- 1 mg/L

> 10

June Harmonic

Aug < 4

Min < 6 (3 days)

Harmonic Mean

June Mean

May > 6

Nov < 6

<6

Aug Harmonic

Nov > 15

Aug < 2

Nov Mean CV

Sept < 4

July Harmonic

Oct >15

May > 15

Oct Mean CV

Mean < 6 (7 days)

Nov Harmonic

June >10

June Mean CV

Sept Mean CV

Mean < 6 (3 days)

Sept Harmonic

Sept > 15

May > 10

Aug < 6

Oct < 2

Oct Harmonic

July > 10

Mean CV

July < 6

Sept < 6

Nov Mean

Aug > 15

May Mean

<4

Oct < 4

July Mean

June > 15

June < 4

Mean < 4 (3
days)

Oct < 6

Nov > 10

July > 15

July Mean CV

Mean < 2 (3
days)

Mean < 2 (7 days)

Aug Mean

> 15

<2

Mean < 6 (7
days)

Oct > 10

Sept > 10

Aug Mean CV

Min < 6 (7 days)

Sept Mean

Aug > 10

May Harmonic

Min < 4 (7 days)

Oct Mean

Max

Sept < 2

Min < 4 (3 days)

June < 2

May Mean CV

June < 6

Min < 2 (7 days)

May < 4

July < 4

Min < 2 (3 days)

May < 2

Nov < 4

Mean < 4 (7
days)

Nov < 2
July < 2

38

mean and median dissolved oxygen monthly metrics were most strongly correlated with
high dissolved oxygen frequency metrics. While overall metrics were most important for
distinguishing between sites, they were strongly correlated with monthly metrics from the
same category of metric for July–September (r > 0.85; which coincides with symptoms of
eutrophication). As with results from the environmental variable PCA described above,
Ulva spp. dominated estuaries grouped separately from Z. marina estuaries. These results
suggest that there is some relationship between the environmental variables and oxygen
response and specifically that estuaries are either prone to hypoxia or to superoxia, i.e.,
eutrophic estuaries with long water residence versus those with high nutrient loading,
respectively.
Given the overall number of dissolved oxygen metrics that were correlated with
each axis, criteria were developed to reduce the number of variables. This was
accomplished by using the dissolved oxygen metrics with the highest absolute loadings
for PC1 and PC2 and which captured the primary symptoms of eutrophication, i.e.,
variability, low and high dissolved oxygen were chosen for further analysis. The average
coefficient of variation and time under 4 mg/L were the first and third most important
variables for PC1. The most important dissolved oxygen metric for PC2 was time over 10
mg/L. Metrics from the duration and timing classes of response were discarded from this
analysis as they were redundant with the other response classes, however these variables
remain biologically relevant and potentially useful for assessing species specific oxygen
thresholds. Thus, using only the coefficient of variation, time under 4 mg/L and time over
10 mg/L, the simplified PCA (Figure 2.4B) revealed a similar orientation of sites relative
to both of the previous ordinations (Figure 2.2, Figure 2.4A). The composite variable we
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have termed eutrophic time (duration below 4 mg/L plus duration above 10 mg/L) was
created to encompass both sites with a tendency towards hypoxia and/or superoxia, i.e.,
nutrient impact in either form. The raw values for coefficient of variation, time under 4
mg/L, time over 10 mg/L and eutrophic time are shown for each estuary in Figure 2.3B,
with sites ordered according to ascending values for eutrophic time. It is apparent in
Figure 2.3B, that the sites in this study represent a habitat gradient according to eutrophic
time.
2.4.3

Nutrients, water residence and dissolved oxygen
Multiple regressions were conducted to relate eutrophication response variables

(for dissolved oxygen: coefficient of variation, time under 4 mg/L, time over 10 mg/L
and eutrophic time and for chlorophyll values: overall mean, minimum and maximum) to
either total nitrogen load or nitrate-N load and water residence. In all cases nitrate-N
explained more variability than total nitrogen, likely because nitrate is more bioavailable
than other nitrogen species. Therefore, only the models using nitrate-N are further
described (Table 2.4). Of the four multiple regression analyses for oxygen, only three:
those with coefficient of variation, time under 4 mg/L and eutrophic time, were
statistically significant (Figure 2.5; Table 2.4). For oxygen variables, water residence had
larger effect size, and explained a larger proportion of the variation than nitrate-N for all
parameters except for time over 10 mg/L (for which nitrate-N was not statistically
significant). In the model using time under 4 mg/L, water residence was clearly the
dominant effect, explaining 72% of overall variation. Where both high and low oxygen
factored into the metric, as with CV and eutrophic time, water residence became less
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Table 2.4 - Results of multiple linear regressions for dissolved oxygen and chlorophyll metrics against nitrogen load and water residence.
Top half of table uses nitrate-N load as a dependent variable and bottom half uses total nitrogen load. Data for ‘time under 4 mg/L’ and
‘time over 10 mg/L’ were square root transformed and data for ‘chlorophyll (min)’ were log-transformed. Beta coefficients are a
standardized measure of effect size that indicates the standard deviation change of the dependent variable in response to a 1 standard
deviation change in the predictor, partial r2 indicates the proportion of overall variability explained by the individual model parameter.
Significant regressions are bolded.
Response

Variable

Adjusted
r2

Overall
p

Coefficient of
Variation
Time under 4 mg/L

0.67

0.0005

0.72

Time over 10 mg/L

N loading
(Beta, partial
r2)
Nitrate-N Load

Water residence
(Beta, partial r2)

Nitrate
loading p

Water
residence p

0.31, 0.08

0.82, 0.54

0.07

0.0002

0.0002

0.21, 0.04

0.87, 0.72

0.17

0.00005

0.10

0.23

0.44, 0.16

0.23, 0.04

0.12

0.41

Eutrophic time

0.55

0.003

0.52, 0.25

0.64, 0.37

0.01

0.004

Chlorophyll (Mean)

0.15

0.15

0.34, 0.11

0.43, 0.17

0.19

0.11

Chlorophyll (Min)

0.16

0.20

0.09, 0.01

0.48, 0.23

0.72

0.08

Chlorophyll (Max)

0.12

0.19

0.48, 0.21

0.19, 0.03

0.08

0.47

Total Nitrogen Load
Coefficient of
Variation
Time under 4 mg/L

0.57

0.002

0.11, 0.01

0.84, 0.58

0.56

0.0001

0.69

0.0003

0.15, 0.02

0.91, 0.70

0.37

0.0001

Time over 10 mg/L

0.00

0.71

0.18, 0.05

0.27, 0.02

0.58

0.43

Eutrophic Time

0.30

0.045

0.27, 0.06

0.71, 0.36

0.28

0.02

Chlorophyll (Mean)

0.15

0.36

0.04, 0.001

0.41, 0.13

0.89

0.19

Chlorophyll (Min)

0.14

0.16

-0.22, 0.12

0.38, 0.04

0.44

0.20

Chlorophyll (Max)

0.00

0.85

0.09, 0.03

0.18, 0.01

0.78

0.58

41

Figure 2.5 - Effect of water residence and nitrate loading on A) time under 4 mg/L
(data are square root transformed), B) time under and over 4 and 10 mg/L, e.g.
eutrophic time, C) coefficient of variation for dissolved oxygen and D) total
chlorophyll. Planes and lines show best-fit regression with associated proportion
of variation explained (R2) and significance level. The plane is somewhat
transparent, thus clear red points are above it and those slightly obscured are
below. Coefficient of variation and hours under 4 mg/L are square-root
transformed, nitrate loading is log-transformed and water residence is the ratio
of estuarine volume over freshwater and tidal volumes in all cases.
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dominant, explaining 54% and 37% of variability, respectively. Of the three multiple
regressions for chlorophyll endpoints, none were statistically significant and water
residence and nitrate-N explained <16% of the chlorophyll variation. The most
explanatory variables for chlorophyll endpoints were not consistent as water residence
explained a larger component of the variability than nitrate-N for mean and minimum
chlorophyll while nitrate-N explained more of the variability in maximum chlorophyll.
This latter relationship was similar to the model for “time over 10 mg/L”, as might be
expected since of all of the oxygen and chlorophyll variables, maximum chlorophyll and
time over 10 mg/L were most highly correlated (r = 0.74, statistically significant with
Bonferroni-adjusted p < 0.004). Although not significantly correlated, mean chlorophyll
concentration had a similar plane to eutrophic time (Figure 2.5C, D). In contrast, there
were no significant correlations between time under 4 mg\L and any chlorophyll
endpoints.

2.5

Discussion
Quantifying and managing variables in estuarine habitat has two substantive

challenges. Firstly, the measurement and monitoring of eutrophication response variables
has proven difficult given their temporal and spatial complexity in estuarine
environments. Secondly, the lack of widely applicable relationships between nutrient
enrichment and response variables has made establishing thresholds to trigger
management action elusive. In the first instance, economical logger technology has the
potential to overcome the challenge of estuarine complexity with temporally intensive
data collection. Spatially, the situation can be simplified as the upper estuary is the most
impacted area, as it receives nutrients from fresh water first and has longer water
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residence than the outer estuary. As this region of the estuary represents the worst-case
scenario for eutrophication, it also represents the best spatial location for monitoring
efforts.
Continual dissolved oxygen logging with optical sensor technology from May–
December revealed that estuaries in the Southern Gulf of St. Lawrence experienced
conditions ranging from normoxic (~ dissolved oxygen concentration in the range of 6-10
mg/L) to anoxic (0 mg/L of dissolved oxygen) for extended periods, to alternating
between hypoxic and superoxic. Multivariate analysis of dissolved oxygen metrics
showed that dissolved oxygen supersaturation and anoxia parameters were not closely
correlated and can be considered as separate metrics of eutrophication. Nitrogen loading
and estuary water residence were evaluated as predictors for the most influential subset of
dissolved oxygen and chlorophyll metrics. While water residence was often the stronger
predictor of dissolved oxygen measures, nitrate-N loading was also important when
proportion of eutrophic time, a measure that incorporates both high and low oxygen
duration, was examined. Chlorophyll was not well correlated with our predictor variables
in any analysis, which may be a characteristic of shallow, well-mixed estuaries that are
dominated by benthic production.
Evidence herein, and from previous work (Meeuwig et al., 1998), show that
chlorophyll is not always a satisfactory indicator of eutrophication in shallow estuarine
systems. Methodology from deep ocean and lake systems, where eutrophication research
began and where primary production is restricted to the photic zone of the water column,
has demonstrated that chlorophyll a is an effective indicator of eutrophication (Schindler
et al., 2008). While this is a valid assumption for some phytoplankton dominated
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estuaries, it does not account for the influence of colonial and multicellular vegetation
which can have enormous biomass in shallow estuarine systems. Although phytoplankton
can exploit nutrients more efficiently than seagrasses or macroalgae (Valiela, 1997), they
may cause overall nutrient export, because they are passive dispersers and can be swept
away by tides. This is generally not true for macroalgae that largely remain in the estuary
and therefore can be recycled repeatedly within the system. It has been suggested that
macroalgae proliferation is the first stage of estuarine eutrophication, displacing
seagrasses, and that phytoplankton may not dominate primary productivity until nutrient
impacts are most severe (Valiela et al., 1997; Burkholder et al., 2007). While high
primary productivity is the benchmark of eutrophication, in estuaries it is logistically
challenging and expensive to measure given the nature of macroalgae. We have
confirmed our hypothesis that dissolved oxygen may provide a practical surrogate for the
measurement of primary productivity and/or community metabolism.
Dissolved oxygen as an endpoint incorporates both respiration (from
decomposition as well as from primary and secondary consumers) and photosynthesis by
primary producers within the area. The strong relationship we observed between water
residence and hypoxic endpoints likely reflects both nutrient export and oxygen import.
In this study fresh water was always saturated with dissolved oxygen. That may not be
the case under certain conditions, e.g., very high organic loading, effluent from various
industries, etc. A previous model from the region created a whole estuary average nitrateN concentration variable based on external loading and flushing (Bugden et al., 2014).
This model was somewhat predictive but the underlying theory that nutrients are simply
diluted by flushing, thereby reducing hypoxia due to low nutrient availability, is flawed.
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The first problem is that, as described above, nutrients are rapidly incorporated into
macroalgae and those nutrients are not exported immediately, and may even be recycled.
Secondly, hypoxia is a function of biochemical oxygen demand exceeding the supply of
oxygen and enhanced flushing provides more oxygen. The strong relationship between
water residence and metrics of low dissolved oxygen suggests that importing of oxygen
effectively controls the occurrence of hypoxia under the nutrient regime present in many
of the estuaries examined.
Nitrate-N loading was not as strongly predictive of high or low oxygen as water
residence likely due to gaps in our understanding of external and internal nutrient loading
and dynamics. Firstly, nutrients are only indirectly related to oxygen as enrichment
causes plant growth first, and then subsequently decomposition occurs, increasing oxygen
demand. Secondly, nitrogen is not the only potential limiting nutrient in the marine
environment (Paerl et al., 2014). Phosphorus was not monitored in this study, and though
it is not usually considered to be a limiting nutrient in salt water (Ryther and Dunstan,
1971), it is possible that phosphorus could affect primary production in parts of the
estuary, unlike nitrogen loading which is thought to control primary production more
often in salt waters (Ryther and Dunstan, 1971; Valiela et al., 1997; Hemminga and
Duarte, 2000). As phosphorus concentrations were not available for the estuaries on the
South side of the Northumberland Strait (NB and NS) this variable could not be
evaluated. Unlike nitrogen loading, phosphorus concentration is high in PEI groundwater
regardless of adjacent land use, i.e., phosphorus loading is not higher in agricultural areas
(van den Heuvel, 2009; Finley et al., 2013; Knysh et al., 2015). Thus, given the 100-fold
range of nitrate-N loading observed in this study, it is unlikely that incorporating the

46

external loading of phosphorus would have greatly enhanced the ability of the model to
explain eutrophication as measured by oxygen or chlorophyll metrics (Ryther and
Dunstan, 1971). Conversely, the observation of increased chlorophyll in a PEI estuary
after an anoxic event, indicated by changes to the isotopic signal of pelagic particulate
organic matter (Schein et al., 2012, 2013), is suggestive that internal loading of nutrients
may be a significant contributor to eutrophication. The internal recycling of nutrients can
dominate the overall nutrient budget of both nitrogen and phosphorus to an estuary
(Bukaveckas and Isenberg, 2013). However, the reverse is also true and Valdemarsen et
al. (2015) have suggested that internal loading is relatively unimportant in nitrogen
limited systems. As estuaries showing a range of nutrient enrichment are present in this
study, incorporation of internal nutrient loading would be expected to impact the
explanatory power of nitrogen loads. Oligotrophic estuaries, where nutrients are tightly
cycled, would have relatively little contribution from internal loading, whereas eutrophic
estuaries, with large standing biomass might have internal loading that is greater than the
external loading.
Another advantage of monitoring dissolved oxygen in estuaries is that it provides
information on habitat conditions that can inform management decisions for estuary
biotia, since animal behaviour and survivorship are both impacted by hypoxia (VaquerSunyer and Duarte, 2008; Riedel et al., 2014). Acute sensitivity is species-specific but
median mortality varies between 0.5 and 2.5 mg/L for a wide range of fish and
invertebrate species (Miller et al., 2002; Landman et al., 2005; Vaquer-Sunyer and
Duarte, 2008). Less is known about sub-lethal effects of low oxygen, but a meta-analysis
examining fish revealed significant impacts on growth and feeding rates below 4.5 mg/L
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(Hrycik et al., 2017). In the region of the present study, recent work by Coffin et al.
(2017) found that hypoxia/anoxia lasting between 30 and 113 h can have deleterious
effects on the invertebrate community. Similarly, PEI estuaries that experience regular
hypoxia/anoxia showed differences in community structure during and immediately after
hypoxia/anoxia (Schein et al., 2012; Coffin et al., 2018). For example, PEI’s American
eel (Anguilla rostrata) fishery has been directly affected by anoxic conditions in the
estuaries by causing mortality of eels in the nets set out during the August season. One
mitigation measure has been to set back the fishery so that it occurs in September, when
oxygen levels have improved (CBC News, 2015). Implementing a dissolved oxygen
monitoring program could thus have direct application for fisheries management in
addition to its usefulness for monitoring ecosystem health.
To improve decision making, and to ensure that action occurs, managers require
simple models for cumulative impacts that can link nutrient enrichment with response
variables (Ganju et al., 2016). The development of relatively simple, easily and
economically measured response and explanatory variables is essential to accomplish this
end. While nutrient loading is easily and often measured, it is not an indicator of
eutrophication without the context of other modifying environmental parameters.
Considerable effort has been expended for monitoring and modelling nitrogen inputs and
developing predictive nutrient models in the region of this study (Grizard, 2013; Bugden
et al., 2014; Jiang et al., 2015), which in turn facilitated this work by enabling
comparison of our dissolved oxygen metrics with accepted methods. While the model in
this study was amazingly predictive given its simplicity, i.e., the tidal prism model is
coarse and benthic flux, i.e., internal nutrient dynamics, is not accounted for, we believe
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that increasing the accuracy of these predictors rather than the dissolved oxygen
endpoints would be of most benefit for increasing predictability. We suggest that
dissolved oxygen monitoring for eutrophication may be an ideal indicator for the creation
of simple models across regional scales. The model outlined herein demonstrates that
dissolved oxygen is an effective indicator for eutrophication and can be of utility to
managers that must consider impacts in hundreds of small to medium sized watersheds.
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Appendix Figure 2.1 - Linear regression on log-transformed data for daily average
flow (m/s), acquired from Environment Canada, and log-transformed data for
watershed area (km2). R2 = 0.97, 95% confidence intervals are indicated by red lines.
The equation of the line (y = 0.7702x + 1.9264) was then used to calculate flow for
the study watershed areas.
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Appendix Table 2.1 - PC loadings for the environmental and simplified dissolved
oxygen PCAs (Fig 2 and 4B, respectively)
Environmental Variables

Dissolved Oxygen Variables

PC1

PC2

PC3

PC1

PC2

PC3

Temperature

0.343

0.386

0.527

Mean coefficient of
variation

0.704

-0.020

0.710

Residence
Time

0.245

0.579

-0.291

Time under 4 mg/L

0.670

-0.311

-0.674

Nitrate
loading

0.419

-0.253

-0.061

Time over 10 mg/L

0.234

0.950

-0.205

Nitrogen
loading

0.311

-0.407

-0.535

Chlorophyll

0.527

0.052

0.202

Salinity

0.431

0.178

-0.347

pH

0.292

-0.502

0.432

% of total
variation

36.8

27.7

13.6

62.0

32.9

5.1

Eigenvalue

2.58

1.94

0.95

1.86

0.987
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3.

Chapter 3 - Influence of nutrient enrichment on seasonal
and spatial dynamics of dissolved oxygen within northern
temperate estuaries

3.1

Abstract
In temperate estuaries of the southern Gulf of St. Lawrence, intermittent seasonal

anoxia is a regular occurrence in watersheds with a large proportion of land-use in
agriculture. To examine the spatial relationship between dissolved oxygen throughout the
estuary, oxygen depth profiles were taken bi-weekly over the course of the productive
season in 18 estuaries. In five of those estuaries dissolved oxygen data loggers were set to
measure oxygen at hourly intervals and at multiple locations within the estuary the
subsequent year. The primary hypothesis was that dissolved oxygen in the upper estuary
is predictive of dissolved oxygen at other scales, i.e., that there would be strong
correlation throughout the estuary. The second hypothesis was that hypoxia/superoxia of
dissolved oxygen in the estuary is influenced by temperature and tidal flushing,
increasing with oxygen import. Data from the depth profiles conducted in the first year of
study provided qualitative supporting evidence that dissolved oxygen in the upper estuary
was related to dissolved oxygen across spatial scales. Dissolved oxygen measurements
collected at a more frequent time scale than used in the first year indicated that there was
a relationship between locations but it was not as predictive as first indicated by biweekly measurements. The correlation between the upper- and outer-estuary, was
relatively high during spring but the strength of the correlation declined towards the end
of the summer. This decoupling may have resulted from early declines in organic matter
decomposition being exhausted earlier in the mid-estuary, relative to the upper estuary.
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Increased temperature was strongly correlated to deviations from normoxia in the upper
estuary whereas tidal influence did not significantly affect deviations from normoxia at
the within estuary scale, although it is an important factor when comparing among
estuaries. A better spatial understanding of internal nutrient recycling and/or
decomposition processes and hydrodynamics are required to further predict oxygen at a
spatially intensive scale within an estuary.
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3.2

Introduction
Eutrophication is a major threat to coastal systems around the world (Burkholder

et al., 2007; Lotze et al., 2006). The impacts of nutrient enrichment are wellcharacterized: increased biomass of primary producers (e.g., phytoplankton, seagrass
epiphytes and macroalgae), displacement of seagrass by macrophytes and phytoplankton,
development of hypoxia/anoxia (D’Avanzo et al., 1996; Diaz and Rosenberg, 2008;
Valiela et al., 1997), and the reduction in species diversity and/or mortality of fauna
(Valiela et al. 1997; Hemminga and Duarte 2000; Cebrián et al., 2013). Perhaps the most
common indicators for quantifying eutrophication in estuaries are chlorophyll a, an
effective proxy for phytoplankton (Meeuwig, 1999), and seagrass health (Short et al.,
2006; Hitchcock et al., 2017) or coverage (van den Heuvel et al., under review). While
effective tools, phytoplankton and seagrass represent only a portion of total productivity,
pelagic and benthic, respectively and do not account for the contribution of benthic
macroalgae which can be substantial (Valiela et al., 1997). Finally, the consequences of
the eventual decomposition of these producers, which affects flora and fauna via changes
in habitat and stress from low dissolved oxygen, are not accounted for by phytoplankton
or seagrass. For these reasons, dissolved oxygen has been suggested as a primary
endpoint for monitoring nutrient impacts in estuaries, as dissolved oxygen is a direct
reflection of pelagic and benthic processes (D’Avanzo et al., 1996; Iriarte et al., 2010;
Chapter 2 herein and Coffin et al., 2018).
Dissolved oxygen dynamics in estuaries are influenced by a variety of factors
including oxygen production through photosynthesis, oxygen consumption through
respiration (including primary producers, animal consumers and microbial
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decomposition), and transport through tidal processes (Iriarte et al., 2015; Lake and
Brush, 2015; Murrell et al., 2018). Temperature also affects dissolved oxygen
concentration, directly via solubility and indirectly through decomposition rate and biotic
physiology (Kaiser et al., 2011). Hypoxia, low oxygen, develops when the consumption
of oxygen exceeds net production and/or import. Thus in estuaries where productivity is
high and where abiotic variables fluctuate with freshwater river discharge and tide,
dissolved oxygen can vary dramatically throughout the day because of these competing
processes (Lake and Brush, 2015). The source of nutrients promoting increased
productivity in estuaries is typically fresh water, versus ocean water which is usually
nutrient-poor and oxygen saturated. Mixing processes make spatial dynamics of
dissolved oxygen a balance between physical and biological processes within an estuary
site-specific and generally poorly understood. Few researchers have studied spatial or
temporal/seasonal dissolved oxygen patterns in shallow, small- to medium-sized
estuaries, due to the complex nature of the systems and high variability between and
among estuaries (Iriarte et al., 2015).
The seasonal or temporal nature of dissolved oxygen and/or nutrient-related
hypoxia can vary dramatically with climate location and geographic features (Zhang et
al., 2010). Temperate estuaries have more distinct seasons, exhibit higher rates of nutrient
acquisition, and show a greater magnitude of response to nutrients than estuaries at lower
latitudes, although pathways of effect are similar (Teichberg et al., 2010). In northern
icebound temperate estuaries, the period of eutrophic conditions resulting in hypoxia, to
our knowledge, can be limited to only days or weeks in mid to late summer (Coffin et al.
2018) compared to estuaries with longer periods of susceptibility for hypoxia (Zhang et
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al., 2010). Estuary type, i.e., riverine, coastal embayment, lagoon, fjord (Glibert et al.,
2010), also influences the severity of nutrient impact (Painting et al., 2007; Price et al.,
2016), although direct comparison of site-specific data better encapsulates differences
than these generic classifications.
The accepted paradigm for explaining nutrient uptake spatially is that primary
production, and therefore nutrient impact, is generally greatest at the upstream head of
the estuary where nutrients are first available to estuarine and coastal systems (Paerl et
al., 2014; Valiela, 1995). However, there is a poor understanding of how dissolved
oxygen concentration varies along the nutrient and salinity gradient that is present in
estuaries. For example, a study in Spain demonstrated that temperature, primary
productivity, river discharge and tides were all significant factors affecting dissolved
oxygen but that the strength of that effect varied between estuaries and further varied
within an estuary (Iriarte et al., 2010, 2015).
The purpose of this study was to examine the spatial and temporal dissolved
oxygen dynamics within and among north temperate, winter ice-bound estuaries of the
southern Gulf of St. Lawrence. The estuaries of the southern Gulf are typically microtidal
and shallow and many receive high nutrient inputs from agricultural runoff, resulting in a
high level of benthic (macroalgal) productivity. Based on previously observed seasonal
hypoxia patterns in nutrient-rich estuaries, dissolved oxygen, specifically low oxygen and
high variability, was chosen as the broadest indicator of eutophication effects. The initial
hypothesis was that nutrient impacts, assessed via dissolved oxygen patterns, are most
severe in the upper estuary and dampen with distance downstream. Secondly, the
influence of temperature and tidal amplitude on the manifestation of hypoxia in eutrophic
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estuaries was examined. Finally, the relationship between dissolved oxygen concentration
in the upper estuary and dissolved oxygen at other locations was also examined, testing
the specific hypothesis that dissolved oxygen levels at different sites in normoxic
estuaries will be better correlated spatially than eutrophic estuaries. Hypotheses were
tested by surveying water column dissolved oxygen from the upper to the outer estuary
and with the collection of high frequency continuous oxygen measurements collected
with data loggers in the upper and mid-point of the estuary. In addition, tidal models,
based on data acquired from a companion study (Hitchcock et al., 2017), were employed
to assess temporal difference in flushing rate on dissolved oxygen concentrations.

3.3

Materials and Methods

3.3.1

Study area
Estuaries in the southern Gulf of St. Lawrence are generally small, shallow and

share similar lithology, biogeochemistry, and watershed sizes (Grizard, 2013; van der
Poll, 1983). Low freshwater input from these relatively small watersheds (17 – 386 km2
in this study) leads to well-mixed estuaries throughout the water column and a short
transition zone from fresh- to saltwater and particularly the area from 0 to 15 PSU
(Practical Salinity Units; equivalent to 0/00 salinity). Eelgrass is in decline in the
southern Gulf of St. Lawrence (Hanson, 2005) and eutrophication effects are evident,
particularly in estuaries of PEI (Bugden et al., 2014; DFO, 2009) where land-use is
intensely agricultural (Grizard, 2013; Jiang et al., 2004; Jiang et al., 2015; Jiang and
Somers, 2009). The increased nutrient availability, primarily from nitrate-based
fertilizers, has led to the inundation of the green macroalgae Ulva lactuca (L.) in the
upper estuary defined here as the area of salinity >15 PSU (see Coffin et al., 2018 for
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detailed description of this area; Note this differs from the uppermost extent of the
estuary which is 0.5 PSU). Southern Gulf of St. Lawrence estuaries are typically icecovered from January to mid-April, although the period of ice coverage has been in
decline in recent years (Manson et al., 2016).
Eighteen estuaries, spanning a broad nutrient loading and geographic gradient in
the southern Gulf of St. Lawrence, were selected for study in 2013 (Figure 3.1; Table
3.1). Mean tidal amplitudes in this region are diurnal or semi-diurnal, sometimes both
within an estuary, depending on time of year (Davidson-Arnott, 2006; Pingree and
Griffithis, 1980) and were between 0.3-1.6 m, in this study. Five PEI estuaries, a subset
of the 18 estuaries studied in 2013, were studied in 2014. The five estuaries were divided
into low nutrient impact (Bideford and Enmore) or high impact (Kildare, Mill River and
Wheatley) based upon data from 2013 and Coffin et al. (2018) on the relative frequency
of hypoxia and oxygen superoxia as well as the dominant vegetation, Zostera marina in
low nutrient impact estuaries and Ulva spp. in high nutrient impact estuaries. Dissolved
oxygen loggers were deployed in the upper and mid-point of each estuary.
3.3.2

Water chemistry, bathymetry and water residence
Depth profiles of water chemistry variables were taken bi-weekly in 2013, May

27 to October 30, using a YSI V2 6600 multi-parameter sonde (Yellow Springs, OH,
USA) with an optical probe for dissolved oxygen and additional probes for pH,
conductivity, depth, and temperature. Measurements were taken every 0.5 m within the
water column of the primary channel, from 0.5 m above the substrate to 0.5 m below the
water's surface, at five locations within each estuary. The location closest to the upper
estuary was determined by habitat and salinity: the farthest extent of Zostera
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Table 3.1 - Watershed characteristics for the eighteen watersheds sampled in 2013
(Z: Zostera marina; U: Ulva spp B: Bare).
Site

Watershed
Area (km2)

Water
Residence (d)

Nitrate-N
kg/ha/yr

Dominant
Vegetation

Kouchibouguac

385.7

1.37

6.4

Z

Bouctouche

376.7

1.16

1.7

Z

Cocagne

248.8

1.19

0.8

Z

River Philip

No Data

No Data

No Data

Z

Tatamagouche

225.6

0.35

52.4

Z

Murray

57.25

2.40

40.9

U

Montague

163.8

2.17

175.6

U

Souris

31.6

1.85

49.1

U

West

113.6

0.82

29.9

B

Tryon

41.85

0.24

214.7

B

Dunk

161.1

0.76

312.5

U

Wilmot

71.6

0.73

427.2

U

Enmore

36.6

0.56

5.8

Z

Mill

88.3

2.72

118.8

U

Kildare

17.4

3.49

49.6

U

Bideford

19.3

2.13

1.4

Z

Stanley

39.2

3.80

42.5

U

Wheatley

42.1

1.74

149.0

U
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Figure 3.1 – A) Study area in the context of northeastern North America. B) Study
sites located in the southern Gulf of St. Lawrence. Red triangles indicate study
sites where depth profiles for water chemistry were taken in 2013. Green
triangles were also monitored in 2013 but in 2014 had dissolved oxygen loggers.
C) The blue circles indicate the approximate location for oxygen depth profiles
conducted in 2013 in an example estuary.
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marina or Ulva lactuca, and in a targeted average bottom salinity range of 15-25 PSU.
The outermost site was determined by geography, where the estuary opens up into a
coastal embayment or the Northumberland Strait directly. Using these criteria, the five
sites along each estuary that were sampled corresponded to the 10, 25, 50, 75 and 100%
locations by surface area determined using ArcGIS software (Redlands, CA, USA)
(Figure 3.1). The 10% location is also referred to as the upper estuary, the 50% location
as the mid-estuary and the 75 and 100% locations as the outer estuary. To capture
dissolved oxygen at its lowest point during the day, water quality measurements were
taken between dawn and 11 am and within 2-days of the neap tide. Bathymetric data and
water residence time were collected and calculated using the same methodology
presented in Coffin et al. (2018) (section 2.3) and are the same except for the addition of
two additional sites (Murray River, PE and Cocagne, NB).
3.3.3

Continuous monitoring
In 2014, Onset Hobo® Dissolved Oxygen loggers (Bourne, MA, USA), using

optical sensor technology, were set to record dissolved oxygen (mg/L) and temperature
(°C) every hour in the estuaries of the Bideford, Enmore, Kildare, Mill and Wheatley
Rivers (Figure 3.1). Loggers were deployed 0.5 m from the substrate, in each upper
estuary location and at both 0.5 m below the water’s surface and 0.5 m above the
substrate at the 50% location. Loggers deployed near the substrate were moored to a steel
pole embedded in concrete, whereas loggers deployed immediately below the water’s
surface were attached to a rope 0.5 m below a tethered buoy. Data from each dissolved
oxygen logger was downloaded and cleared of fouling weekly.
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3.3.4

Statistical Analysis
Interpolated data, incorporating oxygen against depth and time, are presented as

rasters for every study site with each cell in the raster representing an oxygen data point.
Interpolations were produced using SigmaPlot V 11.2 and then analyzed using ArcGIS
v10.5. Estuaries are ordered from highest proportion of hypoxia to lowest, estuaries that
did not experience hypoxia are presented in an arbitrary order. Hypoxia, dissolved
oxygen concentration < 2 mg/L and represented by red pixels, was characterized as the
relative proportion of red pixels to other colours for all locations within an estuary using
pixel-based image analysis. Each individual raster cell represents 1.41 days on the x-axis
and 1.1% of the total depth on the y-axis; the y-axis is depth standardized due to variance
in water depth due to tides at the time of data collection (substrate to surface = 0 –
100%).
To compare the continuous dissolved oxygen data among estuaries and within
different parts of the estuary, oxygen data were standardized to account for dissolved
oxygen solubility which is inversely related to salinity, pressure and temperature. The
average salinity (as collected using the multi-parameter sonde, Appendix Figure 3.1) was
used to correct for salinity, and a standardized pressure was assigned for each logger
dataset. Since temperature fluctuates dramatically throughout the year, data were
corrected to 15 °C for dissolved oxygen solubility according to the equation found in
Weiss (1970), which was adapted to a python script. The lunar day average (24h 50.4
mins) of dissolved oxygen was used for all statistical analyses.
Tidal amplitude was determined using harmonic analysis using the t_tides matlab
script (Pawlowicz et al., 2002) based on measurements taken every 10 min for 30+ days
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using Onset Hobo Water Level Titanium® loggers (see Coffin et al. 2018 for more
detailed methodology). A mixed-effects logistic regression model was used to assess the
effect of temperature and flushing, using tidal amplitude as a proxy, on the probability of
dissolved oxygen deviating from normoxia, here defined as 4-10 mg/L. A logistic
regression model was chosen because the outcome of interest was a discrete dichotomous
variable (i.e., normoxic or hypoxic/superoxic). The fixed predictors in our model were
temperature and tidal amplitude. The model was run independently for the upper- and
mid-estuary. Tidal amplitude was also transformed into a dichotomous variable,
categorized as either above or below mean tide for each site. An interaction term between
the fixed effects was also included in our model to determine if the effect of temperature
was dependent on tidal amplitude. Lastly, site effects were accounted for by including
site as a random effect in the upper and outer estuary models. Significance was evaluated
at α = 0.05.
Given that deviations from normoxia were almost exclusively observed at water
temperatures of 15 °C or above, data below that temperature threshold were excised,
essentially restricting the dataset to exclude the majority of normoxic periods for highly
impacted sites. Remaining data were then analyzed using tidal amplitude as the factor of
interest for each site in both the upper- and mid-estuary, which effectively eliminated
temperature effects. All model analyses were completed using “R” statistical software
and the “lme4” package (R Core Group 2018).
To compare among areas within an estuary, dissolved oxygen data (lunar day
average) from the upper estuary were compared to data from the logger at the outer
estuary, using whichever logger location had a higher correlation with the upper estuary,
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(i.e., the logger near the surface or the logger near the bottom), using Pearson’s
correlation coefficient (r) for the entire field season at that site. A temporal lag between
the upper and outer estuary dissolved oxygen concentration correlation was investigated
for each site, by examining lags of 1-12 h; in the event that the administration of a lag
improved the correlation it is noted in the figure associated with those data. Weekly
cumulative correlations are presented across the entire logger deployment (May 12November 30).

3.4

Results

3.4.1

Spatial pattern for dissolved oxygen throughout estuaries
In estuaries that experienced hypoxia/anoxia, dissolved oxygen concentration

increased, from the upper to the outer estuary (first ten estuaries in Figure 3.2, except
Kouchibouguac River in Kouchibouguac National Park, which had the lowest dissolved
oxygen in the outer estuary). Estuaries that did not experience hypoxia still experienced
lower dissolved oxygen concentration from the upper to outer estuary, however the
magnitude of the difference was much less (last eight estuaries in Figure 3.2). In estuaries
experiencing low oxygen, anoxia was mostly restricted to the 10 and 25% locations
where it occurred earlier in the season and for longer durations than sites farther out.
Dissolved oxygen concentration was typically lower near the substrate and higher closer
to the water’s surface (Figure 3.2). In total, anoxia was detected at 10 sites eight of which
were located on Prince Edward Island (Figure 3.2). The two sites in New Brunswick that
experienced anoxia, Kouchibouguac and Cocagne, only did so farther out in the estuary
(25% location for Cocagne and 75% and 100% locations for Kouchibouguac) but the
anoxic events did not persist beyond a singling sampling period.
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Figure 3.2 - Dissolved oxygen from all estuaries in 2013 represented as a contour
plot with depth on the y axis, time on the x axis (May 27 to October 30, 2013) and
oxygen indicated by colour. Rows are estuary area from the upper estuary (10%
being the upper estuary and 100% being the boundary with the ocean) where
dissolved oxygen was routinely measured. Columns are sites from Figure 3.1.
They are ordered to emphasize the gradient of impact along the estuary and,
from left to right, the most severe anoxia first.
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3.4.2

Hourly dissolved oxygen measurements and correlation between locations
At highly nutrient-impacted sites (impact designated according to the

aforementioned criteria) dissolved oxygen was quite variable within short periods,
ranging from superoxic (30 mg/L) to anoxic within 24 h at the upper location (Figure
3.3). Similar to the depth profiles in 2013, dissolved oxygen logger data in 2014 showed
that hypoxia was more prevalent in the upper estuary relative to the mid-estuary loggers
(Figure 3.3). One of the benefits of using logger technology, as opposed to physically
measuring water chemistry in real-time, is that it becomes possible to examine high
frequency patterns for multiple time scales, e.g., days, months, seasons. In estuaries
where anoxia occurs, anoxia happens earlier in the year at the 10% (upper estuary)
location and lasts longer into the fall when compared to the 50% location (Figure 3.3),
generally corroborating what was observed with depth profiles (Figure 3.2). Furthermore,
anoxia was rarely observed at the 50% location at all sites except for in Kildare which
was impacted at both the 10 and 50% locations (Figure 3.3, Table 3.2). Dissolved oxygen
was considered eutrophic, i.e., outside oxygen concentrations of the 4-10 mg/L range and
termed “eutrophic time” by Coffin et al., 2018 (Table 3.2), for more than half of their
deployment period for 4 of the 5 sites in the upper estuary. In Mill River the loggers (top
and bottom) at the 50% location were lost, due to a boat strike, resulting in the loss of
data from mid-July to early-August after which only a “bottom” logger was deployed.
Depth profile data collected in 2013 hinted at a strong spatial correlation for
dissolved oxygen throughout the estuary, yet 2014 data from the outer loggers were only
correlated with the upper logger about half of the time (Figure 3.2 and Figure 3.4). There
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Figure 3.3 - Raw dissolved oxygen for all locations where dissolved oxygen loggers
were deployed (10% and 50% (top and bottom) at each site.
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Table 3.2 - Dissolved oxygen metrics for each of the loggers deployed in 2014. The metrics presented here are those best suited for
distinguishing between estuaries across a gradient of impacts, as described in Coffin et al., 2018. The first three are the proportion of the
entire deployment that dissolved oxygen was above or below the indicated thresholds. Mean is the average dissolved oxygen and the
coefficient of variation is indicative of the overall variability of dissolved oxygen over the course of the entire logger deployment.
Correlation between upper and outer logger locations and the two outer loggers (top/bottom) are also presented for each site. Enmore
was too shallow for multiple loggers and the top logger in Mill was lost from an inadvertent boat strike, hence no correlation between
top and bottom loggers.

Site

Location
10%

Bideford
Enmore

Mill

Wheatley

>10

<4 + >10

Mean

Coefficient
of Variation

0.21

0.42

0.63

8.24

0.57

50% (Top)

0

0.23

0.23

9.09

0.15

50% (Bottom)

0

0.49

0.49

9.92

0.23

0.02

0.28

0.30

8.82

0.25

0

0.50

0.50

9.90

0.20

10%

0.46

0.34

0.80

7.54

1.08

50% (Top)

0.02

0.70

0.72

11.33

0.26

50% (Bottom)

0.16

0.42

0.58

8.33

0.48

10%

0.13

0.47

0.60

9.29

0.47

50% (Bottom)

0.03

0.38

0.41

9.24

0.29

10%

0.10

0.41

0.51

9.32

0.46

0

0.45

0.45

9.79

0.23

0.02

0.38

0.40

9.29

0.31

10%
50% (Bottom)

Kildare

<4

50% (Top)
50% (Bottom)
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Correlation
Upper vs Outer
Bottom

Correlation
Outer Top vs
Outer Bottom

0.40

0.20

0.53

N/A

0.55

0.66

0.25

N/A

0.64

0.70

Figure 3.4 - Mean dissolved oxygen concentration, averaged over daily tidal
cycles, at the upper (black) and outer (red) locations for five estuaries, A)
Bideford, B) Enmore, C) Kildare, D) Mill, E) Wheatley. Except for the Wheatley
logger which was moored 0.5 m from the water’s surface, all outer loggers were
moored 0.5 m from the substrate. Pearson’s correlation was calculated every
week, including all previous weeks, for the duration of logger deployment May 15
to November 30, 2014.
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was only one outer logger at two of the sites: Enmore, which was too shallow to
distinguish between top and bottom, and Mill (explained above). Of the three remaining
sites with the full complement of dissolved oxygen loggers (Bideford, Kildare and
Wheatley) the bottom logger located in the mid-estuary was better correlated than the top
logger with the upper estuary with the exception of Wheatley. Wheatley, though, had the
strongest correlation between the two outermost loggers, meaning that the bottom logger
is generally well-correlated with the uppermost logger (Table 3.2). The overall
correlation strength was highest at two nutrient impacted sites and a relatively
unimpacted site (r = 0.64, 0.55 and 0.53), Wheatley, Kildare and Enmore respectively
(Figure 3.4, Table 3.2). At all sites the correlation between upper and mid-estuary
changed throughout the field season. All five estuaries were well correlated initially with
the correlation coefficient between the upper and outer estuary decreasing in May-June
and then generally increasing through spring and into summer before stabilizing at the
highest point around the beginning of August (Figure 3.4). The correlation coefficient
decreased after this indicating decoupling between the upper and mid-estuary until the
end of the field season (Figure 3.4).
3.4.3

Influence of temperature and tidal amplitude on dissolved oxygen
Results from the mixed effects logistic regression analysis indicated that

temperature was significantly associated with the probability of dissolved oxygen
deviating from normoxia, (i.e., being hypoxic or superoxic in the upper estuary only (p
<0.0001, Table 3.3). In the upper estuary, there was a positive correlation between high
temperature and our dissolved oxygen metric, 4-10 mg/L, which means higher
temperatures lead to deviations from normoxia. There was no significant effect of tidal
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Table 3.3 - Mixed effects logistic regression model for effect of temperature and tidal amplitude on dissolved oxygen in the upper and
outer estuary, respectively. Dissolved oxygen was analyzed as a dichotomous variable, normoxic 4-10 mg/L and deviations from that, i.e.,
low or high dissolved oxygen.

10%

Fixed Effects

SE

z value

P>|z|

0.12
-0.04
0.003

0.02
0.48
0.027

6.36
-0.08
0.12

<0.0001
0.934
0.906

Variance
0.62
Coefficient

SD
0.79
SE

z value

P>|z|

-0.23
-0.43
0.03

0.02
0.44
0.026

-1.24
-0.99
1.14

0.215
0.323
0.256

Variance
0.20

SD
0.45

Temperature
Tidal Amplitude
Temperature and Tidal Amplitude interaction
Random Effect
Estuary
Fixed Effects

50%

Coefficient

Temperature
Tidal Amplitude
Temperature and Tidal Amplitude interaction

Random Effect
Estuary
Random effects parameters are estuaries (n=5).
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amplitude on deviations from normoxia, nor were there significant interactions at either
location. Figure 3.5 depicts the raw data, for Bideford upper estuary station only, that
were used for data analysis. Note the striped red line at 15 °C and the higher frequency of
deviations from normoxia when it is exceeded; this threshold was arbitrarily selected
based upon visual inspection of the data. Given that the upper estuary had consistently
higher temperatures than the outer estuary (Appendix Table 3.1) it makes sense that if
temperature is influential it would have a greater effect in the upper estuary (Table 3.3).
There was no significant effect of tidal amplitude anywhere when individual logistic
regressions were used for each location, for temperature periods above 15 °C. In the
upper estuary of Bideford and Kildare, the probability of tidal amplitude impacting
dissolved oxygen was not significant but the effect size was nearly sufficient for an
overall significant effect to be observed (Z-value = 2.98, p = 0.09 and Z-value = -1.64, p
= 0.10, respectively).

3.5

Discussion
Dissolved oxygen conditions fell within the normoxic range more often with

distance from the more heavily nutrient-impacted upper estuary. However the correlation
between upper and mid-estuary dissolved oxygen concentration was weak, at r ≈ 0.5. All
of the data collected supported the initial hypothesis that in nutrient impacted estuaries,
impacts are greatest in the upper estuary where nutrients are first available for uptake and
where algae proliferate. At the upper location, dissolved oxygen was significantly
affected by temperature while there was no significant relationship with tidal amplitude.
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Figure 3.5 - Example upper estuary (Bideford) of temperature (degrees C, left
axis), dissolved oxygen (mg/L, left axis)) and tidal amplitude (m, right axis) (all
variables averaged over lunar day). Note that the red line represents 15 °C which
appears to be the threshold for deviations from normoxia.
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When temperature effects were accounted for there was limited evidence of an effect
from tidal processes, although not statistically significant, in the upper estuary at two
sites. Overall, dissolved oxygen at upper and mid-estuary locations was better correlated
prior to August after which the correlation deteriorated as the outer station appeared to
revert to more normoxic conditions and the upper station did not.
One of the primary objectives of this study was to determine if monitoring
dissolved oxygen in the upper estuary alone would provide sufficient information
regarding dissolved oxygen at other spatial scales throughout the estuary. Our data
suggest that while there is connectivity among locations, monitoring in multiple places
along the gradient from upper to outer estuary is critical if the objective is to ascertain the
spatial extent of hypoxia.
The decoupling of upper- and mid-estuary dissolved oxygen observed after
August was likely due to the exhaustion of organic matter and/or nutrients at the midestuary location. In estuaries that experienced low-oxygen, it typically occurred earlier in
the season and was most severe in the upper estuary than the mid-estuary. Low-oxygen
was more severe in the upper estuary as the majority of primary production occurs in this
area. It has been previously observed that virtually all of the nutrient load from
freshwater, i.e., land-based sources, is consumed within a short distance from the
transition zone (Valiela, 1995). Thus, only a fraction of the total inorganic nitrogen load
reaches the mid and outer estuary meaning that plants there have a reduced nutrient
stimulus compared to the upper estuary and are more highly dependent on the release of
nutrients from decomposition processes. Consequently it would take a longer time for the
overall biomass to increase to a level where symptoms of eutrophication are evident, i.e.,
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depressed dissolved oxygen from increased biological oxygen demand from
decomposition and respiration from decomposers. Furthermore the susceptibility to
nutrient impacts is also diminished since imported oxygen-rich ocean water mixes more
in mid- and outer-estuary locations than the upper estuary, due to increased flushing
(Lake and Brush, 2015). Taken together these mechanisms would both contribute to the
truncated period of poor dissolved oxygen observed in the outer estuary. At the rare
locations where the outer estuary did experience anoxia, anoxic periods were not
concurrent with the upper estuary, indicating processes at the outer estuary are somewhat
independent from upper estuary processes. Refinements to experimental methodology for
tracking dissolved oxygen from the upper estuary and for understanding its development
locally, including nutrient source (exogenous or endogenous) and availability, would be
required for a better understanding of the relationship between oxygen and spatial
locations within an estuary.
It remains unclear how hypoxia manifests in the mid- to outer estuary or if it is
transported from the upper estuary. There are two apparent mechanisms for hypoxia to
occur in the outer estuary: 1) it develops there similar to how it develops in the upper
estuary, 2) it is physically transported to the outer estuary primarily through advection
from the upper estuary (Lake and Brush, 2015). In all likelihood dissolved oxygen
dynamics are a site-specific combination of both mechanisms but the relative proportion
of each type could have specific consequences for estuarine communities and important
fisheries. Although tidal amplitude was not an influential factor affecting dissolved
oxygen within an estuary, it was the most important distinguishing factor between
estuaries in previous work (Coffin et al., 2018). A clearer understanding of dissolved
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oxygen spatial dynamics is critical for management decisions but will likely require the
development of ecosystem models that are able to integrate primary and secondary
production with nutrient cycling spatially.
Higher temperature affects dissolved oxygen through biological activity
(increasing oxygen demand or oxygen production via photosynthesis) or through physical
processes (dissolved oxygen solubility). Although dissolved oxygen is an abiotic factor, it
is closely tied with many biological processes which vary in intensity spatially within the
estuary. The higher nutrient availability in the upper estuary fuels higher productivity,
and potential biological oxygen demand than is found in the mid-to-outer estuary, so
temperature effects that might influence these processes may have a stronger effect in the
upper estuary. Indeed, the confluence of high temperature and nutrient availability in the
upper estuary may stimulate both primary production and biological oxygen demand via
increased respiration and decomposition. The upper estuary may be more vulnerable to
high temperatures than the mid-estuary because it is generally shallower and has a dark
bottom that absorbs solar radiation. The implications from these findings are two-fold: 1)
increasing temperature resulting from climate change may further stress already impacted
systems which could be catastrophic for temperature sensitive species (Talmage and
Gobler, 2011) and therefore the estuarine community at large, similar to projections made
in other systems (Lajaunie-Salla et al., 2018); and, 2) this study provides further evidence
that site specific characteristics greatly influence nutrient impacts and that nutrient
loading alone is insufficient for assessing effects.
The data collected in this study confirm that nutrient effects are worst in the upper
estuary but found a temporal disconnect between the upper and mid-estuary as the field
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season progressed. These findings are consistent with findings from Iriarte et al. 2010 and
Iriarte et al. 2015 who also suggest that the outer estuary may be more affected by local
factors than nutrient loading from freshwater. Thus, monitoring at a single station in the
upper estuary does not consistently predict dissolved oxygen dynamics in the rest of the
estuary. Although oxygen and nutrient concentrations in the upper estuary presumably
influence oxygen concentrations further down the estuary, the relationship is not
straightforward due to the influence of other factors such as water residence time, light
limitation for benthic production and local nutrient availability. Longer water residence
time provides greater opportunity for vegetation to acquire nutrients and for nutrients to
remain within the area they were acquired. However, within-estuary differences seem to
be far less influential than between sites where differences in tidal amplitude are more
pronounced (Coffin et al., 2018). Estuaries where water is both sufficiently shallow for
benthic (macroalgae) and deep for pelagic (phytoplankton) production may be impacted
more acutely than sites where one form of production dominates, and are potentially
more complex to manage. The role of internal nutrient cycling was not investigated here
but in other shallow eutrophic systems it can be a major, or minor, nutrient source
(Bukaveckas and Isenberg, 2013; Valdemarsen et al., 2015). While the data presented
herein help elucidate dissolved oxygen dynamics spatially it is apparent that there are
missing pieces that need to be resolved to refine our understanding. Resolving these
issues likely involves the development of fully integrated ecosystem models that can
track nutrients from source, through primary producers, animals and their wastes and
incorporate biogeochemical processes.
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Appendix Figure 3.1 - Mean water column salinity (± 1 S.E.), surface to bottom, from
depth profiles conducted June-November, 2013 (n = 7-8).
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Appendix Table 3.1 - Mean, Maximum and Minimum water temperature over the
entire deployment (May-November) for the 10% and 50% (bottom) locations for
each estuary.

Estuary
Bideford
Enmore
Kildare
Mill
Wheatley

Water Temperature °C
Mean
Maximum
Minimum
10% 50% 10% 50% 10% 50%
17.2
15.8
26.5
24.6
2.8
1.4
17.2
16.6
29.4
30.1
-0.6
-1.0
16.5
15.1
28.7
24.7
3.1
0
16.8
15.9
27.9
27.7
0
0.8
16.4
15.3
26.5
24.8
0.8
0.6
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4.

Chapter 4 - Impacts of hypoxia on estuarine
macroinvertebrate assemblages across a regional nutrient
gradient

4.1

Abstract

In this study, we examined the effects of dissolved oxygen, via metrics based on hourly
measurements, and other environmental variables on invertebrate assemblages in
estuaries spanning a gradient of nutrient loading and geography in the southern Gulf of
St. Lawrence, Canada. Upper areas (15–25 practical salinity units (PSU)) of 13 estuaries
that were dominated by either seagrass (Zostera marina Linnaeus, 1753) or macroalgae
(Ulva spp. Linnaeus, 1753) were sampled from June to September 2013.
Macroinvertebrate assemblages from Z. marina were found to be distinct from Ulva
assemblages for both epifauna and infauna. Small snails dominated each vegetation type,
specifically cerithids in Z. marina and hydrobids in Ulva. Z. marina habitats, though they
differed in relative abundance, had higher invertebrate species richness, approximately
70% of taxa were common to both habitats. Faunal communities differed among estuaries
with large, within-estuary, temporal variance only observed at Ulva sites impacted by
hypoxia and particularly at sites with long water residence time. Indeed, abundances
varied by several orders of magnitude in Ulva ranging from zero to thousands of
macroinvertebrates. There was a strong negative correlation between hypoxic or anoxic
water, 48 h prior to sampling, with relative abundances of amphipods, and a positive
correlation with the relative abundances of snails. As one of the first studies to use highfrequency oxygen monitoring, this study revealed probable impacts and the transient
nature of hypoxia in eutrophication.
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4.2

Introduction
Nutrient loading from anthropogenic sources such as wastewater and agriculture

has significantly impacted estuaries and coastal systems around the world (Smith 2003;
Lotze et al. 2006; Burkholder et al. 2007). The increase in productivity brought on by
nutrient enrichment leads to the displacement of seagrasses by macroalgae and eventually
the development of hypoxia as they die off and decompose (Valiela et al. 1997; Larkum
et al. 2006; Burkholder et al. 2007). Algal proliferation exaggerates the normal diurnal
cycle of photosynthesis-driven elevated dissolved oxygen concentration during the day
and respiration-driven decreased dissolved oxygen concentration at night, resulting in
superoxia and hypoxia, respectively (Lovato et al. 2013; Coffin et al. 2018). Ultimately,
macroalgae become space-limited and begin to shade themselves and decompose,
depressing dissolved oxygen concentration further (Valiela et al. 1997; Larkum et al.
2006; Burkholder et al. 2007). Although faunal diversity is often lower in macroalgae
than in seagrass habitat (Hauxwell et al. 2003; Cebrián et al. 2014), some animals are
able to thrive there and can reach very high abundances (Norkko et al. 2000; Cardoso et
al. 2004; Andersson et al. 2009; Schein et al. 2012).
Hypoxia and dissolved oxygen superoxia clearly impact animal behaviour and
vital rates (Fidler 1988; Deegan 2002; Miller et al. 2002; Vaquer-Sunyer and Duarte
2008; Riedel et al. 2014; Hrycik et al. 2017), yet they are not always fully integrated into
studies examining the consequences of estuarine eutrophication. Given that dissolved
oxygen concentration can be highly variable, infrequent point measurements are not
likely representative of the conditions to which biota are exposed, potentially masking its
influence. In systems where hypoxia is suspected, establishing exactly when hypoxia
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occurs and its impact on structuring invertebrate communities are therefore
critical. Preliminary research at a limited number of sites in the southern Gulf of
St. Lawrence supports the need for continuous oxygen data, showing that hypoxia
(dissolved oxygen <2 mg/L) sustained for more than 30 h resulted in decreased
crustacean abundance and an altered community (Coffin et al. 2017).
This study examined invertebrate assemblages in the upper estuaries of
eelgrass- and sea lettuce (algae) dominated systems in the southern Gulf of St.
Lawrence, Canada, and how they related to environmental variables: metrics of
dissolved oxygen, sediment grain size, water residence time, organic content of
the sediment, temperature, salinity, chlorophyll, nitrate-N loading, and pH. The
overarching research objective was to assess the effect of nutrient-induced
hypoxia on macroinvertebrate assemblages in relation to other environmental
factors in eelgrass (Zostera marina Linnaeus, 1753) and sea lettuce (Ulva lactuca
Linnaeus, 1753) habitats. Additionally, it was expected that intermittent
hypoxia/anoxia in eutrophic, Ulva-dominated habitat may be correlated with
decreased faunal abundances and the dominance of fewer species compared with
Z. marina habitat. Hypoxia is less likely to occur and persist in Z. marina habitat,
and fauna are expected to be more diverse there. To our knowledge, this is the
first study to investigate the relationship between hourly measures of dissolved
oxygen and macroinvertebrates in multiple estuaries within a regional scale.
Given the prevalence of nutrient-impacted estuaries and coastal seas around the
world (Lotze et al. 2006), the methodology and findings presented herein should
be of interest to those studying eutrophication worldwide.
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4.3

Methods

4.3.1

Study area
Because of its relatively low salinity, the Gulf of St. Lawrence has been referred

to as a very large estuary (Koutitonsky et al., In Therriault [ed.] 1991), but this study
focuses on the many small estuaries within it, specifically those situated in the southern
portion (henceforth referred to as the southern Gulf of St. Lawrence, SGSL), with
watershed areas ranging from 37 to 386 km2 in this study (Figure 4.1). Low freshwater
input results in estuaries that are well mixed throughout the water column (Bugden et al.
2014) and that remain saline throughout. Tides vary in both amplitude and nature and can
be semi-diurnal or diurnal (Pingree and Griffithis 1980; Godin 1987; Koutitonsky et al.
2004). Because of local geography and low freshwater input, southern Gulf of St.
Lawrence estuaries are generally shallow and small. On the north shore of Prince Edward
Island most estuaries are lagoon-type, occurring behind barrier islands, and drain into the
southern Gulf, whereas those on the south shore empty into the Northumberland Strait
and are most often coastal embayments (Glibert et al. 2010). Eelgrass (Z. marina), the
local seagrass, is in decline in the region (DFO 2009), particularly in the upper reaches of
Prince Edward Island (PEI) estuaries (Hitchcock et al. 2017). Many PEI estuaries have
agriculturally driven high nitrate–N loads (Danielescu et al. 2007; Danielescu and
MacQuarrie 2011), are dominated by sea lettuce (Ulva spp.), and experience seasonal
anoxia as a result (Bugden et al. 2014). Two other provinces (New Brunswick and Nova
Scotia) border the southern Gulf St. Lawrence, but have markedly different land-use
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Figure 4.1 - Location of the study area in eastern North America (a). All estuaries
sampled (b); those with an asterisk (*) drain directly into the southern Gulf of St.
Lawrence, and those without an asterisk drain into the Northumberland Strait. Sites
dominated by Zostera marina are indicated by red diamonds and those dominated
by Ulva spp. are indicated by green diamonds. The relative location of sampling in
each estuary (c). Maps were created using ArcGIS 10.3.
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patterns than PEI, with ≤5% of their land use in annual crops (Natural Resources Canada
2009; Grizard 2013). Thus, the estuaries of the region constitute a gradient of nutrient
enrichment through which to examine the interactions of factors structuring invertebrate
communities (Table 4.1). The transition zone from 0 to 15 PSU salinity is short and
creates a highly susceptible area to nutrient impact immediately downstream, and is also
the area of interest in this study. This area is algae-dominated at nutrient- impacted sites
(Bugden et al. 2014) and eelgrass-dominated at oligotrophic sites. At sites that were
neither eutrophic nor oligotrophic (i.e., along the nutrient continuum), vegetation tended
to be dominated by one or other type but was patchier. In total, 13 estuaries spanning a
gradient of nutrient loading throughout the SGSL and that were dominated by either Ulva
spp. (henceforth Ulva) or Z. marina, were sampled monthly for epifauna and infauna and
more frequently for standard physicochemical variables, e.g., salinity, temperature, and
pH. Dissolved oxygen was the focus of this study and was continually measured using
optical logger technology.
4.3.2

Water chemistry and dissolved oxygen
Water chemistry variables were measured biweekly, before noon and within 2 h

of slack tide, 0.5 m from the substrate using a YSI V2 6600 multiparameter sonde
(Yellow Springs Instruments, Yellow Springs, Ohio, USA). The sonde was equipped
with optical probes for dissolved oxygen, pH, conductivity, and temperature.
Environmental variables were taken biweekly from June to September 2013 and the
overall averages are presented in Table 4.1. For the monthly invertebrate sampling
period, however, these variables were averaged.
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12.2

Kildare

30.5 ±
3.1
36.2 ±
1.4
89.2 ±
18.1
69.3 ±
6.2
154.4
± 5.0
239.9
± 3.1
24.7 ±
2.3
22.0 ±
1.9
33.2 ±
1.9
189.2
± 73.5
66.3 ±
3.3

15.4

Mill
Enmore
Bideford
Wilmot
Dunk
Stanley
Wheatley
Murray
Montague
Souris

11.8

14.6
8.6
17.0
3.0
3.4
17.8
20.7
16.1
8.1
9.8

23.4 ±
0.6
23.6 ±
0.5
18.2 ±
1.9
26.8 ±
0.4
21.1 ±
1.1
21.8 ±
2.2
25.6±
0.7
25.4 ±
0.6
26.7 ±
0.2
25.0 ±
1.6
23.8 ±
1.6

7.5

1.67

0.68

7.5

1.16

0.97

7.5

1.57

1.10

7.5

1.05

1.13

7.6

1.18

1.85

7.6

1.19

1.93

7.6

1.43

0.91

7.6

1.62

1.07

7.5

2.05

1.80

7.5

1.34

1.81

7.6

0.63

1.64
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2

1.19

21.8±
1.4
20.8±
1.5
22.6±
1.1
21.1±
1.0
21.3±
1.4
20.9±
1.5
21.8±
0.8
21.7±
0.6
19.2±
1.1
17.3±
0.8
19.3±
1.8

38

3.72

189

2.74

2

0.78

1

2.13

421

0.83

721

0.78

34

3.93

119

3.80

53

2.40

374

2.85

57

2.30

Hours above 10 mg/L oxygen

1.10

1.72

Hours below 6 mg/L oxygen

1.13

31

Dissolved oxygen mg/L

7.5

17.4±
0.4
21.1±
1.7

Chlorophyll a (µg/L)

0.85

Residence Time

1.22

Nitrate - N (kg/d)

7.6

Temperature (ͦC)

17.7 ±
3.7
17.9 ±
3.3

pH (± 0.1)

Tidal Amplitude (m)

42.7±
6.2
36.3 ±
4.8

Average Depth (m)

Kouchibouguac
Cocagne

Salinity (PSU)

Substrate Organic Content % (± 0.02)

Substrate Grain Size D50 (µm)

Site

Table 4.1 - Site and sediment characteristics and average water chemistry
measurements for each site over the course of sampling. N-loading is courtesy of
the Prince Edward Island provincial government, based on 2010 land-use layers, and
work conducted by Grizard (2013) and Jiang et al. (2015). Pressure loggers were
deployed in summer 2015 at the same locations as the dissolved oxygen loggers.
Residence time is the proportion of water remaining after the minimum low tide
relative to mean tide (the overall average is presented here). Dissolved oxygen
threshold values represent the average percentage of hours meeting the criteria
across all sampling times. Variability is presented as ± 1 S.E, for n = 3 in all cases.

1.4 ±
0.2
7.6 ±
1.8

9.3

0

0.28

7.6

0.07

0.02

13.2 ±
1.1
19.0 ±
5.4
6.9
± 2.0
9.8 ±
2.3
10.2 ±
3.9
23.3 ±
1.5
21.5 ±
4.2
14.6 ±
5.5
22.3 ±
2.3
7.4 ±
2.5
12.3 ±
6.5

7.8

0.33

0.51

8.7

0.38

0.45

7.8

0.15

0.09

10.6

0.01

0.57

10.0

0.04

0.40

8.6

0.21

0.30

6.0

0.60

0.35

9.9

0.26

0.56

n/a

n/a

n/a

6.6

0.41

0.08

14.0

0

0.71

over the two biweekly samplings preceding it to represent typical conditions prior to
sampling. One litre grab samples of water were taken for chlorophyll sampling
concurrently with environmental variable measurements, about 0.5 m below the water
surface, and stored in the dark until processing later that day. Water samples were filtered
through glass filter fiber paper type F and then submerged in 5 mL of acetone to extract
chlorophyll. Samples were stored in the dark at −80 °C and later analyzed using highperformance liquid chromatography (Schein et al. 2012).
An Onset HOBO (Bourne, Massachusetts, USA) dissolved oxygen logger, which
recorded dissolved oxygen (mg/L) and temperature (°C) hourly, was used to capture finescale variability in the oxygen regime. Criteria for the area of deployment for the
dissolved oxygen logger, and later for invertebrate sampling, were as follows: salinity
(average PSU of 15–25), depth (∼1.5 m at slack tide), and vegetation presence (Z. marina
or Ulva). Cumulative dissolved oxygen metrics for the 48 h preceding sampling were
selected to capture symptoms of nutrient impact, i.e., hypoxia and dissolved oxygen
superoxia. Metrics were based on work by Coffin et al. (2018), which found that hypoxia
(proportion of time below 4 mg/L), dissolved oxygen superoxia (proportion of time
above 10 mg/L), and the coefficient of variation of dissolved oxygen were all predicted
by water residence time and nitrate-N loading. Additionally, metrics for the proportion of
time <2mg/L, <6mg/L, and >15 mg/L were incorporated for greater resolution of sites
that were minimally and maximally impacted by nutrients (Miller et al. 2002; Landman et
al. 2005; Riedel et al. 2014; Coffin et al. 2018). The duration of 48 h was selected
because effects from hypoxia prior to invertebrate sampling would likely still be evident
(Coffin et al. 2017), and although not investigated directly in this manuscript, the impacts
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on behaviour and survivorship can occur after extended exposure to hypoxia
(Miller et al. 2002; Riedel et al. 2014). There were two data quality issues over
the course of the sampling in the Murray and Cocagne estuaries. Data from the
Murray logger were unreliable as it was periodically buried in anoxic substrate
and were, therefore, excluded from analyses or ordinations involving
environmental variables. The logger from Cocagne, a Z. marina site, became
fouled with vegetation immediately prior to the July sampling and so the first 48h period without fouling was used instead (approximately 5 d earlier).
4.3.3

Water residence time and nutrient loading
A tidal prism model employing estuarine volume, mean tidal amplitude,

and freshwater input was used to create a proxy for water residence time.
Bathymetric data were collected in a related project and used here to calculate
estuarine volume using ArcGIS 10.3. Tidal data were collected every 10 min for
at least 30 d at the dissolved oxygen logger location in each estuary using Onset
level loggers (one barometric and one submerged). Harmonic tidal models were
created from those data using the t_tides program in Matlab (Pawlowicz et al.
2002). These models were used to simulate tides over the period of dissolved
oxygen logger deployment (15 May to 30 November 2013), and mean tidal
amplitude was derived by averaging the tidal amplitudes that occurred over that
period. Higher residence time values are indicative of sites with low flushing
rates. These values represent the ratio of overall estuarine volume relative to
freshwater input and tidal exchange.
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Nitrogen loading (nitrate-N) data were collected from two sources: primarily from
Grizard (2013) and supplemented with data from Bugden et al. (2014). In short, daily
water flow (m3/s) was multiplied by mean nitrate-N concentration (kg/ha/year), which is
the most bioavailable form of nitrogen and best correlated with plant productivity
(Hemminga and Duarte 2000). A strong relationship was found between daily flow and
watershed area for rivers in this region (n = 8, R2 = 0.97). As our area of interest was
farther downriver than the most downstream measurements, the calculated nutrient loads,
and flow, were prorated for the larger watershed area and assumed to be proportional to
the measured watershed area.
4.3.4

Sediment organic content and particle size analysis
A Burton–Flannagan-modified Ekman dredge (15 cm × 15 cm) was used to

collect sediment samples at three locations per estuary, but only on one occasion
(summer), within the sampling region for particle size and organic content analysis.
Sediment was homogenized and then dried at 60 °C for 48 h. A 5 g sediment subsample
from each replicate was analyzed for organic content by loss on ignition at 550 °C for 24
h. The organic-free sediment sample was analyzed for grain size using laser diffraction
(Horiba laser particle sizer model LA-960). During the analysis, ultrasonic dispersion
was used to ensure homogeneity of the sample. For our analyses, the grain size at the
10th, 50th, and 90th percentiles were highly correlated within estuaries, and only the 50th
percentile (D50) was retained to characterize grain size.
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4.3.5

Invertebrate sampling
Invertebrate sampling occurred before noon and very close to slack tide,

monthly between 10 June and 25 September 2013. Sampling was boat-based in 1–
2 m of water (to avoid disturbing the substrate during sampling), and was within a
200 m radius of the dissolved oxygen logger (location as described above and
dissolved oxygen was not variable within this radius). To ensure the independence
of the samples, ephemeral algal mats were sampled by traveling in a random
direction, mooring, and then attempting collection. Several sampling
methodologies were employed to suit the assemblage or habitat being sampled (Z.
marina, Ulva, or infauna). Epibenthic invertebrates, henceforth referred to as
epifauna, in Z. marina habitat, were sampled using a Burton–Flannagan-modified
Ekman dredge (15 cm × 15 cm) dropped into a Z. marina bed. This method was
ineffective for Ulva habitat as the dredge was incapable of cutting through the
thick algal mats. Thus, an alternative method was devised using two modified
bow-head garden rakes (40.6 cm long with 2.5 cm between tines). The sampler
would place the rakes, one in each hand and shoulder width apart, on the substrate
and bring them together underwater, sampling an approximate area of 0.25 m2
(Coffin et al. 2017). Vegetation samples for each habitat were brought into the
boat and into a bucket of invertebrate-free water (sieved through 500 μm mesh).
Vegetation was visually inspected for degradation (only healthy sea lettuce were
retained), separated from sediment and manually cleared of invertebrates using
forceps and by repeated rinsing (invertebrates were retained for further
processing, see below), and then placed into a plastic bag to be processed in the
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lab. Ulva samples were large and compact when brought into the boat, and a total of 135
Ulva samples were taken with an average dry mass of 20.9 ± 1.5 g (SE); although some
invertebrates on exposed edges may have escaped during sampling, the majority were
contained within the algae ball. The remaining water–sediment–macroinvertebrate slurry
was immediately sieved through 500 μm mesh and stored in 95% ethanol to be processed
later. Infauna were collected using a 7.6 cm diameter core, about 15 cm deep within 5 m
of the vegetation samples, also sieved through 500 μm mesh and stored in 95% ethanol.
For each sampling method, five replicate samples were taken each month (June, July, and
August/September). All samples were further processed using a dissecting microscope
(40× magnification), and macroinvertebrates were identified using appropriate taxonomic
guides (Bousfield 1973; Appy et al. 1980; Pollock 1998; Merritt et al. 2008; Thorp and
Covich 2010). As sampling methodologies differed for invertebrate collection, all
analyses were performed using relative abundances. A selection bias for different fauna
was likely given the variety of sampling equipment used, and thus infauna and epifauna
were not compared statistically. Vegetation was not measured explicitly in this study, but
Z. marina coverage estimates were taken in a related study (Hitchcock et al. 2017).
Within the sampling area, only Montague and Wilmot had sparse Z. marina near the
sampling area at Ulva-dominated sites and none of the Z. marina sites had significant
Ulva incursion (Hitchcock et al. 2017). Generally, the area sampled had continuous
vegetation; sites where bare substrates existed were not sampled.
4.3.6

Data analysis
All data were analyzed using Plymouth Routines in Multivariate Ecological

Research package version 6.1.18 (Clarke and Gorley 2006) with PERMANOVA+
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(Anderson et al. 2008) and STATISTICA version 12. Environmental variables
from the two weeks prior to each sampling time at each site were averaged and
then patterns among estuaries and vegetation types were explored using principal
component analysis (PCA) to examine relative differences between sites. To meet
assumptions of linearity and homoscedasticity for parametric analyses,
environmental data were tested visually and with Cochran’s C test, respectively,
and, where necessary, log transformed and then normalized for subsequent
analyses (Clarke and Gorley 2006). For invertebrate assemblage data, Bray–
Curtis similarity resemblance matrices were created with the inclusion of a
dummy variable to account for samples with no species (Clarke and Gorley 2006;
Anderson et al. 2008). Principal coordinate analysis (PCoA) ordinations were
created, using the Bray–Curtis dissimilarity matrices, for epifaunal and infaunal
communities to visualize data by habitat type. Mixed-model PERMANVOAs
were used to test between the fixed factor habitat type (Z. marina or Ulva) and
“Month” (the convention for repeated measures designs (Anderson et al. 2008)),
and the random factor “Site” nested within “Habitat Type”. Additionally, taxa
richness was calculated for each site and sampling time and then compared for
each sampling methodology by habitat type using two one-way ANOVAs. Next,
habitat types were analyzed independently using mixed-model PERMANOVAs to
examine the effects of the fixed factor “Month”, the random factor “Site”, and the
potential interaction between those factors. Sites were designated as a random
factor because they were chosen from a larger group of potential estuaries on
which inferences were to be made. In Z. marina habitat for both sampling
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methodologies, initial analyses resulted in a negative estimate for the component of
variation and large p values (p = 0.542 and p = 0.479 for epifauna and infauna,
respectively) for the temporal factor “Month”. As suggested by Underwood (1997) and
Anderson et al. (2008), this term was pooled with the interaction term, “Month × Site” in
this case. Similarity percentages were also calculated across all sites and sampling times
for Z. marina and Ulva habitats to determine which species contributed most to any
dissimilarity between habitats.
Relationships between invertebrate assemblages and environmental predictor
variables were examined using distance-based linear models (DISTLM) and visualized
using distance-based redundancy analysis (dbRDA). Correlations between independent
variables were restricted to r < 0.7 (Pearson’s correlation), as strong correlations have
undue influence over results and can lead to spurious interpretation of the dependent
variables (Anderson et al. 2008). When independent variables were highly correlated, the
variable that was most correlated with other independent variables was eliminated.
DISTLM is used to analyze the relationship between the Bray–Curtis resemblance matrix
and potential explanatory variables, in this case invertebrate assemblages and associated
environmental variables. Because some of the environmental data were at the monthly
scale, invertebrate data were pooled (averaged) by sampling time for each estuary to
enable analyses. As with the mixed-model PERMANOVAs, analyses were conducted on
each habitat type and for epifauna and infauna independently. Model selection for the
DISTLM was performed using step-wise selection based on adjusted R2 criteria.
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4.4

Results

4.4.1

Site and plant habitat differences
Environmental variables from the 12 estuaries studied (Murray River

estuary was excluded because the logger was buried in anoxic substrate) (Table
4.1), were visualized using a PCA (Figure 4.2). The first three axes of the PCA
explained 33.9%, 21.1%, and 19.8% of the total variation, respectively (Table
4.2). There was separation of sites that drain into the southern Gulf and those that
drain into the Northumberland Strait. This can be explained by SGSL-draining
sites tending to be more correlated with longer water residence time and higher
values for variables associated with eutrophication, specifically chlorophyll,
dissolved oxygen variability (DO CV), and hypoxic hours (dissolved oxygen <6)
(Figure 4.2). The primary axis was driven by variables related to nutrient impact
(e.g., coefficient of DO CV, the percentage of hours of dissolved oxygen under 6
mg/L, organic content of the sediment sample, water residence time, and
chlorophyll; Table 4.2). Salinity was also generally higher at Ulva sites, most
likely due to their dominance in SGSL-draining estuaries that have lower tidal
variability compared with Northumberland Strait draining sites (Table 4.1).
Conversely, the secondary axis was driven by nitrate-N loading, average substrate
grain size (D50), and organic content (Figure 4.2, Table 4.2). The tertiary axis
was nearly as important as the secondary axis and, like the primary axis, was
driven by eutrophic variables, specifically dissolved oxygen metrics related to
high and low oxygen and also pH. Temperature was not important for any of the
first three axes (Table 4.2). The PCoA ordinations examining relative abundance
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Figure 4.2 - Principal component analysis for each site using the average for each environmental variable. Vector length represents the
contribution of that particular variable to the axes. Zostera marina-dominated habitats are in red and Ulva spp. dominated habitats
are in green. Furthermore, estuaries draining into the Gulf of St. Lawrence are open and those draining into the Northumberland Strait
are filled. DO, dissolved oxygen; CV, coefficient of variation.
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Table 4.2 – Coefficients in the linear combination of variables making up principal
components 1-3 for the environmental PCA (Figure 4.2). Values > 0.300 are bolded
to highlight their relative contribution to the model.

Variable
< 6 mg/L DO
> 10 mg/L DO
DO Mean
DO CV
Grain Size (D50)
Organic Content
Salinity
pH
Temperature
Nitrate - N
Residence Time
Chlorophyll

PC1 – 33.9%
-0.359
-0.257
0.067
-0.447
0.169
-0.323
-0.393
-0.033
-0.199
0.152
-0.328
-0.377

PC2 – 21.1%
-0.246
0.216
0.220
-0.141
-0.486
0.371
0.000
-0.176
0.144
-0.503
-0.249
-0.290
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PC3 – 19.8%
0.325
-0.475
-0.586
0.122
-0.170
0.100
-0.165
-0.396
0.156
-0.125
-0.241
-0.084

Figure 4.3 - Principal coordinate ordinations for epifauna (a) and infauna (b) from all estuaries, Zostera marina habitats are in red and
those of Ulva spp. are in green. Estuaries draining into the Gulf of St. Lawrence are open and those draining into the Northumberland
Strait are filled. All sampling times are pooled. Vector length corresponds to the correlation (r < 0.4) of a particular species.
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Table 4.3 - Results of SIMPER analysis describing the top taxa contributing to the
dissimilarity between habitat types. The similarity cut off threshold was 2%, for
Epifauna and Infauna.

Z. marina

Infauna

Epifauna

Taxon

Hydrobidae
Cerithidae
G. mucronatus
G. lawrencianus
Capitellidae
M. arenaria
Corophidae
L. obtusata
Nereidae
A. lunata
A. canaliculata
N. obsoletus
Chironomidae
Taxon

Hydrobidae
Cerithidae
M. arenaria
Capitellidae
A. canaliculata
Nereidae
G. mucronatus
L. obtusata
A. lunata
N. obsoletus
Chironomidae

Ulva

Average
Average
Relative
Relative
Abundance Abundance
0.19
0.34
0.27
0.06
0.08
0.16
0.01
0.15
0.10
0.00
0.05
0.04
0.02
0.05
0.01
0.04
0.04
0.01
0.03
0.02
0.04
0.00
0.01
0.04
0.03
0.01
Average
Average
Relative
Relative
Abundance Abundance
0.15
0.43
0.35
0.02
0.06
0.15
0.10
0.07
0.09
0.01
0.04
0.05
0.03
0.05
0.01
0.07
0.07
0.00
0.00
0.04
0.02
0.02
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Contrasting
Taxa
Average
Dissimilarity

Contribution
%

17.49
13.48
8.18
7.47
4.85
3.43
2.77
2.54
2.44
2.29
2.04
2.04
1.80
Average
Dissimilarity

21.83
16.82
10.20
9.31
6.05
4.28
3.46
3.16
3.04
2.86
2.55
2.54
2.25
Contribution
%

19.64
16.99
8.12
6.50
4.56
4.15
3.89
3.55
3.39
2.14
2.03

23.92
20.69
9.89
7.91
5.56
5.05
4.73
4.33
4.14
2.60
2.47

of epifauna and infauna between Z. marina and Ulva habitat showed similar patterns and
in both cases the first two axes explained more than 50% of the total variation (Figure
4.3). Samples were generally grouped according to vegetation type within the ordinations
for epifauna and infauna. It is notable, however, that Kouchibouguac, a Z. marinadominated site that had a high proportion of hydrobid snails, was more associated with
Ulva sites. For both epifauna and infauna sampling methodologies, hydrobid snails
dominated Ulva habitat but were also found regularly at low relative densities in Z.
marina. Conversely, cerithid snails were uncommon in Ulva habitat but dominated in Z.
marina (Table 4.3). These two taxa contributed most to the average dissimilarity between
the invertebrate communities found in the two plant habitats for both epifauna and
infauna. Epifauna were further distinguished by Gammarus mucronatus Say, 1818,
Gammarus lawrencianus Bousfield, 1956, capittelid polychaetes, and the softshell clam
Mya arenaria Linnaeus, 1758. Infauna were distinguished by M. arenaria, capittelid
polychaetes, Acteocina canaliculata (Say, 1826), and nereid polychaetes (Table 4.3).
Nested PERMANOVAs revealed that invertebrate communities were significantly
different between vegetation types and sites but not sampling times (Appendix Table
4.1). There was a significant interaction between Site (vegetation type) × Month; a
posteriori tests revealed that each site was significantly different from all other sites for
every month (results not shown).
For both sampling methods, pooled across time and site, there was significantly
higher species richness in Z. marina than Ulva habitat (ANOVAs for epifauna and
infauna: F1,37 = 20.182, p < 0.001 and F1,35 = 7.744, p < 0.009, respectively; Table 4.4).
The different sampling methodologies precluded a statistical comparison of
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Z

Acteocina canaliculata

Z

Littorina obtusata

Z

Astyris lunata

Z

Z
Z

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

Z

U

Z

Z

Z

Z

U

U

U

U

U

U

Z

Z

U

U

U

U

U

U

Z

Z

U

U

U

U

U

Z

Z

U

Souris

U

Murray

Gastropods
Z
U
U

Bideford

Cocagne

Wheatley

Pyramidellidae

Stanley

Z

Dunk

Cerithidae

Z

Mill River

Z

Kildare

Hydrobidae

Z

Wilmot

Z

Montague

Nassarius obsoletus

Kouchibouguac

Enmore

Table 4.4 - Faunal species presence and absence at all study sites. Z. marina
dominated habitat is indicated with the letter “Z” and Ulva dominated habitat by
the letter “U”. Only species occurring in more than one sample per site are shown.

U

U
U

U
U

U

U
U

Bivalves
Mya arenaria

Z

Gemma gemma

Z

Z
Z

Z

U

Z

Cerastoderma pinnulatum

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

U

Z

Macoma calcarea

Z

Mytilidae

Z

Crassotrea virginica

Z

Z

Z

U

U

Z

U

U

U

Crustacea: Amphipod-Tanaid- Isopod
G. mucronatus

Z

Z

G. lawrencianus

Z

Z

G. oceanicus

Z

U

U

U

U

U

U

U

U

U

Z

U

U

U

U

U

U

U

U

U

U

U

U

Z

G. tigrinis

U

U

Z

Ampithoidae

Z

Corophidae

Z

Tanaidacae

Z

Jaera sp.

Z

Z

Palaemonetus spp.

Z

Z

Crangon crangon

Z

Z

Z
Z

U
U

U

U

U

U

U
U

U

U

U

U

U

U

U

U

Z

Z

U
Z

U
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U

U
U

U

U
U

U

Wheatley

U

U

Souris

Stanley

Dunk

Mill River

Z

Kildare

Orthocladiinae

Wilmot

Z

Montague

Cocagne

Z

Murray

Kouchibouguac

Z

Bideford

Enmore
Chironominae

Insecta
U

U

U
Annelida: Polychaeta – Clitellata

Nereidae

Z

Glyceridae

Z

Z

Z

Z

U

U

U

Z

U

U

U

U

U

U

U

U

U

U

Capitellidae

Z

Z

Z

Z

U

U

U

U

Nephtys spp.

Z

Z

Z

Z

U

U

U

U

U

Orbiniidae

Z

Z

Z

Z

U

U

U

Spionidae

Z

Z

Z

U

Pectinariidae

Z

Terebellidae

Z

U

Z
Z

Z

Polynoidae

Z

U

U

U

U

U

U

Hemichordata

Z

Z
Z
Echinodermata

Asterias sp.

Z

Z

U
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U
U

Nemertea and Hemichordata
Nemertea

U

U

U

Z

Naididae

U

U

U

abundances which were higher in Ulva habitat. Gammarid amphipod abundances, for
example, differed by up to two orders of magnitude (1000s vs. 10s) in Ulva relative to Z.
marina sites. Overall, hydrobid snails, several species of Littorina Ferussac, 1822, Tritia
obsoleta (Say, 1822) (previously Ilyanassa obsoleta), G. mucronatus, G. lawrencianus,
and corophid amphipods were more abundant in Ulva habitat. Conversely, cerithid snails,
A. canaliculata, Astyris lunata (Say, 1826), and capitellid polychaetes were more
abundant in Z. marina (Table 4.3).
4.4.2

Within-habitat differences

4.4.2.1 Z. marina
Epifaunal and infaunal communities both differed significantly among Z.
marina sites, but there was no significant effect of sampling time. The interaction
Month × Site was significant in both cases and indicates that changes over time
were not consistent between the sites (Appendix Table 4.2). It should be noted
here that the interaction term is a test of the “generality” of whether sampling time
effects vary between sites and, if significant, does not preclude interpretation of
the main effects. When assemblage data were analyzed further using DISTLM
and visualized with a dbRDA ordination, the site differences become apparent
(Figure 4.4). Over 88% of the overall fitted variation was explained by the first
two axes for both epifauna and infauna (Figure 4.4). The adjusted R2 was 0.81
using three variables for epifauna and 0.60 with four variables for infauna
(significant variables from the model are bolded in Figure 4.4).
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Figure 4.4 - Distance-based redundancy analysis (dbRDA) ordination plot of species (a, c) and environmental variables (b, d)
of epifauna (a and b) and infauna (c and d) communities in Zostera marina. Vector length corresponds to a Pearson’s
correlation of r < 0.5. Significant predictor variables from the distance-based linear models are bolded in the ordinations.
Sites are represented by the symbols used in previous figures with samples representing the average abundance of a species
between all samples per sampling time (month). DO, dissolved oxygen; CV, coefficient of variation.
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Predictor variables unrelated to eutrophication were most important for
discriminating between Z. marina sites. For example, Kouchibouguac shared
many of the same species as Ulva sites, but it also had high polychaete richness
like the other Z. marina sites (Figure 4.4). Furthermore, Kouchibouguac had
several species not found elsewhere such as Gammarus tigrinus Sexton, 1939,
Macoma calcarea (Gmelin, 1791), and Hemichordata (Table 4.3). With respect to
environmental variables, Kouchibouguac had higher pH and nitrate-N loading,
whereas the remaining three sites were dispersed along the y-axis that was driven
by residence time, dissolved oxygen, and salinity (for epifauna, Figure 4.4B).

4.4.2.2 Ulva
Like in Z. marina, epifaunal and infaunal communities at Ulva-dominated
sites varied significantly between sites but not through time (Table 4.4). The
interaction term was significant, indicating that changes within sites were not
consistent through time. When visualized using dbRDAs, more than 71% of the
overall fitted variation is explained by the first two axes for both epifauna and
infauna (Figure 4.5). The adjusted R2 of the DISTLM is 0.57 using 11 variables
for epifauna and 0.64 with 8 variables for infauna (significant variables are shown
in bold in Figure 4.5). For both epifauna and infauna, two distinct axes occur
whereby variables related to eutrophication (e.g., organic content, water residence
time, and oxygen-related metrics) dominate the primary axis, and nitrate-N
loading, grain size, and some of the aforementioned variables related to
eutrophication load heavily onto the secondary axis (Figure 4.5). Wilmot and
Dunk are close to one another in the ordination and with respect to geography
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Figure 4.5 - Distance-based redundancy analysis (dbRDA) ordination plot of
species (a, c) and environmental variables (b, d)of epifauna(a and b) and infauna
(c and d) communities in Ulva spp. Vector length corresponds to a Pearson’s
correlation of r < 0.5. Significant predictor variables from the distance-based
linear models are bolded in the ordination plot. Sites are represented by the
symbols used in previous figures with samples averaged within month for fauna.
DO, dissolved oxygen; CV, coefficient of variation.
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(Figure 4.1); they both have a relatively large grain size, high nitrate-N loading, and
shorter residence time relative to the other sites. Souris has shorter water residence time
and higher dissolved oxygen concentration than any other site, and it has low species
richness: primarily G. lawrencianus, G. mucronatus, and nereid polychaetes. Mill,
Stanley, Wheatley, and Kildare are all north-shore estuaries with relatively long water
residence times and are closely associated in the ordinations for both epifauna and
infauna. These sites experience greater dissolved oxygen variability, hypoxia, and
dissolved oxygen superoxia that are also generally correlated with long water residence
time and high organic content. Although hypoxia was not as strongly correlated in the
linear model with the species assemblages as organic content, water residence time,
nitrate-N, or substrate grain size, it was negatively correlated with amphipod abundances
and positively correlated with snail abundances.

4.5

Discussion
Ulva-dominated sites differed from Z. marina sites in that they tended to

have longer water residence times, higher nutrient loads and organic content, and
more variable dissolved oxygen. Invertebrate communities differed between
Ulva- and Z. marina-dominated sites, with hydrobid and cerithid snails and
gammarid amphipods contributing most to their dissimilarity. Results suggested
an effect of nutrient-induced impacts on the Ulva habitat faunal community.
There was a gradient among our nutrient-related variables, with a higher relative
abundance of hydrobids corresponding to hypoxia and high organic content, and
high gammarid abundance corresponding to elevated dissolved oxygen
concentration.
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Fauna may be exposed to more variable conditions in Ulva than Z. marina. Ulva
and Z. marina are both well adapted for shallow, estuarine conditions, and Ulva was
sometimes observed at low abundances under oligotrophic conditions within Z. marinadominated habitat. Unlike Z. marina, which has strict substrate requirements, Ulva grows
ephemerally, in nutrient-enriched systems, and is therefore not limited by grain size
(Webster et al. 1998; Gamito et al. 2012). In this study, average substrate particle size
(D50) had a greater range at Ulva sites (22–235 μm) compared with Z. marina sites (36–
89 μm), suggesting that Z. marina is influenced by both substrate and nutrient levels.
Fine sediments are also associated with agricultural runoff (Alberto et al. 2016) as well as
differences in local lithology (van der Poll, 1983) and hydrology. Therefore, agricultural
watersheds (dominated by Ulva) may experience greater dissolved oxygen variability
than Z. marina-dominated sites (Coffin et al. 2018), resulting in both substrate (habitat)
changes as well as oxygen stress that could limit the number of taxa capable of inhabiting
them. Like dissolved oxygen, the other environmental parameters measured were also
more variable in Ulva-dominated estuaries. As Ulva mats are ephemeral they may
experience an even greater range of conditions, by traveling up- or down-stream, which
could stress its inhabitants. Conversely, the relative stability of Z. marina may promote a
more stable and diverse faunal community.
Zostera marina dominated sites were found to have higher species richness than
Ulva in the present study, but that is not always the case in other areas (Drake and Arias
1996; Norkko et al. 2000), particularly when macroalgae is well oxygenated (Cebrián et
al. 2014). When Z. marina and macroalgae co-occur the combination of greater food
resources, structural complexity, and below-ground habitat availability can have a
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positive effect on diversity (Boström et al. 2002). Zostera marina is composed of
long, thin shoots above ground and a complex rhizome network below ground,
whereas Ulva generally occurs as large, ephemeral sheets that smother the
substrate. The aforementioned stability of Z. marina, and the loose and anoxic
substrate associated with Ulva, may result in fewer niches for epibenthic
invertebrates. In this study, estuarine sites dominated by Ulva tended to have
higher nitrate-N loading, longer water residence time, and were more prone to
experience hypoxia and dissolved oxygen superoxia than sites dominated by Z.
marina, all of which may have contributed to reduced species richness as much or
more than the plant community itself.
Whereas diversity was related to both habitat structure and oxygen
patterns, relative abundance was related to habitat, i.e., which types of prey are
availabile and in which quantities. Differences in food type and availability
between Z. marina and Ulva may be responsible for differences in snail
distributions and are also important factors structuring invertebrate assemblages.
Living Z. marina is not particularly palatable for invertebrates; mobile grazers
generally feed on epiphytes growing on the plant itself (Moore and Wetzel 2000)
or on decomposing shoots after they have been shed (Hemminga and Duarte
2000). Conversely, Ulva is more palatable, alive or as detritus, and is also
substrate for epiphytes (Andersson et al. 2009; Van Alstyne et al. 2009). Cerithid
snails, Astyris lunata, Acteocina canaliculata, and pyramidellids were common in
Z. marina but not in Ulva, which was dominated by hydrobids and littorinids.
Cerithids feed on epiphytes of Z. marina (Larkum et al. 2006), A. lunata are
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carnivorous and feed on ectoprocts and tunicates (MacDonald et al. 2012), A.
canaliculata feed on bivalves, particularly Gemma gemma (Totten, 1834), and
foraminferans (Chester 1993), and pyramidellids are generalist predators (Robertson and
Mau-Lastovicka 1979).
Hydrobid and littorinid snails occurred in both habitats but far outnumbered other
snail species in Ulva and are known to feed on diatoms and (or) detritus that is common
there (Fenchel and Kofoed 1976; Pollock 1998; Brookes and Rochette 2007). Thus, the
increased diversity of prey available in Z. marina habitat results in more snail species that
occupy higher trophic levels than in the more homogenous Ulva habitat, despite greater
food resources overall. These findings are consistent with reports that eutrophic systems
are less diverse and dominated by small-bodied species (Hemminga and Duarte 2000;
Rosenberg 2001; Levin et al. 2009; Amundrud et al. 2015).
Community assemblages were remarkably similar across sampling
methodologies, and indeed, all of the 11 most important species for distinguishing
between Z. marina and Ulva for infauna were also important for distinguishing between
epifauna. This contrasts with a study by Quintino et al. (2011) which found that habitat
types (fresh to salt water) were clearly distinguished despite using different sampling
methods, but the different sampling methodologies resulted in different species that were
responsible for the differences. The present study also used two methods, with the
intention of sampling different faunal groups, but generally found community
assemblages to be similar regardless of sampling method. Like the work of Nestlerode
and Diaz (1998) and Riedel et al. (2014) on invertebrates and hypoxia/ anoxia, we
observed that many benthic taxa (e.g., polychaetes, corophidae, chironomidae, and
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certain bivalves) were at shallow depth in Ulva habitat. In this study, benthic
invertebrates were sampled within epibenthic mats of Ulva, implying they may be
surfacing from their burrows to acquire oxygen. Thus, a potential explanation for
the similarity in fauna patterns between sampling methodologies within Ulva
habitat may be that infauna are forced out of the loose and anoxic sediment
(Vaquer-Sunyer and Duarte 2010) into Ulva mats.
The potential stress of dissolved oxygen fluctuations may limit the
occupancy of Ulva habitat. This variability, sometimes ranging from anoxic to
superoxic over a single day, means that dissolved oxygen at the time of sampling
may not reflect the conditions that the invertebrate community recently
experienced. It has been established that dissolved oxygen concentration can alter
animal behaviour through avoidance (Levin et al. 2009), feeding cessation
(Nestlerode and Diaz 1998; Riedel et al. 2014), reduction in activity (Riedel et al.
2014), and can also result in death (Miller et al. 2002; Nedergaard et al. 2002;
Landman et al. 2005; Howarth 2008). Previous work by Coffin et al. (2017) in
this region showed evidence of short-term response to sustained hypoxia by
amphipods. In that study, amphipod occupation of surface-floating Ulva mats,
relative to submerged mats, increased with the duration of hypoxia. The
implication from that work was that amphipods that occupy surface floating mats
benefit from the temporary refuge and that they may also be transported from the
area of impact and (or) return to the impacted area using this method. In the
present study, crustaceans were the second most-dominant taxa, after gastropods,
and they are known to be more sensitive to hypoxia than gastropods or annelids
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(Levin et al. 2009). The combination of gammarids being mobile and hypoxia-intolerant
(Cook and Boyd 1965) means they are likely to be responsive to dissolved oxygen and
potentially useful as a species indicative of degraded environments in estuaries. In Ulva,
gammarid amphipod abundance was best correlated with dissolved oxygen either due to
their sensitivity to oxygen or their ability to avoid low dissolved oxygen.
Within Ulva, nutrient-related variables were correlated with a relative increase in
gastropods and a concomitant decline in crustaceans. Despite epibenthic and infaunal
invertebrate assemblages being sampled with different methodologies similar patterns
were observed, likely because epifauna and infauna co-occupy Ulva mats. Continuous
monitoring of dissolved oxygen concentration, in conjunction with detailed information
about the environment, was helpful in explaining the observed decrease in epifauna
immediately after hypoxia/anoxia. Given the transient nature of hypoxia and its potential
impact on fauna, we suggest that similar methods be employed for future work in
eutrophic estuaries, whether hypoxia is the factor of interest or not. Continuous
assessment of stressors in severely impacted systems, coupled with more frequent
sampling of the community, will improve our understanding of community response.

120

4.6

References

Alberto A, St-Hilaire A, Courtenay SC, and van Den Heuvel MR. 2016. Monitoring
stream sediment loads in response to agriculture in Prince Edward Island, Canada.
Environmental Monitoring and Assessment, 188: 415. PMID: 27315128 DOI:
10.1007/s10661-016-5411-3
Amundrud SL, Srivastava DS, and O’Connor MI. 2015. Indirect effects of predators
control herbivore richness and abundance in a benthic eelgrass (Zostera marina)
mesograzer community. Journal of Animal Ecology, 84: 1092–1102. PMID:
25660764 DOI: 10.1111/1365-2656.12350
Anderson MJ, Gorley RN, and Clarke KR. 2008. PERMANOVA+ for PRIMER: guide to
software and statistical methods. PRIMER-E, Plymouth Marine Laboratory,
Plymouth, UK.
Andersson S, Persson M, Moksnes P-O, and Baden S. 2009. The role of the amphipod
Gammarus locusta as a grazer on macroalgae in Swedish seagrass meadows.
Marine Biology, 156: 969–981. DOI: 10.1007/s00227-009-1141-1
Appy TD, Linkletter LE, and Dadswell MJ. 1980. A guide to the marine flora and fauna
of the Bay of Fundy: Annelida: Polychaeta. Fisheries and Environmental
Sciences, Department of Fisheries and Oceans, Biological Station, St. Andrews,
New Brunswick.
Boström C, Bonsdorff E, Kangas P, and Norkko A. 2002. Long-term changes of a
brackish-water eelgrass (Zostera marina L.) community indicate effects of coastal
eutrophication. Estuarine, Coastal and Shelf Science, 55: 795–804. DOI:
10.1006/ecss.2001.0943
Bousfield EL. 1973. Shallow-water gammaridean Amphipoda of New England.
Comstock Publishing Associates, Ithaca, New York.
Brookes JI, and Rochette R. 2007. Mechanism of a plastic phenotypic response: predatorinduced shell thickening in the intertidal gastropod Littorina obtusata. Journal of
Evolutionary Biology, 20: 1015–1027. PMID: 17465912 DOI: 10.1111/j.14209101.2007.01299.x
Bugden G, Jiang Y, van den Heuvel MR, Vandermeulen H, MacQuarrie KTB, Crane CJ,
et al. 2014. Nitrogen loading criteria for estuaries in Prince Edward Island.
Canadian Technical Report of Fisheries and Aquatic Sciences 3066. Department
of Fisheries and Oceans, Canada. Catalogue number Fs 97-6/3066E-PDF. vii + 43
p
Burkholder JM, Tomasko DA, and Touchette BW. 2007. Seagrasses and eutrophication.
Journal of Experimental Marine Biology and Ecology, 350: 46–72. DOI:
10.1016/j.jembe.2007. 06.024
Cardoso PG, Pardal MA, Lillebø AI, Ferreira SM, Raffaelli D, and Marques JC. 2004.
121

Dynamic changesinseagrassassemblagesunder eutrophication and implications for
recovery. Journal of Experimental Marine Biology and Ecology, 302: 233–248.
DOI: 10.1016/j.jembe.2003. 10.014
Cebrián J, Corcoran D, and Lartigue J. 2014. Eutrophication-driven shifts in primary
producers in shallow coastal systems: implications for system functional change.
Estuaries and Coasts, 37: 180–197. DOI: 10.1007/s12237-013-9689-x
Chester CM. 1993. Comparative feeding biology of Acteocina canaliculata (Say, 1826)
and Haminoea solitaria (Say, 1822) (Opisthobranchia: Cephalaspidea). American
Malacological Bulletin, 10: 93–101.
Clarke KR, and Gorley RN. 2006. Primer v6: user manual/tutorial. PRIMER-E,
Plymouth, UK.
Coffin MRS, Knysh KM, Theriault EF, Pater CC, Courtenay SC, and van den Heuvel
MR. 2017. Are floating algal mats a refuge from hypoxia for estuarine
invertebrates? PeerJ, 5: e3080. PMID: 28348927 DOI: 10.7717/peerj.3080
Coffin, M., Courtenay, S.C., Pater, C., van den Heuvel, M.R., 2018. An empirical model
using dissolved oxygen as a proxy for eutrophication at a regional scale. Mar.
Pollut. Bull. 133, 261–270. https://doi.org/10.1016/j.marpolbul.2018.05.041
Cook RH, and Boyd CM. 1965. The avoidance by Gammarus oceanicus Segerstråle
(Amphipoda, Crustacea) of anoxic regions. Canadian Journal of Zoology, 43:
971–975. PMID: 5838420 DOI: 10.1139/z65-100
Danielescu S, and MacQuarrie KTB. 2011. Nitrogen loadings to two small estuaries,
Prince Edward Island, Canada: a 2-year investigation of precipitation, surface
water and groundwater contributions. Hydrological Processes, 25: 945–957. DOI:
10.1002/hyp.7881
Danielescu S, MacQuarrie KTB, and Faux RN. 2007. Use of thermal imagery and
hydrograph separa- tion to identify and quantify groundwater discharge in
estuaries. In Proceedings of the International Association of Hydrogeologists
XXXV Congress: Groundwaterand Ecosystems. Edited by L Ribeiro, A Chambel,
and MT Condesso de Melo. 10 p.
Deegan LA. 2002. Lessons learned: the effects of nutrient enrichment on the support of
nekton by seagrass and salt marsh ecosystems. Estuaries, 25: 727–742. DOI:
10.1007/BF02804902
DFO. 2009. Does eelgrass (Zostera marina) meet the criteria as an ecologically
significant species? Canadian Science Advisory Secretariat Science Advisory
Report 2009/018. Department of Fisheries and Oceans, Canada. 11 p
Drake P, and Arias AM. 1996. The effect of epibenthic predators and macroalgal cover
on the benthic macroinvertebrate community of a shallow lagoon in the Bay of
Cádiz (SW Spain). Hydrobiologia, 333: 165–180. DOI: 10.1007/BF00013431

122

Fenchel T, and Kofoed LH. 1976. Evidence for exploitative interspecific competition in
mud snails (Hydrobiidae). Oikos, 27: 367–376. DOI: 10.2307/3543455
Fidler LE. 1988. Gas bubble trauma in fish. Ph.D. thesis, University of British Columbia,
Vancouver, British Columbia. 271 p.
Gamito S, Patrício J, Neto JM, Marques JC, and Teixeira H. 2012. The importance of
habitat-type for defining the reference conditions and the ecological quality status
based on benthic invertebrates: the Ria Formosa coastal lagoon (Southern
Portugal) case study. Ecological Indicators, 19: 61–72. DOI:
10.1016/j.ecolind.2011.08.004
Glibert PM, Madden CJ, Boynton W, Flemer D, Heil C, and Sharp J. 2010. Nutrients in
estuaries: a summary report of the National Estuarine Experts Workgroup (2005–
2007). US EPA Report 68-C-02-091 and EP-C-07-025. United States
Environmental Protection Agency, Washington, D.C. 188 p.
Godin G. 1987. Drift of the node of the semidiurnal tide in Northumberland Strait.
Continental Shelf Research, 7: 225–235. DOI: 10.1016/0278-4343(87)90067-7
Grizard P. 2013. Modeling nitrate loading from watersheds to coastal waters of the
Northumberland Strait. M.Sc. Eng. thesis, University of New Brunswick,
Fredericton, New Brunswick. 142 p.
Hauxwell J, Cebrián J, and Valiela I. 2003. Eelgrass Zostera marina loss in temperate
estuaries: relationship to land-derived nitrogen loads and effect of light limitation
imposed by algae. Marine Ecology Progress Series, 247: 59–73. DOI:
10.3354/meps247059
Hemminga MA, and Duarte CM. 2000. Seagrass ecology. Cambridge University Press,
Cambridge, UK.
Hitchcock JK, Courtenay SC, Coffin MRS, Pater CC, and van den Heuvel MR. 2017.
Eelgrass bed struc- ture, leaf nutrient, and leaf isotope responses to natural and
anthropogenic gradients in estuaries of the Southern Gulf of St. Lawrence,
Canada. Estuaries and Coasts, 40: 1653–1665. DOI: 10.1007/ s12237-017-0243-0
Howarth RW. 2008. Coastal nitrogen pollution: a review ofsources and trends globally
and regionally. Harmful Algae, 8: 14–20. DOI: 10.1016/j.hal.2008.08.015
Hrycik AR, Almeida LZ, and Höök TO. 2017. Sub-lethal effects on fish provide insight
into a biologically-relevant threshold of hypoxia. Oikos, 126: 307–317. DOI:
10.1111/oik.03678
Jiang Y, Nishimura P, van den Heuvel MR, MacQuarrie KTB, Crane CS, Xing Z, et al.
2015. Modeling land-based nitrogen loads from groundwater-dominated
agricultural watersheds to estuaries to inform nutrient reduction planning. Journal
of Hydrology, 529: 213–230. DOI: 10.1016/j. jhydrol.2015.07.033
Koutitonsky VG, Guyondet T, St-Hilaire A, Courtenay SC, and Bohgen A. 2004. Water
123

renewal estimates for aquaculture developments in the Richibucto estuary,
Canada. Estuaries, 27: 839–850. DOI: 10.1007/BF02912045
Landman MJ, van den Heuvel MR, and Ling N. 2005. Relative sensitivities of common
freshwater fish and invertebrates to acute hypoxia. New Zealand Journal of
Marine and Freshwater Research, 39: 1061–1067. DOI:
10.1080/00288330.2005.9517375
Larkum AWD, Orth RJ, and Duarte CM. 2006. Seagrasses: biology, ecology, and
conservation. Springer Netherlands, AA Dordrecht, the Netherlands.
Levin L, Ekau W, Gooday AJ, Jorissen F, Middelburg JJ, Naqvi SWA, et al. 2009.
Effects ofnatural and human-induced hypoxia on coastal benthos. Biogeosciences,
6: 2063–2098. DOI: 10.5194/ bg-6-2063-2009
Lotze HK, Lenihan HS, Bourque BJ, Bradbury RH, Cooke RG, Kay MC, et al. 2006.
Depletion, degradation, and recovery potential of estuaries and coastal seas.
Science, 312: 1806–1809. PMID: 16794081 DOI: 10.1126/science.1128035
Lovato T, Ciavatta S, Brigolin D, Rubino A, and Pastres R. 2013. Modelling dissolved
oxygen and benthic algae dynamics in a coastal ecosystem by exploiting real-time
monitoring data. Estuarine, Coastal and Shelf Science, 119: 17–30. DOI:
10.1016/j.ecss.2012.12.025
MacDonald TA, Burd BJ, and van Roodselaar A. 2012. Facultative feeding and
consistency of trophic structure in marine soft-bottom macrobenthic communities.
Marine Ecology Progress Series, 445: 129–140. DOI: 10.3354/meps09478
Merritt RW, Cummins KW, and Berg MB. 2008. An introduction to the aquatic insects of
North America. Kendall/Hunt Publishing Company, Dubuque, Iowa.
Miller DC, Poucher SL, and Coiro L. 2002. Determination of lethal dissolved oxygen
levels for selected marine and estuarine fishes, crustaceans, and a bivalve. Marine
Biology, 140: 287–296. DOI: 10.1007/ s002270100702
Moore KA, and Wetzel RL. 2000. Seasonal variations in eelgrass (Zostera marina L.)
responses to nutrient enrichment and reduced light availability in experimental
ecosystems. Journal of Experimental Marine Biology and Ecology, 244: 1–28.
DOI: 10.1016/S0022-0981(99)00135-5
Natural Resources Canada. 2009. GeoBase Data Collections [online]: Available from
geobase.ca/ geobase/en/data/landcover/csc2000v/description.html.
Nedergaard RI, Risgaard-Petersen N, and Finster K. 2002. The importance of sulfate
reduction associated with Ulva lactuca thalli during decomposition: a mesocosm
experiment. Journal of Experimental Marine Biology and Ecology, 275: 15–29.
DOI: 10.1016/S0022-0981(02)00211-3
Nestlerode JA, and Diaz RJ. 1998. Effects of periodic environmental hypoxia on

124

predation of a tethered polychaete, Glycera americana: implications for trophic
dynamics. Marine Ecology Progress Series, Series, 172: 185–195. DOI:
10.3354/meps172185
Norkko J, Bonsdorff E, and Norkko A. 2000. Drifting algal mats as an alternative habitat
for benthic invertebrates: species specific responses to a transient resource.
Journal of Experimental Marine Biology and Ecology, 248: 79–104. PMID:
10764885 DOI: 10.1016/S0022-0981(00)00155-6
Pawlowicz R, Beardsley B, and Lentz S. 2002. Classical tidal harmonic analysis
including error estimates in MATLAB using T_TIDE. Computers & Geosciences,
28: 929–937. DOI: 10.1016/ S0098-3004(02)00013-4
Pingree RD, and Griffithis DK. 1980. A numerical model of the M2 tide in the Gulf of St.
Lawrence. Oceanologica Acta, 3: 221–226.
Pollock LW. 1998. A practical guide to the marine animals of northeastern North
America. Rutgers University, New Brunswick, New Jersey.
Quintino V, Sangiorgio F, Mamede R, Ricardo F, Sampaio L, Martins R, et al. 2011. The
leaf-bag and the sediment sample: two sides of the same ecological quality story?
Estuarine, Coastal and Shelf Science, 95: 326–337. DOI:
10.1016/j.ecss.2011.05.020
Riedel B, Pados T, Pretterebner K, Schiemer L, Steckbauer A, Haselmair A, et al. 2014.
Effect of hypoxia and anoxia on invertebrate behaviour: ecological perspectives
from species to community level. Biogeosciences, 11: 1491–1518. DOI:
10.5194/bg-11-1491-2014
Robertson R, and Mau-Lastovicka T. 1979. The ectoparasitism of Boonea and Fargoa
(Gastropoda: Pyramidellidae). The Biological Bulletin, 157: 320–333. DOI:
10.2307/1541058
Rosenberg R. 2001. Marine benthic faunal successional stages and related sedimentary
activity. Scientia Marina, 65: 107–119. DOI: 10.3989/scimar.2001.65s2107
Schein A, Courtenay SC, Crane CS, Teather KL, and van den Heuvel MR. 2012. The role
of sub- merged aquatic vegetation in structuring the nearshore fish community
within an estuary of the Southern Gulf of St. Lawrence. Estuaries and Coasts, 35:
799–810. DOI: 10.1007/s12237-011-9466-7
Smith VH. 2003. Eutrophication of freshwater and coastal marine ecosystems a global
problem. Environmental Science and Pollution Research, 10: 126–139. PMID:
12729046 DOI: 10.1065/ espr2002.12.142
Therriault J-C (Editor). 1991. The Gulf of St Lawrence: small ocean or big estuary?
Canadian Special Publication of Fisheries and Aquatic Sciences 113. Department
of Fisheries and Oceans, Ottawa, Ontario.
Thorp JH, and Covich AP. 2010. Ecology and classification of North American
125

freshwater invertebrates. San Diego Academic Press, San Diego, California.
Underwood A. 1997. Experiments in ecology: their logical design and interpretation
using analysis of variance. Cambridge University Press, Cambridge, UK.
Valiela I, Mcclelland J, Hauxwell J, Behr PJ, Hersh D, and Foreman K. 1997. Macroalgal
blooms in shallow estuaries: controls and ecophysiological and ecosystem
consequences. Limnology and Oceanography, 42: 1105–1118. DOI:
10.4319/lo.1997.42.5
Van Alstyne KL, Pelletreau KN, and Kirby A. 2009. Nutritional preferences override
chemical defenses in determining food choice by a generalist herbivore, Littorina
sitkana. Journal of Experimental Marine Biology and Ecology, 379: 85–91. DOI:
10.1016/j.jembe.2009.08.002
van der Poll HW. 1983. Geology of Prince Edward Island. Department of Energy and
Forestry, Energy and Minerals Branch, Province of Prince Edward Island,
Charlottetown, Prince Edward Island. Vol. 83, 66 p.
Vaquer-Sunyer R, and Duarte CM. 2008. Thresholds of hypoxia for marine biodiversity.
Proceedings of the National Academy of Sciences of the United States of
America, 105: 15452–15457. PMID: 18824689 DOI: 10.1073/pnas.0803833105
Vaquer-Sunyer R, and Duarte CM. 2010. Sulfide exposure accelerates hypoxia-driven
mortality. Limnology and Oceanography, 55: 1075–1082. DOI:
10.4319/lo.2010.55.3.1075
Webster PJ, Rowden AA, and Attrill MJ. 1998. Effect of shoot density on the infaunal
macroinvertebrate community within a Zostera marina seagrass bed. Estuarine,
Coastal and Shelf Science, 47: 351–357. DOI: 10.1006/ecss.1998.0358

126

Appendix Table 4.1 - Results from PERMANOVA tests of fixed (Vegetation and Month) and random (Site(Vegetation) factor effects on
faunal community composition. Columns headed by the abbreviations df, SS and MS are for degrees of freedom, Sums of Squares and
Mean Square, respectively. Statistically significant differences, p ≤ 0.05, are in bold.

Source

df

SS

Vegetation
Month
Site (Vegetation)
Vegetation x Month
Site(Vegetation) x Month
Residuals
Total

1
2
11
2
22
156
194

16422
1480
69945
2572
24595
29784
1.46 e-5

Vegetation
Month
Site (Vegetation)
Vegetation x Month
Site(Vegetation) x Month
Residuals
Total

1
2
11
2
19
150
185

19222
1553.1
45366
1750.8
12032
52066
1.37e-5

Epifauna
MS
16422
740.02
6358.6
1286
1117.9
190.92
Infauna
19222
776.56
4124.2
875.41
633.26
347.11
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Pseudo-F
2.58
0.66195
33.304
1.1503
5.8554

4.86
1.23
11.88
1.39
1.8244

P(perm) Estimate of
component of
variation
11.01
0.045
0.771
0
20.28
0.001
0.321
2.46
13.62
0.001
13.82
0.008
0.306
0.001
0.2
0.001

14.40
1.71
16.47
3.14
7.47
18.63

Infauna

Epifauna

Appendix Table 4.2 - PERMANOVAs were performed on Bray-Curtis distances for epi- and infauna communities, respectively. Site was a
random factor and Month was fixed. Statistically significant differences, p ≤ 0.05, are in bold.
Z. marina
MS

Source

Df

SS

Site
Site x Month (pooled with
Month)
Residuals
Total

3
8

24982
4016.5

8327.3
502.06

48
59

8238
37236

171.62

Site
Month
Site x Month
Residuals
Total

8
2
16
108
134

44963
4499.7
21505
21546
92513

Df
3
7

SS
55681
18878

45
55

64828
1.418e-5

8
2
15
104
129

1.387e-5
11065
55103
2.037e-5
4.057e-5

Site
Site x Month (pooled with
Month)
Residuals
Total
Site
Month
Site x Month
Residuals
Total

Ulva spp.
5620.3
2249.8
1344
199.5
Z. marina
MS
18560
2696.9

Pseudo-F

P

48.521
2.925

0.001
0.001

13.1

28.172
1.6739
6.737

0.001
0.095
0.001

Pseudo-F
12.883
1.872

P
0.001
0.001

1440.6
Ulva spp.
17327
5532.4
3673.5
1958.9
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Estimate of
component of
variation
23.32
8.13

19.01
4.49
15.13
14.13

35.58
15.71
37.96

8.8455
1.5075
1.8753

0.001
0.087
0.001

32.73
6.63
18.53
44.26

5.

Chapter 5 - Are floating algal mats a refuge from hypoxia
for estuarine invertebrates?

5.1

Abstract

Eutrophic aquatic habitats are characterized by the proliferation of vegetation leading to a
large standing biomass that upon decomposition may create hypoxic (low-oxygen)
conditions. This is indeed the case in nutrient impacted estuaries of Prince Edward Island,
Canada, where macroalgae, from the genus Ulva, form submerged ephemeral mats.
Hydrological forces and gases released from photosynthesis and decomposition lead to
these mats occasionally floating to the water’s surface, henceforth termed floating mats.
Here, we explore the hypothesis that floating mats are refugia during periods of sustained
hypoxia/anoxia and examine how the invertebrate community responds to it. Floating
mats were not always present, so in the first year (2013) sampling was attempted monthly
and limited to when both floating and submerged mats occurred. In the subsequent year
sampling was weekly, but at only one estuary due to logistical constraints from increased
sampling frequency, and was not limited to when both mat types occurred. Water
temperature, salinity, and pH were monitored bi-weekly with dissolved oxygen
concentration measured hourly. The floating and submerged assemblages shared many of
the same taxa but were statistically distinct communities; submerged mats tended to have
a greater proportion of benthic animals and floating mats had more epibenthic
invertebrates and insects. In 2014, sampling happened to occur in the weeks before the
onset of anoxia, during 113 consecutive hours of sustained anoxia, and for four weeks
after normoxic conditions returned. The invertebrate community on floating mats
appeared to be unaffected by anoxia, indicating that these mats may be refugia during
129

times of oxygen stress. Conversely, there was a dramatic decrease in animal abundances
that remained depressed on submerged mats for two weeks. Cluster analysis revealed that
the submerged mat communities from before the onset of anoxia and four weeks after
anoxia were highly similar to each other, indicating recovery. When epibenthic animals
were considered alone, there was an exponential relationship between the percentage of
animals on floating mats, relative to the total number on both mat types, and hypoxia.
The occupation of floating mats by invertebrates at all times, and their dominance there
during hypoxia/anoxia, provides support for the hypothesis that floating mats are refugia.
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5.2

Introduction
Coastal watersheds and estuaries are vulnerable to impact from anthropogenic

activity as human population density tends to be higher near the coast (Larkum, Orth and
Duarte, 2006; Lotze et al., 2006; Short et al., 2006). Historically, many temperate
estuaries were oligotrophic and dominated by seagrasses (Cooper and Brush,
1993; Larkum, Orth and Duarte, 2006; Short et al., 2006; Burkholder, Tomasko and
Touchette, 2007). Nutrient pollution from human sources has led to dramatic changes to
estuarine and coastal habitats including displacement of seagrass by macro- and
microalgae (Burkholder, Tomasko and Touchette, 2007). Seagrass-dominated systems
typically have higher diversity of fish and invertebrates than macroalgal habitat, (Baird et
al., 2004; Cardoso et al., 2004a; Cardoso et al., 2004b), partially due to greater spatial
complexity, yet many of the species common to seagrass persist in macroalgae (Olsen et
al., 2013). Given that many impacted systems are unlikely to be restored in the short or
medium term, establishing what, if any (Antón et al., 2011), ecosystem services are
provided by eutrophic habitats has been a focus of recent research (Duarte, 2000; Lyons
et al., 2014). Although eutrophication has been well-studied, current understanding of
community responses to hypoxia, here defined as <2 mg/L, has been limited by: the
ability to predict and document hypoxic events (Middelburg and Levin, 2009), changes to
faunal behaviours when exposed to hypoxia (Riedel et al., 2014), and, the subsequent
interactions of fauna.
One of the most common characteristics of eutrophication in estuaries is low
dissolved oxygen concentration (Howarth et al., 2011). Many algal species can take up
nitrogen more efficiently than seagrasses (Valiela et al., 1997; Hemminga and Duarte,
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2000) and in high nutrient environments they can proliferate rapidly, eventually
smothering seagrass (Valiela et al., 1997; Burkholder, Tomasko and Touchette, 2007).
This increase in primary production results in greater fluctuations of dissolved oxygen as
photosynthesis raises dissolved oxygen during the day and cellular respiration in the
absence of photosynthesis lowers it at night (Hemminga and Duarte, 2000; Cardoso et al.,
2004a). In situations of nutrient excess, a cycle develops whereby macroalgae grow until
they shade themselves, die and decompose (Valiela et al., 1997; Burkholder, Tomasko
and Touchette, 2007). Microbial respiration from decomposition of algae further
depresses dissolved oxygen, eventually resulting in hypoxia/anoxia and a chemically
reducing environment leading to the development of toxic hydrogen sulphide and other
stressors, e.g., ammonia (Valiela et al., 1997; Berezina, 2008). Sustained hypoxia or
anoxia can have a catastrophic effect on the local faunal community with animals that are
incapable of emigrating being at greatest risk (Ekau et al., 2010; Lyons et al.,
2014; Tweedley et al., 2016).
Estuaries in the Southern Gulf of St. Lawrence, Canada, are relatively small and
shallow with a mix of semi-diurnal and diurnal tides (Pingree and Griffithis, 1980), and
are typically ice-covered from January to mid-April (Manson, Davidson-Arnott and
Ollerhead, 2016). Throughout the year, many of these estuaries are used for commercial
purposes including mussel and oyster suspension- and bottom-aquaculture (Dumbauld,
Ruesink and Rumrill, 2009; Skinner, Courtenay and McKindsey, 2013) as well as fishing
for American eel (Anguilla rostrata Lesueur, 1821), herring (Alosa spp.) and Atlantic
silverside (Menidia menidia (Linnaeus, 1766)), among others. Although nitrogen inputs
from human waste and industry are low in this region, nutrient inputs from agriculture
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can be extremely high, particularly in Prince Edward Island (PEI) (Danielescu and
MacQuarrie, 2011; Schein et al., 2012; Bugden et al., 2014). Here, eutrophication
manifests as the familiar gradient from an upper estuary macroalgae-dominated to an
outer estuary seagrass-dominated habitat (Valiela et al., 1997; Deegan, 2002; Larkum,
Orth and Duarte, 2006; Burkholder, Tomasko and Touchette, 2007), with many sites
experiencing intermittent and sustained seasonal hypoxia/anoxia (concentrations of
dissolved oxygen <2 mg/L and 0 mg/L, respectively (Bugden et al., 2014)) often lasting
days. While a variety of factors and mechanisms contributing to sustained hypoxia have
been well-discussed previously (D’Avanzo and Kremer, 1994; Valiela et al.,
1997; Touchette and Burkholder, 2000; Burkholder, Tomasko and Touchette, 2007; Heck
and Valentine, 2007; Castro and Freitas, 2011; Cebrián, Corcoran and Lartigue, 2013),
poor flushing (i.e., high water residence time) is a key factor leading to the development
and persistence of hypoxia (Valiela, 1995; Valiela et al., 1997; Hemminga and Duarte,
2000; Burkholder, Tomasko and Touchette, 2007). Estuaries on the north and west coasts
of PEI are microtidal and thus more susceptible to sustained hypoxia than estuaries on the
south and east coasts that have greater tidal amplitude, although hypoxia can also occur
there (Pingree and Griffithis, 1980; Bugden et al., 2014; Tweedley et al., 2016).
The dominant macroalgae (primarily Ulva lactuca L. but also U. intestinalis L.
and U. linza L.) occurs year round, typically reaching its maximum biomass in June–July
(Schein et al., 2012). Although Ulva spp. have holdfasts, here they typically grow
unattached in large sheets (up to ∼0.5 m2) and form ephemeral submerged mats.
Consequently, hydrodynamic forces dictate mat distribution within an estuary. Ulva spp.
tend to accumulate in deeper water, where tidal fluctuation has less impact, but still reach
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high biomass in the relatively placid shallows of the upper estuary that are more uniform
in depth (~1-3 m). At times, submerged Ulva spp. mats rise to the water’s surface,
presumably due to tidal forces and/or gases released from sediment and decomposing
algae, and become floating mats. There is very little rocky substrate in most PEI upper
estuaries, and therefore, in nutrient-impacted estuaries, Ulva spp. constitute the primary
structural habitat. As a result, the majority of fauna live in the interstitial areas among
algae fronds and not the loose and often anoxic sediments below (Nestlerode and Diaz,
1998; Riedel et al., 2014, M Coffin, pers. obs., 2013).
To our knowledge most studies that examine ephemeral mats typically focus on
submerged mats and only rarely on their vertical distribution within the water column
(Highsmith, 1985; Salovius, Nyqvist and Bonsdorff, 2005; Kraufvelin et al., 2006).
While rafting is a common phenomenon (Thiel and Gutow, 2005) it is unclear if floating
mats in estuaries are occupied by the same taxa that occupy submerged mats, by
neustonic species, or if they are occupied at all. Furthermore, given that hypoxia/anoxia is
typically most severe closer to the substrate and dampened by air-water exchange near
the water’s surface it stands to reason that floating mats may be refugia under certain
conditions. Here, we examine these questions through field surveys at seven PEI estuaries
for fauna on floating and submerged mats in conjunction with hourly monitoring of
dissolved oxygen in 2013. Using the same methodology in the subsequent year, but with
increased sampling intensity and at a single site, a natural experiment occurred in which
sampling was conducted before, during and after a hypoxic/anoxic event.
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5.3

Materials and Methods

5.3.1

Site description and general study design
PEI has short rivers, the baseflow of which is almost entirely from groundwater

(Jiang and Somers, 2009; Jiang, Zebarth and Love, 2011). According to the definition
used in the Coastal and Marine Ecological Classification Standard (Glibert et al., 2010),
estuaries on the north coast of PEI are typically lagoon-type with barrier islands, and
those on the south coast (Northumberland Strait) are coastal embayments and have
greater tidal exchange. As there is relatively low freshwater input into PEI estuaries,
water is well mixed throughout the water column (Bugden et al., 2014) and saline up
most of the estuary to the point where it rapidly becomes fresh; the transition zone from
0–15 practical salinity units (PSU) occurs over a small area. Consequently, there is a
stark shift from fresh water to estuarine habitat, and in nutrient-impacted sites, it is this
area, at the head of the estuary, that tends to be dominated by Ulva spp. In total seven
nutrient-impacted estuaries, were selected for study in 2013 with one of those, Wheatley
River, studied exclusively in 2014 (Figure 5.1).
Onset Hobo® Dissolved Oxygen loggers that recorded dissolved oxygen (mg/L)
and water temperature (°C) hourly were deployed within the uppermost areas of estuaries
where Ulva spp. densities were high and average salinity ranged from 15–20 PSU (Figure
5.1C and Table 5.1 for summary of physicochemical variables). Loggers were deployed
0.5 m from the substrate to ensure they were not enveloped with algae (in approximately
1–1.5 m of water at mean low tide). Loggers were downloaded bi-weekly and water
temperature, salinity, and pH were recorded using a YSI V2 6600 multi-parameter sonde
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Figure 5.1 - Map of study area. (A) Prince Edward Island in context of eastern North America, (B)
PEI estuaries that were sampled indicated by a red triangle and labeled, (C) Logger and sampling
location within Wheatley River estuary, the site of the natural experiment.
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(Yellow Springs, OH, USA) at the same depth and location as the dissolved oxygen
logger and also at 0.5 m below the water’s surface. Water chemistry variables were
averaged over the course of sampling (n = 6; see Table 5.1). Logger data from the 48 h
period prior to invertebrate sampling were used for analyses herein, this threshold was
chosen as it is long enough to impact survival and behaviours (Miller, Poucher and Coiro,
2002; Landman, van den Heuvel and Ling, 2005; Vaquer-Sunyer and Duarte, 2008).
Invertebrate sampling in 2013 was attempted monthly (June–August) at all sites
but was only accomplished if surface floating mats were present at the time of sampling
(Figure 5.1 and Table 5.1). On each sampling occasion when floating mats were present,
five replicate samples were taken for submerged mats and three replicate samples for
floating mats. To better account for temporal changes in community response to hypoxia,
the experimental design was altered in the following year. All sampling in 2014 occurred
at Wheatley River with five replicate samples taken each week (June 23–July 28) for
submerged mats and five replicate samples for floating mats if they occurred (four of the
six sampling times). Animals were sampled under scientific license granted by the
Department of Fisheries and Oceans, Canada (SG-RHG-13-006; SG-RHG-14-006).
Preliminary sampling revealed that water-column hypoxia occurred at spatial scales that
exceeded our sampling region and was not restricted to macroalgae patches (MRS Coffin,
2013, unpublished data). Submerged mats were sampled randomly by traveling in an
arbitrary direction and attempting collection after mooring. For floating mat collection,
the first mat encountered on a random transect was sampled, with the exception of very
small floating mats (i.e., single fronds) or cases in which the mat was immediately
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Table 5.1 – Site characteristics and water chemistry information. Site characteristics and average water chemistry measurements
for each site over the course of sampling. Water chemistry values (salinity, pH and dissolved oxygen (mg/L)) were averaged over
the entire sampling season (n = 6) from 0.5 m above the substrate, i.e., where the logger was located, and additionally 0.5 m
below the water’s surface for dissolved oxygen only. Watershed area and N-loading are courtesy of the Prince Edward Island
provincial government and based on 2010 land-use layers. Pressure loggers were deployed in summer 2015 at the same
locations as the dissolved oxygen loggers. Variability is presented as ± 1 S.E. for water chemistry values.

Watershed
Area (km2)

N-Loading
(kg/ha/yr)

Mean Tidal
Amplitude
(m)

Salinity

pH

Site

Sampling
Times

Average DO mg/L
(Bottom / Top)

Kildare
Mill
Montague
Murray
Souris
Stanley
Wheatley
Wheatley (2014)

2
1
1
2
2
2
3
6

5.54
11.65
19.65
7.11
4.85
8.64
6.14
6.14

21.12
16.15
10.67
5.37
10.82
10.65
12.64
12.64

0.33
0.47
0.82
0.83
0.68
0.39
0.44
0.44

21.7 ± 0.5
23.1 ± 0.5
23.2 ± 0.9
24.0 ± 1.0
24.6 ± 0.9
24.2 ± 0.6
24.4 ± 0.4
24.0 ± 0.3

7.54 ± 0.04
7.52 ± 0.05
7.49 ± 0.05
7.58 ± 0.05
7.57 ± 0.08
7.58 ± 0.04
7.64 ± 0.04
7.91 ± 0.03

6.5 ± 0.9 / 9.5 ± 1.6
5.9 ± 1.0 / 8.3 ± 2.3
5.5 ± 0.4 / 5.9 ± 0.7
5.9 ± 0.8 / 9.0 ± 1.2
8.0 ± 0.8 / 9.2 ± 1.9
6.0 ± 0.7 / 7.2 ± 1.7
7.2 ± 0.4 / 8.6 ± 1.3
8.4 ± 0.6 / 8.6 ± 0.6
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adjacent to a previously sampled floating mat. Floating mats were not always present, but
when they occurred they were abundant and distributed evenly. Since floating mats were
quite mobile, no attempt was made to collect submerged mats from the same location as
floating mats. Both mat types were collected using two bow-head garden rakes (∼40.6
cm width with 2.5 cm between tines). The sampler would place the rakes, one in each
hand and shoulder width apart (a sampling area of approximately 0.25 m2), just above the
substrate for submerged mats and just below the vegetation for floating mats, and bring
them together underwater. Samples were then brought into the boat and into a bucket of
macroinvertebrate-free water. Algal samples for submerged and floating mats were
relatively large and had similar dry weights (dry weights are presented as the overall
mean ± 1 standard error. In 2013: 23.9 ± 2.9 g and, 25.7 ± 2.0 g for submerged (n = 65)
and floating (n = 41) mats, respectively; in 2014: 31.2 ± 2.4 g and 26.5 ± 2.8 g for
submerged (n = 30) and floating (n = 20) mats, respectively). Although some
invertebrates on the outside of the algal sample may have been lost prior to entry into the
boat, the majority of the sample was packed tightly together, preventing animals from
escaping. Ulva spp. sheets were manually separated from invertebrates (using foreceps
and by rinsing in water), placed in a plastic bag and brought to the laboratory where they
were frozen (−20 °C) for storage. Algal health was not assessed directly, but only algae
that appeared living was retained. The invertebrates, water, and sediment slurry was
sieved in the field using 500 µm mesh and stored in a snap-seal plastic container in 95%
ethanol until processing. All samples were further processed in the laboratory using a
dissecting microscope (40X magnification). Vegetation was thawed and then dried at
60 °C for 48 h and weighed. Samples were standardized by the dry mass (DM)
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of Ulva spp. and therefore invertebrates are presented as individuals per g DM
(henceforth, individuals/g) of Ulva spp. Macroinvertebrates were identified to a
logistically practical level for comparison using the dissecting microscope and
appropriate taxonomic guides (Triplehorn and Johnson, 2005; Bousfield, 1973; Appy,
Linkletter and Dadswell, 1980; Pollock, 1998; Merritt, Cummins and Berg, 2008; Thorp
and Covich, 2010). Taxa were generally identified to family, with characteristic lower
classification such as genera and taxon noted (see Table 5.2).
5.3.2

Data analysis
All community data were analyzed and presented using Plymouth Routines in

Multivariate Ecological Research package (PRIMER) v6 with PERMANOVA+ add-on
and STATISTICA version 12. Statistical significance for all analyses was set at p < 0.05.
To assess whether invertebrate assemblages on submerged and floating mats from the
mat survey were similar, a two-dimensional principal coordinates ordination (PCoA) was
generated to visualize the data using Bray–Curtis similarity coefficients. Similarity
Percentages (SIMPER) were also calculated to determine which taxa contributed most to
the Bray–Curtis similarity for each mat type and the dissimilarity between them (Clarke
and Gorley, 2006). Permutational multivariate analysis of variance (PERMANOVA) was
performed on the community data to determine if invertebrate communities differed
between sites and mat types (Anderson, Gorley and Clarke, 2008). Site and mat type,
nested within site, were both random factors. Since sampling was opportunistic, i.e., only
possible when floating mats occurred and restricted to summer months, time could not be
incorporated into the analysis as a factor and thus all samples were pooled through time.
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Wheatley

S

B

B

Hydrobiidae

B

B

B

B

Cerithiidae

S

S

B

Pyramidellidae

S

B

Cylichnidae: Acteocina sp.

S

F

Murray

Stanley

F

Montague

Mill

Nassariidae: Nassarius obsoletus (Say, 1822)

Species

Souris

Kildare

Table 5.2 – Colour coded list of species found in each habitat type and study site.
List of all taxa found at every estuary studied. Animals found in Wheatley were
combined for both field seasons. Mat type is defined by colored cells where blue
cells containing the letter ‘S’ represent taxa found on submerged mats only, yellow
cells containing the letter ‘F’ represent taxa found only on floating mats, and green
cells containing the letter ‘B’ represent taxa found in both habitats. Epibenthic taxa
are indicated with an asterisk (*).

B

B

B

B

Mollusca-Gastropoda

Columbellidae: Astyris lunata (Say, 1826)

S

Littorinidae: Littorina spp.

B

S

B

F

B

Marginellidae

B

B

S
Mollusca-Bivalvia

Myidae: Mya arenaria (Linnaeus, 1758)

B

B

Veneridae: Gemma gemma (Totten, 1834)

S

S

Mytilidae

B

B

Ostreidae: Crassostrea virginica (Gmelin,1791)

S

S

S

S

F

B

S

S

F
S

F
B

S

Annelida-Polychaeta
Nereididae

B

B

B

B

S

Capitellidae

B

F

S

B

B

Nephtyidae: Nephtys spp.

S

S

S

S

S

S

S

S

S

S

S

S

Orbiniidae
Spionidae

S

Pectiniridae

S

S

Terebellidae

S

Polynoidae

S

Serpulidae: Spirorbis spirorbis (Linnaeus, 1758)

S

S
F
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B

B

B

* Gammaridae: G lawrencianus (Bousfield, 1956)

B

B

B

B

* Gammaridae: G oceanicus (Segerstråle, 1947)

F

S

F

S

Murray

B

Montague

* Gammaridae: Gammarus mucronatus (Say, 1818)

S

F

B

B

B

B

F

B

B

S

Souris

Wheatley

Mill
F

Stanley

Kildare
F

Species

Annelida-Clitellata
Naididae

F

Arthropoda-Crustacea-Amphipoda

* Ampithoidae

F

* Corophiidae

B

B

B

B

F

B

B

Arthropoda-Crustacea-Isopoda
* Janiridae: Jaera spp.
Arthropoda-Crustacea-Decapoda

S

B

B

S

B

B

Palaemonidae: Palaemon spp.

S

F

Crangonidae: Crangon septemspinosa Say, 1818

S

Arthropoda-Crustacea-Tanaidacea
Leptocheliidae

S

Arthropoda-Crustacea-Branchiura
Argulidae: Argulus sp.

F

Arthropoda-Crustacea- Cirripedia

F

Semibalanus balanoides

F

Arthropoda-Hexapoda-Insecta
F

Insecta-Diptera
* Chironomidae: Orthocladiinae

F

F

B

F

F

* Chironomidae: Chironominae: Chironomini

B

S

B

S

F

F

S

Ephydridae

F

F

F

F

F

F

Ceratopogonidae

F

Tipulidae (sensu lato)

F
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Murray

Montague

Souris

Wheatley

Stanley

Mill

Kildare

Species

Insecta-Coleoptera
Nitidulidae

B

Curculionidae

F

F

Dytiscidae

F

Haliplidae

F

Hydrophilidae

F

F

Elmidae

F

F

F
Insecta-Hymenoptera

Vespidae

F
Insecta-Hemiptera

Gerridae

F

Corixidae

F

F

Insecta-Dermaptera
Forficulidae

S

Arthropoda-Arachnida-Araneae
Salticidae

F

Arthropoda-Arachnida-Acariformes
Limnesiidae

F
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If a significant result was obtained for group comparisons, pair-wise comparisons were
performed. Estimates of components of variance were also noted for each variable. All
community data were square-root transformed prior to the calculation of Bray–Curtis
resemblance matrices, and therefore analyses, to reduce the influence of dominant taxa.
For the Wheatley River natural experiment (summer 2014), invertebrate
community data were visualized using PCoA, and the contributions of each species to the
Bray–Curtis similarity index were compared using SIMPER. Community data were
analyzed using PERMANOVA but with sampling time and mat type as the factors of
interest. Initial analysis resulted in a negative estimate for the component of variation and
a large p-value (p = 0.855) for sampling time indicating no effect of sample time on
species patterns. As per Underwood (1997) and Anderson, Gorley and Clarke (2008) this
term was pooled with the nested term for mat type and sampling time. If main effects
were significant, they were again examined using pair-wise comparisons. Comparison
was only possible when both mat types were present which occurred in four of the six
sampling times. Group average hierarchical CLUSTER analysis coupled with similarity
profile routine (SIMPROF) were used to explore how the community responded to the
hypoxic event (Clarke and Gorley, 2006).
To assess the impact of hypoxia on invertebrate abundances on submerged and
floating mats animals incapable of moving to floating mats of their own volition were
eliminated from the community. Thus, the following “epibenthic” taxa for this analysis
included only: amphipods, (Gammarus mucronatus Say, 1818, G. oceanicus Segerstråle,
1947, G. lawrencianus Bousfield, 1956 (Bousfield, 1973), Corophiidae, Ampithoidae
(Bousfield, 1973)), an isopod: (Jaera sp. (Pavia, Carr and Aberg, 1999)) and larval
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chironomid flies: (Chironomini and Orthocladiinae (Merritt, Cummins and Berg, 2008)).
To assess the response of epibenthic taxa to hypoxia, taxa from both years and all sites,
were analyzed separately from benthic fauna. Thus, if all epibenthic animals were on
floating mats they would make up 100% of the total population, if epibenthic animals
were equally divided between mat types then they would be 50% of the total population.
Specifically, the percentage of epibenthic taxa on floating mats, relative to the total
number of epibenthic animals from both mat types, was calculated and regressed against
the number of hours that were hypoxic (<2 mg/L) over the 48 h preceding sampling. A
first order equation was selected to model the relationship between the percentage of
epibenthic invertebrates on floating mats and hypoxia. This function was chosen over
other common asymptotic functions as it could incorporate zero hypoxia values without
further transformation. As occupancy cannot exceed 100%, the asymptote was forced to
100% as follows:

% invertebrates on floating mats = % at zero hypoxia + ( 100 - % at zero hypoxia) x
(1 – e(-ko x Hypoxic hours))

where ko is a constant describing the rate of migration with hypoxic hours. Non-linear
curve fitting was performed using STATISTICA V.12 using the Quasi–Newton
estimation method with the standard loss function (Observed-Predicted)2.
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5.4

Results

5.4.1

Occupation of submerged and floating mats
Over all sampling times, years, and locations, floating Ulva spp. mats were

present (63% of time/place observations overall). Sites visited at times outside the regular
sampling regime indicated that the increased presence of floating mats coincided with
hypoxia (summer months), in comparison to spring or fall (M. Coffin, pers. obs.).
Macroinvertebrate communities were statistically distinct between submerged mats
(n = 65) and floating mats (n = 41) though with considerable overlap when visualized
using PCoA (Figure 5.2 and Table 5.3). Hydrobid snails and the amphipod Gammarus
mucronatus were both at highest abundances on submerged mats but also contributed
most to the similarity within floating mats, but in reverse order (Table 5.4). Submerged
mats had greater incidence of benthic fauna (e.g., gastropods, bivalves and polychaetes)
whereas other taxa such as insects were typically found on floating mats (Table
5.2 and Table 5.4). Ephydridae larvae, that are typical of salt marshes and feed on
decomposing algae (Foote, 1995), were found on the floating mats at all sites except Mill
River, which was only sampled once (Table 5.1 and Table 5.2). Chironomid larvae that
are often found in estuaries (Norkko, Bonsdorff and Norkko, 2000) were found on both
submerged and floating mats except in Montague where they were only found on floating
mats (Table 5.2). Dissimilarity between mat types was driven by both the higher
abundances found on submerged mats and unique species that were only found on
floating mats (Table 5.2 and Table 5.4), although dominant species were generally
present in both mat types (Table 5.4).
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Figure 5.2 - Ordination of invertebrate community data for floating and submerged mats from all
sites. Principal Coordinate Ordination for the floating mat survey, seven estuaries discriminated by
mat type. Each circle is the Bray-Curtis similarity from a sample, squareroot transformed, sampling
times and sites are not distinguished here. Vector length corresponds to the magnitude of the
coefficient, which in linear combination with the other variables makes up the axis. The cutoff for this
correlation coefficient was set to r <0.35.
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Table 5.3 - Statistical analyses (PERMANOVAs) for community data. PERMANOVAs were performed on Bray-Curtis distances, abundances
were square-root transformed prior to analysis, for invertebrate communities sampled in the (1) Mat Survey and (2) Natural Experiment.
For the former, ‘‘Site’’ and ‘‘Mat Type (Site)’’ were random factors. For the Natural Experiment, ‘‘Time’’ and ‘‘Mat Type (Time)’’ were
pooled (see ‘Data analysis’).

PERMANOVA
Source
1. Mat Survey
(2013)

2. Natural
Experiment
(2014)

df

SS

MS

Pseudo-F

p

Estimate of
Components of
variation
23.029

Site

6

69836

11639

2.7734

0.008

Mat Type (Site)
Residuals
Total
Mat Type (Time)

7
92
105
9

29923
71116
1.81 e-5
32280

4274.7
773

5.5301

0.001

22.089
27.803

3586.7

8.9028

0.001

25.234

Residuals
Total

40
49

16115
48395

402.88

20.072

1. No two sites were significantly different, at each site floating ≠ submerged mats
2. At each time floating ≠ submerged mats
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Table 5.4 – List of species which contribute most to the Bray-Curtis dissimilarity matrices for the 2013 Mat Survey and the 2014 Natural
Experiment. Top ten taxa contributing to the similarity within and dissimilarity between floating and submerged mats (SIMPER analysis)
for (1) the Mat Survey and (2) the Natural Experiment. Taxa shown in bold type indicate those whose highest average abundances
(individuals/g) occurred in the mat type shown (abundances are back-transformed from the square-root data).

Floating Mats
Avg. similarity within floating mats = 35.98%
Taxon
Mat Survey
(2013)

G. mucronatus

Average
Abundance
1.21

Contribution
%
34.7

Hydrobiidae

1.32

G. lawrencianus
Corophiidae

Submerged Mats
Avg. similarity within submerged mats = 36.95%
Taxon

Contrasting Taxa:
Avg. dissimilarity between mat
types = 67.86%
Taxon
Contribution
%
G. lawrencianus
14.56

Hydrobiidae

Average
Abundance
2.53

Contribution
%
36.94

31.7

G. mucronatus

2.07

25.51

Hydrobiidae

13.99

3.1

21.17

G. lawrencianus

2.16

15.1

G. mucronatus

8.12

0.19

7.1

Corophiidae

0.69

7.4

Corophiidae

6.20

Mytilidae

0.03

1.4

M.arenaria

0.1

2.92

Littorina spp

3.2

Orthocladiinae

0.01

1.0

N. obsoletus

0.06

2.67

Mytilidae

2.65

L. obtusata

0.02

0.57

L. obtusata

0.14

2.24

Cerithiidae

2.28

Nereidae

0.01

0.51

Cerithiidae

0.09

1.79

M. arenaria

2.23

G. oceanicus

<0.001

0.21

Mytillidae

0.14

1.26

N. obsoletus

1.98

Ephydridae

<0.001

0.21

Chironmini

0.09

1.1

G. oceanicus

1.91

149

Floating Mats
Avg. similarity within floating mats = 58.62%
Taxon
Natural
Experiment
(2014)

G. mucronatus

Average
Abundance
5.24

Contribution
%
34.95

Hydrobiidae

6.65

L. obtusata

Submerged Mats
Avg. similarity within submerged mats = 58.50%
Taxon

Contrasting Taxa:
Avg. dissimilarity between mat
types = 53.38%
Taxon
Contribution
%
L. obtusata
20.63

L. obtusata

Average
Abundance
10.76

Contribution
%
39.86

32.81

Hydrobiidae

4.93

24.85

G. mucronatus

16.51

2.86

17.45

G. lawrencianus

2.34

12.2

Hydrobiidae

16.26

G. lawrencianus

0.92

11.05

G. mucronatus

0.41

7.1

G. lawrencianus

11.62

Nereidae

0.02

1.08

Cerithiidae

0.74

5.57

Cerithiidae

7.39

Corophiidae

0.01

0.42

Pyramidellidae

0.19

4.13

Pyramidellidae

4.37

Nitidulidae

0.01

0.17

Jaera sp.

0.23

2.21

Jaera sp.

4.32

Jaera sp.

0.01

0.16

Chironomini

0.03

1.04

Corophiidae

2.50

N. obsoletus

<0.001

0.06

G. oceanicus

0.04

0.71

G. oceanicus

2.25

Pyramidellidae

<0.001

0.02

N. obsoletus

0.01

0.67

Nereidae

1.83
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5.4.2

Community response to anoxia
In the Wheatley River (2014), dissolved oxygen concentration was high during

the first sampling period and then was anoxic for 113 consecutive hours prior to the
second sampling period. Qualitative examination of the epibenthic taxa showed
submerged mat abundances started high, decreased during anoxia and over the
subsequent two weeks and eventually increased upon return to pre-anoxic levels in the
last two weeks (Figure 5.3). As with the 2013 mat survey data, the invertebrate
communities found on submerged and floating mats in the Wheatley River in 2014
appeared distinct (Figure 5.4). Multivariate analysis of the Bray–Curtis resemblance
matrix using PERMANOVA again supports the ordination with mat types being
significantly different from one another (Table 5.3), i.e., the floating mat community is
distinct from the submerged mat community.
Littorinid and hydrobid snails contributed most to the similarity within submerged
samples and the amphipod G. mucronatus and hydrobid snails contributed most within
floating samples (Table 5.4). Differences between mat types were driven by those same
species but also G. lawrencianus, Cerithiidae, Pyramidellidae, and Jaera sp. (Table 5.4).
As with the mat surveys, various arthropod species were periodically found on floating
mats including some arthropods that are generally associated with terrestrial habitats,
including Curculionidae (true weevils or snout beetles), Nitidulidae (sap beetles),
Vespidae (wasps) and Salticidae (jumping spiders; Table 5.2).
Two main groups emerged using CLUSTER analysis on the Bray–Curtis
resemblance matrix differentiated by sampling time and mat type (Figure 5.4). One large
group consisted of most of the floating mats and submerged mats from the two weeks
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Figure 5.3 - Hourly dissolved oxygen concentration (mg/L) with epibenthic
invertebrates on floating and submerged mats. Hourly dissolved oxygen
concentration (mg/L) represented as the green line. On each sampling date are
the average number of epibenthic taxa (±1 S.E.) of five replicates for either
submerged (red circles) or floating (black circles) mats.
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Figure 5.4 - Ordination of invertebrate community data for floating and
submerged mats from Wheatley River. Principal Coordinate Ordination for the
2014 Natural Experiment in Wheatley River, discriminated by mat type. Each
filled circle is the Bray-Curtis similarity from a sample, square-root transformed,
and statistically significant groups encircled according to a CLUSTER analysis at
60% similarity. Vector length corresponds to the magnitude of the coefficient,
which in linear combination with the other variables makes up the axis. The
cutoff for this correlation coefficient was set to r <0.5.
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after anoxia, another group was comprised of only floating mats, and a group including
submerged mats from the first and last two sampling times. Groups were significantly
different from one another beyond 60% similarity using SIMPROF tests (Figure 5.4).
Generally, submerged samples impacted by anoxia had reduced abundances and diversity
whereas floating mats, regardless of dissolved oxygen concentration, had some
epibenthic taxa and fewer benthic invertebrates (Figure 5.4 and Table 5.4).
5.4.3

Epibenthic taxa and anoxia
The percentage of epibenthic animals on floating mats, relative to total epibenthic

animal abundances, increased exponentially to an asymptote near 100% with the number
of hours that were hypoxic in the 48 h preceding sampling (r2 = 0.72; Figure 5.5).
However, this relationship was largely driven by the three sampling events preceded by
more than 35 h of hypoxia where the vast majority of individuals were found on floating
mats (Figure 5.5). Conversely, the percentage of individuals on floating mats during
normoxic conditions was closer to those found on submerged mats, with values below 50
meaning that there were a relatively greater number of individuals on submerged mats.
These findings support initial observations where amphipods swam more and aggregated
on floating mats during periods of hypoxia/anoxia.
In the Wheatley River natural experiment (2014) the abundance of epibenthic taxa
on submerged mats declined during an anoxic event and did not recover until two weeks
after (Figure 5.3). By contrast, abundance on floating mats showed no such decline
immediately after the hypoxic event. Unfortunately, no floating mats occurred for the
subsequent two weeks (July 7 and 14) so the persistence of these greater numbers on the
floating mats could not be measured.
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Figure 5.5 - Non-linear regression for the percentage of epibenthic taxa on
floating mats versus the number of hours that were hypoxic in the 48 h preceding
sampling. Data (2013 and 2014) were fit using a first order rate equation but
forced to an asymptote at 100% (equation and r2 on figure). An error with the
dissolved oxygen logger in Murray River forced the exclusion of those data.
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5.5

Discussion
In eutrophic estuaries, ephemeral algal mats and associated epiphytes provide the

primary source of structural habitat and are a significant food source for fauna. The
results presented herein suggest that floating vegetative mats may also play a key role in
mitigating the impact of sustained anoxia on invertebrate communities in estuaries. The
invertebrate community on floating mats was distinct from submerged mats. Epibenthic
taxa were prevalent in both habitats and were used to assess the effect of dissolved
oxygen on mat occupancy. Although the percentage of epibenthic taxa found on floating
mats was quite variable under normoxic conditions, there was a positive relationship
between the duration of hypoxia and the percentage of epibenthic taxa on floating mats.
More frequent monitoring of the invertebrate community at a single site detected
evidence of a population crash; this observation coincided with sustained anoxia,
followed by a gradual return to the pre-anoxia community after three weeks.
Free-floating ephemeral algal mats can be formed from many different algal
species and have been observed in nutrient-impacted estuaries and coastal systems
around the world (Duarte, 1995; Valiela et al., 1997; Raffaelli, Raven and Poole,
1998; Hemminga and Duarte, 2000; Burkholder, Tomasko and Touchette, 2007).
While Ulva spp. mats are slightly negatively buoyant (Merceron and Morand, 2004), two
mechanisms that may bring them to the water’s surface, transitioning from submerged to
floating mats, are: (1) turbulence from rising or falling tides which is capable of raising
submerged mats from near the substrate to the surface in shallow systems; and (2) gases,
such as hydrogen sulfide, carbon dioxide or methane associated with decomposition
(Roden and Tuttle, 1992), and/or oxygen from photosynthesis which propel submerged
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mats to the surface. When floating, additional tidal forces from the superficial freshwater
layer, and/or wind forcing, may lead to greater movement and longer float times
(Hammann and Zimmer, 2014).
The relationship between algal mats and macroinvertebrates has been wellstudied. In areas lacking vegetation like mud or sand-flats, algal mats are structural
habitat, a food source, and cover from predators (Ince et al., 2007; Bishop, Coleman and
Kelaher, 2010). However, in all habitats, negative impacts emerge when primary
production outstrips herbivory leading to a build-up of decomposing organic matter and
hypoxia, ultimately eliminating habitat and decreasing faunal abundance (Berezina,
2008; Arroyo et al., 2012). Like in this study, systems where macroalgae like Ulva spp.
dominate are characterized by long water residence time and placid waters such as the
inner portions of microtidal estuaries, coastal lagoons and embayments (Orth et al.,
2006; Short et al., 2006; Burkholder, Tomasko and Touchette, 2007). Consequently,
submerged Ulva spp. mats are not generally considered as a dispersal method for
invertebrate fauna. Vertical distribution of macroinvertebrates on submerged mats in
shallow estuaries has been studied however (Salovius and Bonsdorff, 2004; Salovius,
Nyqvist and Bonsdorff, 2005), although not frequently. Salovius, Nyqvist and Bonsdorff
(2005) found a greater incidence of fauna more associated with sediment on algal mats
closer to the substrate than higher in the water column, but they did not study mats on the
water’s surface explicitly.
For fauna occupying a floating mat, algal or otherwise, there are some inherent
risks. In summer, water temperature increases with height in the water column, salinity is
typically lower than near bottom, and other physicochemical parameters are more
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variable (Valiela, 1995). Predation risk is known to decrease with increasing habitat
complexity (Russo, 1987; Gehrels et al., 2016) and may also decrease in hypoxic habitats
that predators cannot tolerate (Nestlerode and Diaz, 1998). Floating mats are generally
smaller and less dense than submerged mats but it is unknown if/how this affects
predation risk (Marklund, Blindow and Hargeby, 2001). Furthermore, the fish that might
prey upon the macroinvertebrates inhabiting floating mats may not risk feeding higher in
the water column to avoid attack by aquatic and avian predators.
The lack of information on floating Ulva spp. mats is not surprising as they are
not common in all systems and, to our knowledge, not considered rafts. Reviews of taxa
that raft in marine systems by Thiel and co-authors (Thiel and Gutow, 2005; Thiel and
Haye, 2006) provide excellent examples of the prevalence and the evolutionary and
dispersal implications of rafting in general. It has been demonstrated that species, such as
amphipods, frequently found on eelgrass wrack are also found on floating Ulva spp. mats
(Thiel and Gutow, 2005; Thiel and Haye, 2006; Vandendriessche, Vincx and Degraer,
2006). Thus, as seagrass is displaced by macroalgae floating seagrass wrack may also be
functionally replaced by ephemeral algal mats at the water’s surface. Whether seagrass or
algae, wrack is a critical component of dune and beach habitat for fauna (Ince et al.,
2007; Olabarria, Lastra and Garrido, 2007; MacMillan and Quijón, 2012). Given global
declines in seagrass coverage, it is plausible that macroalgae mats could help mitigate the
effects of reduced wrack in those habitats as well.
The mechanism through which epibenthic macro-invertebrates get to floating
mats remains unclear but two possibilities are likely: (1) hypoxic or anoxic conditions
elicit a swimming response to acquire oxygen near the surface (Haselmair et al., 2010);
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and/or (2) taxa on submerged mats that become floating mats stay there during hypoxia.
In either case it appears that epibenthic taxa, at least, benefit from the occurrence of
floating mats during hypoxia.
There are many examples of refugia in both terrestrial and aquatic ecosystems
(Keppel et al., 2012), but they are typically temporally and spatially stable and
encompass larger scale areas. In the Berg River Estuary, a hydrogen sulfide “black tide”
from the decomposition of algae, created anoxic conditions throughout the majority of
the estuary leading to massive fish mortality (Lamberth, Branch and Clark, 2010).
However, the authors noted that some fish capable of tolerating more variable
physicochemical conditions were able to avoid the “black tide” by entering the refugium
of the upper estuary (Lamberth, Branch and Clark, 2010). The upper portions of nutrientimpacted PEI estuaries are actually the reverse, with more frequent and sustained hypoxia
than exists in either the outer estuary or upstream freshwater areas (Bugden et al., 2014).
In these areas, complete mortality of infauna from anoxia, and presumably hydrogen
sulfide, has been observed at some of our study sites but impacts did not extend beyond
the upper estuary (M Coffin, pers. obs., 2013). The present study indicates that hypoxia
must be sustained for at least one day before significant impacts are observed, but it is
unclear where the thresholds for duration, severity and the spatial extent of hypoxia lie
(see Haselmair et al., 2010). Perhaps due to the intensity and frequency of anoxic events
at most of our study sites, there were fewer hypoxia sensitive species excepting the
epibenthic taxa which are all crustaceans. Thus, only relatively mobile or hypoxia
tolerant animals were ever sampled in this study. This differs from the results
of Tweedley et al. (2016) that showed a shift in the community from hypoxia sensitive to
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hypoxia tolerant species, i.e., a loss of crustaceans and relative increase of annelids, after
storm-induced hypoxia.
Typically dissolved oxygen is lowest near the substrate (Valiela, 1995), where the
majority of animals live, so occupying rising or floating mats will result in exposure to
higher dissolved oxygen concentration. Being higher in the water column is not the only
advantage, however, as these mats move either upstream or downstream depending on
the prevailing winds and currents. Thus, there are two clear advantages of occupying
floating mats: higher dissolved oxygen concentration at the water’s surface, and the
potential to be relocated to a less affected area. Therefore, any opportunity for fauna to
escape the affected area would be expected to have positive implications for recovery.
Interestingly, the Wheatley River invertebrate community appeared to recover
from the 2014 hypoxia/anoxia event after five weeks. The abundance of fauna on floating
mats during this event was much less variable than were numbers on submerged mats.
These data suggested that, although variable, some members of the invertebrate
community can persist on floating mats despite water-column hypoxia. Furthermore, the
implication is that epibenthic taxa may not exhibit a preference for floating mats during
hypoxia, but those already on mats are still able to escape by chance.
It is unclear what happens to the submerged mat community during sustained
hypoxia. Certain benthic taxa such as gastropods, bivalves and polychaetes are relatively
resilient to low oxygen (Miller, Poucher and Coiro, 2002; Riedel et al., 2014), and their
densities were found to be similar across sampling times and hypoxic conditions. The
presence of epibenthic taxa on floating mats and not on submerged mats during hypoxia
might be explained by mortality, emigration or some combination of both. However, we
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have no evidence for the first possibility, as dead invertebrates were never found in the
submerged mats during sampling. Observations in the field did suggest that amphipods
swam more during periods of oxygen stress but overall animal abundances did not
increase as expected on the floating mats. Regardless, the community seemed to recover
after a relatively short period of time. For gammarid amphipods, sampling frequency was
shorter than the duration of embryonic development in the brood pouch had there been
reproduction (Steele and Steele, 1974) and no significant growth (Vassallo and Steele,
1980) was observed. Although not measured explicitly, gammarids appeared to be from
the same cohort, indicating that the affected area was repopulated via immigration and
not internal dynamics. It is likely that the majority of animals that re-colonize the
unoccupied/impacted area do so through typical dispersal means, but they may be
supplemented by invertebrates occupying floating algal mats (Highsmith, 1985; Arroyo,
Aarnio and Bonsdorff, 2006; Lamberth, Branch and Clark, 2010). There is limited
evidence that some of the floating mats sampled were from outer or upper estuary
locations relative to the sampling area. A few species of small snails, Bittium sp.
and Astyris lunata common in seagrass that only occurs downstream in these estuaries,
and Hydrophilidae beetles, that are more typical of fresh or brackish water, were found in
our collections from floating mats (Barnes, 1994). Additionally, terrestrial taxa may be
found on originally submerged mats at low tide (if the tide is low enough to expose the
submerged mat to the surface), as indicated by terrestrial sap beetles (Nitidulidae) found
in submerged mat collections.
Eutrophication negatively affects estuarine habitat, altering its structure and
overall ecosystem quality (Duarte, 1995; Valiela et al., 1997). However, this study
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indicates that the impact of the most severe symptoms of eutrophication, the loss of
seagrass habitat and hypoxia, may be somewhat mitigated by the algae that cause them.
Algae provide some of the ecosystem services provided by seagrasses and seagrass
wrack. Most significantly, some animals can escape hypoxia/anoxia and, possibly, return
via floating mats. Overall, any acceleration of community recovery is important for
mitigating the otherwise negative effects of hypoxia. Further research is needed to
elucidate the degree to which floating mats act as refugia and if they are a significant
mechanism for community recovery after sustained hypoxia.
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Appendix Data File 5.1: The accompanying Excel spreadsheet contains the full species
list for every site, collection date and mat type (submerged of floating). For each species
the number is the individuals per g dry mass (DM) of Ulva spp. (i.e., individuals/g).

Filename: Appendix5.1_Coffin2019.xlsx
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6.

Chapter 6 – General Discussion

6.1

Impetus for work
This dissertation investigates cumulative impacts of estuarine eutrophication in the

southern Gulf of St. Lawrence, Canada. The first reports identifying nitrogen as the
limiting nutrient in coastal systems was made in the early 1970s, with evidence primarily
from the Atlantic coast of the United States of America (Howarth and Marino, 2006).
Since, declines in seagrass coverage, an indicator of estuarine health (Short et al., 2006),
have been observed all around the world at ever increasing rates (Short and WyllieEcheverria, 1996), including in the southern Gulf of St. Lawrence (DFO, 2009).
Although improvements to wastewater treatment and an overall increase in public
awareness regarding nutrient inputs to waterways have occurred, aquatic habitats
continue to be degraded and nutrient inputs have generally increased. Consequently,
algae have begun to dominate many estuarine and coastal systems and the occurrence of
hypoxia is now common.
In Prince Edward Island, where land-use is intensely agricultural, anoxic events
were first observed in the upper regions of some estuaries prior to the 1980s with both the
frequency and number of anoxic estuaries increasing through the 1990s until the 2000s, at
which point annual, intermittent, seasonal anoxia has become a regularity (Bruce
Raymond, Department of Communities, Land and Environment, Climate Change and
Environment Water and Air Monitoring, PE, pers. comm.). During most of this period
there was infrequent monitoring and anoxic events records were based on reports from
the public, and usually verified by government staff. Some level of periodic monitoring
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has only been employed over the past decade.
Enormous quantities of nitrogen are entering watersheds every year and impacts are
no longer restricted to the uppermost areas of estuaries as was seen in previous decades
(Lotze et al., 2006). Impacts from eutrophication have degraded water quality in highly
trafficked recreational and tourist areas as well as negatively impacting recreational and
commercial fisheries through loss of habitat. Some uncertainty remains if, or how,
nutrients are impacting the Northumberland Strait but recent evidence suggests that it is
being impacted as well via both areas of low dissolved oxygen and high chlorophyll a
values, > 6 µg/L (Debertin et al., 2018). Taken together, the level of concern for southern
Gulf of St. Lawrence coastal ecosystems is rising. This dissertation, in conjunction with
other research projects affiliated with the Northumberland Strait Environmental
Monitoring Partnership, represents the first attempt to develop a regional monitoring
framework that quantitatively links land-based activity to impacts in the estuary (van den
Heuvel et al., 2017). This dissertation investigated the overarching hypothesis that highfrequency measurements of dissolved oxygen constitute an effective indicator of nutrient
impact in estuaries of the southern Gulf of St. Lawrence, Canada and that these oxygen
impacts would be apparent in the invertebrate community. In addition to advancing the
field of estuarine ecology, this research informs the development of an estuarine regional
monitoring program.

6.2

Thesis Summary
The monitoring of upper estuary dissolved oxygen generated four metrics I

believe are useful in monitoring eutrophication: oxygen variability, hypoxia and
superoxia cumulative duration, plus a metric that combined hypoxic and superoxic
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duration into a ‘eutrophic’ metric. Hypoxia and dissolved oxygen variability were best
predicted by water residence time and the eutrophic metric by both water residence time
and nitrate-N loading. By contrast, chlorophyll metrics were not well correlated and total
nitrogen loading was a good predictor for all metrics but not as good as nitrate-N loading.
Therefore, dissolved oxygen monitoring for eutrophication may be an ideal endpoint for
the creation of simple models across regional scales. However, as this work was only
conducted in the upper estuary, it does not inform our understanding of how the temporal
severity of hypoxia relates to spatial severity in the estuary. Depth profiles for dissolved
oxygen throughout the estuary combined with the deployment of multiple loggers in the
in the upper and mid-point of the estuary supported the hypothesis that impacts occurred
on a gradient declining with distance from the upper estuary. The dissolved oxygen
logger data revealed that while impacts often extended beyond the upper estuary they did
not always occur concurrently, with concurrence strength changing over the season; local
conditions strongly influence hypoxia at a given location.
Given the strong differences in oxygen concentration patterns among estuaries, I
hypothesized that invertebrate communities would also differ. However, examination of
dissolved oxygen and invertebrate linkages was confounded as the plants Z. marina and
Ulva spp. predominate in less impacted and highly nutrient impacted estuaries,
respectively and those two habitats differed in invertebrate communities. Therefore,
invertebrate communities could also differ based on structural habitat differences in the
two vegetation types, making it difficult to separate responses to oxygen availability.
Invertebrate communities were relatively stable throughout the summer for both
vegetation types, except in Ulva spp. habitat where sustained hypoxia (< 2mg/L)
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occurred. There was a strong negative correlation between anoxia, 48 h prior to sampling,
and relative abundances of crustaceans and a positive correlation with the relative
abundances of snails. The negative correlation between crustaceans and hypoxia was
partially explained through sampling of floating and submerged Ulva mats which
revealed that floating mats act as refugia for epibenthic macroinvertebrates during
hypoxic events. The invertebrate community on submerged mats remained depressed for
weeks after an anoxic event whereas the community on floating mats appeared to be
unaffected by anoxia.

6.3

Implications
Ultimately, the impetus for the research reported in this dissertation was

deteriorating conditions in southern Gulf of St. Lawrence estuaries, particularly eelgrass
decline (DFO, 2009), changes to the associated faunal community and the occurrence of
anoxic events in upper estuaries of Prince Edward Island. A recurring theme is that
eutrophication impacts are most severe in the upper estuary and decrease with distance
from the upper estuary. It is intuitive that the area where nutrients are first available, and
where water residence time is longest, will be most impacted. However, approaching
estuary eutrophication in this manner is surprisingly rare for ecological studies. A
common simplifying assumption is that the estuary is well-mixed and that the nutrient
load will affect the entire estuary. The implicit assumption, therefore, is that impacts will
be similar throughout the estuary and severity of impact will not vary spatially. For
systems that receive nutrients primarily from atmospheric deposition or other diffuse
sources this assumption may be partially valid, although differences in water residence
time will still lead to differences in nutrient variability within an estuary, and the
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importation of oxygen into the estuary. For systems that receive nutrients mostly from
freshwater streams or rivers, this assumption is clearly false as nutrients are first
available, and consumed, in the upper estuary and thus nutrient supply is reduced in the
outer estuary. There appears to be a disconnect between nutrient-specific research, which
consistently accounts for gradients in nutrient uptake, and ecological work that often fails
to examine estuarine spatial gradients. Thus, studies that attempt to detect this reduced
nutrient signal in the outer estuary, via impacts on flora and fauna, run the risk of
misinterpreting their results as other stressors or natural gradients (most frequently
salinity) and unrelated processes may be the source of the differences they observe.
A recent study also tested for a spatial gradient of nutrient effects by examining
several common indicators of nutrient enrichment for seagrass within and among
estuaries of the southern Gulf of St. Lawrence region. Within-estuary variability far
exceeded variability between estuaries regardless of nutrient load, and salinity was a
significant correlate of this variation (Hitchcock et al., 2017). Like the spatial work on
dissolved oxygen presented here, that study demonstrated that where you measure in an
estuary is as important as what you measure. In small to medium-sized estuaries of New
England, similar to those found in the southern Gulf of St. Lawrence, there was strong
evidence that nitrogen loading directly affected eelgrass extent when above a critical
threshold (Latimer and Rego, 2010). More recently in the southern Gulf of St. Lawrence,
work by van den Heuvel et al., (in review), found corroborating evidence that eelgrass
absence from areas of apparently suitable habitat in the upper estuary is linked to high
nitrate-N loading. These results suggested that when evaluating nutrient impact between
systems it may be more effective to compare percent coverage of suitable habitat than
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other metrics of health. It is understandably difficult to account for variable impacts
across large spatial scales. Indeed, the degree that estuaries vary with respect to
hydrodynamics, bathymetry, salinity, temperature regime, etc., make these
standardizations necessary. In essence it is simply essential to account for spatial and
temporal gradients of abiotic and biotic variables when comparing between estuaries.

6.4

Applications and conclusions
Despite some success sampling the macroinvertebrate community, dissolved

oxygen was logistically simpler and vastly superior as an indicator for monitoring
eutrophication in the southern Gulf of St. Lawrence. Indeed, estuaries could be
distinguished through the use of only a few dissolved oxygen metrics and they were also
well predicted by nitrate-N loading and water residence time. Improvements to our
predictors, specifically refining the tidal prism model used to calculate water residence
time and incorporating internal nutrient flux and ecosystem processes, may increase
predictive capacity, but overall the correlation was strong and thus the existing model is
highly useful. Therefore, dissolved oxygen monitoring metrics for eutrophication are an
ideal endpoint for the creation of simple models across regional scales and the model(s)
identified in this study are sufficiently predictive to inform managers considering impacts
in hundreds of small- to medium-sized watersheds (see Table 6.1).
The intention was to develop a monitoring framework for the southern Gulf of St.
Lawrence that is cost effective and scientifically rigorous. While dissolved oxygen is not
a “silver bullet” for all stressors, it works very well for nutrient-related impacts. It does
not, however, reflect impacts caused by sediments (Henderson and Hacker, 2015; Newell
and Koch, 2004) or contaminants (Cloern, 2001; Kennish et al., 2014) that can be
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considerable and certainly more severe in combination with nutrient impacts (e.g.,
Alexander et al., 2013). Nevertheless, the methodology for dissolved oxygen monitoring
developed herein is considered sufficiently promising that it is presently being
implemented by the Department of Fisheries and Oceans (DFO), specifically for the
Marine Environmental Quality program (Diane Amirault-Langlais, Senior Oceans
Biologist Marine Environmental Qaulity, pers. comm.), and by the PEI Department of
Communities, Land and Environment.
Eutrophication of PEI, and more recently NB, estuaries is what initiated this
project. It’s clear that reducing nutrient loading will eventually reduce symptoms of
eutrophication. However, the timescale for the elimination of effects from accumulated
nutrients may be unpalatable for decision makers (Van Meter et al., 2018; Van Meter and
Basu, 2015). The model created in this dissertation provides an estimate of the degree
that nutrient loading would need to be reduced to meet certain oxygen targets (see Table
6.1 for a demonstration of its utility for managers). Unfortunately, this does not make
management decisions easier as nutrient reduction to some estuaries would significantly
hamper existing agricultural practices, i.e., approximately 40% of total land-use is in
agriculture with the majority of that in potato production (Jiang and Somers, 2009). Thus,
the only solution is to find other high value crops (other than potatoes) that do not impact
estuaries, or substantially change nutrient management practices (i.e., elimination of fall
ploughing and/or planting of winter cover crops), potentially including new potato
varieties requiring a lower nutrient demand (Zebarth et al., 2015). Alternatively,
economic considerations with respect to potato agriculture may be more influential than
any management action as maintenance of the status quo is unlikely in light of changes to
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climate and a greater emphasis on green/organic produce. Despite these hurdles it is
imperative for managers to have easy to understand and scientifically rigourous models
with which to guide and support their decisions.
Like many problems caused by anthropogenic activities, solutions are often
hampered less by understanding of causes and solutions than by political and economic
considerations. For example, the state of many PEI estuaries is critically eutrophic with
regular anoxic events and annual mortality of invertebrates and fishes (C. Crane,
Department of Communities, Land and Environment, PE, pers. comm.). Undoubtedly,
inputs from agriculture account for the majority of nutrients into island estuaries
(Grizard, 2013; Jiang et al., 2015) but demonstrations of direct nutrient-related impacts
have thus far been poorly quantified and on smaller fisheries, e.g. newspaper reports of
American eel mortality from anoxic events (McCarthy, 2015) and loss of eastern oyster
habitat. The link between eelgrass and economically important fisheries is often cited as a
reason to preserve eelgrass but the relationship is not necessarily linear and can be
difficult for managers to quantify (Jackson et al., 2001). Hopefully the research in this
thesis has improved our understanding of small- to medium-sized estuaries on the
Atlantic coastline and most specifically for the southern Gulf of St. Lawrence. I sincerely
hope that the conclusions drawn from this research will spur management action to
prevent further deterioration of these ecosystems. The pathways of effect and the
solutions required to mitigate them are understood, it is solely a matter of taking action.

6.5

Future research
Water residence time and nitrate-N loading proved to be effective predictors of

dissolved oxygen in the upper estuary. However, to improve predictive capacity for
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dissolved oxygen there are three main areas that could be improved immediately, albeit
requiring substantial effort: 1) replace water residence time estimates derived from tidal
prism models with estimates from hydrodynamic models to understand spatial variability
2) account for internal nutrient loading via benthic flux of nutrients, 3) incorporate
nutrients other than nitrate, e.g., phosphorus and carbon which can both be co-limiting
where a switch from autotrophy to heterotrophy occurs. These three areas for
improvement are discussed in the subsequent paragraphs.
Development of a hydrodynamic model(s) whereby water residence time can be
calculated for any area of the estuary would enhance our ability to predict effects
spatially and to determine areas that are at risk of nutrient impact. These, with
supplemental data, may even result in the ability to calculate a whole estuary oxygen
budget. Obviously, there are a variety of other uses for developing hydrodynamic models
for estuaries, e.g. to trace the path of contaminants, calculate carrying capacity, for
predicting impacts from weather events and sea level rise, etc. However, finding expert
modellers to create and then validate hydrodynamic models is perhaps more limiting than
the effort and cost of collecting data. Regardless, it may be prudent for watershed groups
and government agencies to begin collecting these data immediately.
Similarly, determining benthic flux of nutrients throughout estuaries, spatiotemporally, would require an incredible amount of effort at the regional scale. Yet, I
would hypothesize that for some of our study estuaries the internal nutrient load might be
a larger source of nutrients than the annual load from freshwater. If that is the case, then
water residence time, which had a strong correlation with low oxygen, might also be
correlated with internal nutrient availability.
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Finally, incorporating the role of other nutrients into the model, which may be
significant, presents its own challenges. This dissertation benefitted immensely from the
work of the provincial government of Prince Edward Island which developed a nitrogen
loading model based on land-use (Bugden et al., 2014; Jiang et al., 2004; Jiang et al.,
2015). However, there is a surprising lack of information for virtually any other nutrients
which are also potentially limiting, e.g., carbon or phosphorus (Paerl et al., 2014; Ruesink
et al., 2015). Any improvements to our predictive model would be of benefit, however
the amount of effort required and the cost that effort may preclude these improvements in
the near future. For now this may not be necessary given the strong relationship already
established.
The practicality of monitoring the macroinvertebrate community for
eutrophication was dismissed at present based on available resources and practicality, but
further research should be conducted to determine causation for declines in abundance of
invertebrates during/after anoxia. First, it should be determined if fauna are dying or are
emigrating. If declines are from mortality it is important to determine the cause of deaths,
specifically if invertebrates are dying from a lack of oxygen, high concentration of
hydrogen sulfide produced by sulfate reducing anaerobic bacteria or through the reducing
environment that occurs during anoxia, or from pathogenic bacteria. The relative
sensitivities of fauna to these stressors vary significantly. Oxygen sensitivity has been
discussed at some length (Vaquer-Sunyer and Duarte, 2008) but hydrogen sulfide
conversely has only been mentioned in passing (Vaquer-Sunyer and Duarte, 2010). A
study by Babarro and de Zwaan (2008) found that in mussels the primary cause of
mortality under anoxic conditions was not from anoxia, nor hydrogen sulfide but by
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pathogenic bacteria causing tissue necrosis. Tolerance to low-oxygen and hydrogen
sulfide should be high in benthic animals as estuarine sediments are prone to both,
especially if eutrophic (Hemminga and Duarte, 2000; Rathnayake et al., 2017). As
conditions deteriorate poorly adapted animals would be more impacted. In any case,
managing for eutrophication will reduce the occurrence for all three pathways of effect as
anaerobic conditions are a precursor to hydrogen sulfide development and the
proliferation of anaerobic bacteria.
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Table 6.1 - Application of the model from Chapter 2, Figure 2.5B using the dissolved
oxygen metric “Eutrophic Time” (percentage of time that was <4 mg/L and >10
mg/L). Note that estuaries requiring more than a 90% reduction are highlighted in
grey.
Water
Residence (d)

Nitrate-N
kg/ha/yr

Nitrate-N
loading target

% Reduction

Bideford

2.13

1.42

1.42

0

Bouctouche

1.16

1.71

1.71

0

Dunk

0.76

312.49

28.18

91

Enmore

0.56

5.83

5.83

0

Kildare

3.49

49.56

1.21

98

Kouchibouguac

1.37

6.37

6.37

0

Mill

2.72

118.80

2.95

98

Montague

2.17

175.63

5.25

97

Souris

1.85

49.12

7.94

84

Stanley

3.8

42.47

0.00

100

Tatamagouche

0.35

52.41

45.71

13

Tryon

0.24

214.72

51.29

76

West

0.82

29.92

26.55

11

Wheatley

1.74

148.99

9.12

94

Wilmot

0.73

427.19

29.44

93

Site

*Note that the Nitrate-N loading data have been updated based on data collected in 2018. PEI loadings
were not affected but NB and NS estuaries had all been over-estimating loadings in the previous iteration.
Using these new data the model was re-run and improved from an adjusted R2 = 0.55, p = 0.0034 to an
adjusted R2 = 0.63, p = 0.0010).

184

